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Abstract

Bitumen extraction in Alberta’s oil sands region generates large volumes of oil
sands process-affected waters (OSPW) that pose environmental and human health
risks. Currently, few feasible options for managing these large and growing volumes of
polluted waters exist. The primary objective of this research is to investigate the
feasibility, effectiveness, and safety of treatment wetlands as a treatment option for the
oil sands industry. To do this, a mechanistic model of the fate and toxicity of OSPW
contaminants in treatments wetlands was developed and tested in field studies at the
Kearl Treatment Wetland — a free water surface flow wetland in northern Alberta.
Measuring concentrations of polycyclic aromatic hydrocarbons (PAHs) and naphthenic
acids (NAs) in influent and effluent of the Kearl Treatment Wetland showed that the
combined total mass of all detected PAHs and NA reduced by 54 to 83% and 7.5 to
69%, respectively, as a result of treatment. Concentrations of PAHs and NAs in the
aqueous phase of the wetland were measured using polyethylene (PE) and Polar
Organic Chemical Integrative Samplers (POCIS), respectively. The model is shown to be
in good agreement with the experimental observations and required only minimal
calibration. Application of the model shows that evapotranspiration is not likely to
significantly contribute to the removal of OSPW contaminants. Chemical removal relies
mainly on transformation in wetland rooting media due to high microbial activity in
wetland biofilm. Higher rates of transformation result in greater removal efficiencies for
most chemicals. However, highly hydrophobic substances experience low removal
efficiencies and appear to be unaffected by changes in transformation rates in the
wetland suggesting wetland treatment is not suitable for these substances. Treatment
efficiency is sensitive to wetland surface area and flow rate of water through the wetland
suggesting intentional wetland design and operation can improve treatment efficiency.

Trade-offs in wetland design and operation can be informed by the model.

Keywords: treatment wetlands; oil sands process-affected water; passive sampling;

contaminant-fate; environmental modelling
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Chapter 1. Oil sands process-affected water in the
Alberta Oil Sands industry

The Alberta oil sands cover an area of 142,200 km? in northern Alberta, Canada,
and contain proven oil reserves of 165.4 billion barrels — placing Canada third among
largest oil reserves in the world (Government of Alberta, 2020a). These oil sands
reserves contain crude oil in the form of bitumen — a black viscous mixture of high
molecular weight hydrocarbons. Bitumen typically contains more sulphur, metals, and
heavy hydrocarbons than conventional crude oil, and needs to be heated or diluted with
lighter hydrocarbons to be transported by pipeline (Alberta Energy Regulator, 2020a). In
2018, the average production of raw bitumen in Alberta exceeded 3 million barrels per
day (Alberta Energy Regulator, 2020b) with current projections of 4.25 million barrels per
day by 2035 (Canadian Association of Petroleum Producers, 2019). The development of
industry operations has provided substantial contributions to Canada’s economy,
amounting to $3.2 billion in provincial royalties in the 2018-19 fiscal year (Government of
Alberta, 2020b). While these economic contributions have been considerable, the scale
and growth of the industry has exposed major issues in environmental sustainability.
One area of environmental concern is the management and treatment of oil sands

process-affected water (OSPW), a waste product from bitumen extraction.

1.1. Oil sands process-affected water

Oil sands process-affected water is created from water-based gravity separation
where bitumen is stripped from the mined bitumen-rich subsurface materials (Oil Sands
Magazine, 2020a). This method of bitumen extraction mixes oil sands, freshwater,
recycled wastewater, and caustic agents to produce a wet slurry where bitumen froth is
formed, then separated from OSPW. OSPW remains as a complex mixture of solids
(sand, silt, and clay), dissolved organic and inorganic chemicals, and unrecovered

bitumen (Holowenko et al., 2002).

Bitumen extraction in the oil sands from surface mining operations requires an
average of 2.6 barrels of new water for every one barrel of bitumen produced. As a
result, over 990 million m® of water has been consumed by the industry and deposited in

tailings ponds, covering an area greater than 250 km? (Alberta Energy Regulator,



2020b). These tailings ponds are a risk to wildlife and create a significant liability for oil
sands companies. In 2010, Syncrude was fined $3 million for the deaths of more than
1,600 ducks that landed on an Aurora North oil sands mine tailings ponds (Jones, 2010).
In that same year, more than 550 birds died after landing on tailings ponds belonging to
Syncrude and Suncor Energy (Wakefield, 2017). And in 2015, Syncrude was fined more
than $2.7 million for the deaths of 31 great blue herons after they landed in a tailings
pond at the Mildred Lake mine (Thurton, 2017).

The toxicity of OSPW is largely attributed to a group of complex petrogenic
chemicals called naphthenic acids (Armstrong et al., 2008; Marentette et al., 2015;
Bartlett et al., 2017). Naphthenic acids (NAs) are surfactants consisting of a mixture of
saturated aliphatic, cyclic and alkyl-substituted carboxylic acids. The toxicity of OSPW
has also been attributed to neutral organic contaminants such as polycyclic aromatic
hydrocarbons (PAHSs; Collier et al., 2013; Alharbi et al., 2016; Li et al., 2017). NAs and
PAHs are nearly ubiquitous in OSPW, and therefore remain a priority in the efforts to
treat OSPW. However, this has remained a difficult wastewater challenge for the
industry. Effective treatment solutions have not been fully realized, to date. In part, this is
because of the considerable volume of OSPW that is generated, which contains
concentrations of NAs and PAHSs that are known to elicit acute toxicity in wildlife.
Effective treatment technologies are needed to better manage this OSPW and mitigate
the environmental risks in oil sands resource development. Without these treatment
technologies, there are concerns over the industry’s long-term sustainability. To move
forward, the industry must implement technologies to remediate OSPW, reduce demand

on freshwater resources, and contribute to efforts in tailings reclamation.

1.2. Policy framework for OSPW management

OSPW management is organized under a broad multilateral policy framework.
Under Canadian federal legislation, chemicals in OSPW were evaluated for their
potential to cause harm to human health and the environment. Under Alberta provincial
legislation, a set of comprehensive statutory enactments, regulations, directives, regional
plans, and management frameworks direct industry operators to develop strategies that

continue to improve environmental protections while maintaining economic growth.



1.2.1. Federal legislation

The Canadian Environmental Protection Act offers fundamental legislation in
Canada’s pursuit of sustainable development (Canadian Environmental Protection Act,
1999). Under CEPA (1999), the federal government aims to prevent pollution, and
protect the environment and human health, in part, by regulating toxic substances in
Canada. As defined by CEPA (1999, s. 64), a substance is considered “toxic” if it is
entering or may enter the environment in a quantity or concentration or under conditions
that:

a) have or may have an immediate or long-term harmful effect
on the environment or its biological diversity;

b) constitute or may constitute a danger to the environment on
which life depends; or

c) constitute or may constitute a danger in Canada to human
life or health.

Substances that meet these criteria are referred to as CEPA-toxic. Naphthenic
acids (NAs) and polycyclic aromatic hydrocarbons (PAHs) have both been evaluated
through a screening level assessment to investigate their potential for CEPA-toxicity.
However, these assessments do not properly express the risks of NAs and PAHSs in
OSPW. The screening level assessment of NAs concluded that commercial NAs did not
meet the criteria for CEPA-toxicity. NAs originating from bitumen extraction were not
included in this assessment despite being the primary source of NAs in the environment.
Therefore, this screening assessment does not reflect the true measure of toxicity for

NAs produced in Canada.

The screening level assessment of PAHs concludes that these substances
qualify as CEPA-toxic due to their ubiquity in the environment from both natural and
anthropogenic sources. PAHs meet the criteria in CEPA (1999) s. 64(a) due their
neoplastic, genotoxic, and population-level effects observed at PAH-contaminated sites,
and 64(c) because certain PAHs are classified as “probably carcinogenic to humans”.
However, this screening assessment mainly considers PAHSs released into the
environment through incidental spills and does not explicitly reference PAHs in OSPW

produced during bitumen extraction and detained in tailings ponds. Therefore, this



screening assessment may not truly reflect the toxicity and risk of PAHs produced during

regular operations in Alberta’s oil sands region.

The overall toxicity of the main organic chemicals of concern in OSPW is
therefore not thoroughly nor explicitly assessed under CEPA (1999). However, there are
clear indications of the environmental risk of OSPW related to these chemicals. Firstly,
the volume of OSPW produced from bitumen extraction presents adverse risks to wildlife
including, but not limited to, migratory birds that confuse these areas with safe ecological
havens. The toxicity of NAs and PAHs has been demonstrated in several toxicity tests
with OSPW for a variety of biota (Li et al., 2017). The level of toxicity of OSPW, and the
liability of tailings ponds for industry operators demonstrates the need to treat OSPW as
CEPA-toxic. The development and implementation of treatment technologies is critical to
mitigate the risks of OSPW and reduce the potential for CEPA-toxicity in Canada.
Provincial policies aim to advance new and existing treatment technologies such as

treatment wetlands.

1.2.2. Provincial legislation

Energy projects in Alberta are governed by a total of 11 provincial statutory
enactments. Among them are the Environmental Protection and Enhancement Act
(2000), Water Act (2000), and Oil Sands Conservation Act (2000) which directly govern
OSPW management. These legislative provisions are the basis for several policies,
management frameworks, and directives that guide oil sands resource development in
Alberta.

Table 1-1: Policy framework for the management of OSPW in the Alberta oil
sands region.

Statutes Policy, action plan ~ Outcome
Water withdrawal Restrict the volume of
Water Act limits freshwater consumed for

s bitumen extraction activities.

3 Zero-discharge policy Prevent the release of OSPW

< Environmental Protection into the environment.

g and Enhancement Act Tailings Management  Set limits of the volume of

o Framework tailings for oil sands operators.

E: ;?:r':g:vgﬂrs Nagement et imits for accumulated

@&  Oil Sands Conservation Act volume of tailings for oil sands
Directive 085 operators.




The primary mechanisms currently in place to regulate the management of
OSPW in the Alberta oil sands are: 1) a restriction to freshwater consumption under
regulations set forward through the Water Act (2000), 2) a zero-discharge policy
implemented under the Environmental Protection and Enhancement Act (2000), and 3) a
Tailings Management Framework for the Mineable Athabasca Oil Sands to limit tailings
accumulation (Government of Alberta, 2015), implemented mainly under the Oil Sands
Conservation Act (2000) and Environmental Protection and Enhancement Act (2000). To
restrict freshwater consumption, daily water withdrawal limits are enforced to ensure that
industry withdrawals do not exceed 3% of Athabasca River flow, which is the main
source of freshwater for the industry (Oil Sands Magazine, 2020b). The zero-discharge
policy applies to all OSPW produced throughout the industry to prevent the unwarranted
release of OSPW into the environment. The Tailings Management Framework was
created as part of the Lower Athabasca Regional Plan (LARP; Government of Alberta,
2012). LARP integrates a series of management frameworks to guide resource
development in the Lower Athabasca Region — the epicentre for oil sands development
in Alberta. The Tailings Management Framework and subsequent Directive 085 (Fluid
Tailings Management for Oil Sands Mining Projects; Alberta Energy Regulator, 2016)
sets volume triggers and limits for fluid tailings (i.e. OSPW) production for industry

operators.

These policy tools mainly serve to protect the environment but have also helped
to drive innovation in OSPW treatment technologies to improve OSPW recycling, reduce
freshwater demand, reduce tailings volumes, and mitigate environmental risks of tailings
ponds. Therefore, this policy framework supports an increase in oil production as long as
OSPW management aligns with the restrictions, policies, and directives outlined above.
Therefore, oil sands companies are searching for technologies that may help to

remediate OSPW such as treatment wetlands.

1.3. Treatment wetlands for OSPW remediation

Nature based solutions have been defined in European Commission (2015) as
actions that aim to help societies address a variety of environmental, social, and
economic challenges in sustainable ways. These actions are inspired by, supported by,
or copied from nature (European Commission, 2015 p. 5; Nesshover et al., 2017).

Treatment wetlands are nature based solutions for wastewater treatment. They are



constructed, artificial ecosystems that use natural biogeochemistry to remove pollutants

from wastewater.

Treatment wetland systems are often grouped into three hydrologic flow regimes:
1) free water surface (FWS) wetlands are artificial streams that have an open surface
water column with emergent vegetation planted in saturated rooting media, 2) horizontal
and 3) vertical subsurface flow (SSF) wetlands are aquifer-like designs that permit the
flow of water (horizontally or vertically) through coarse-grained medium. FWS wetlands
often contain a mix of submerged, emergent, and floating vegetation, whereas SSF
designs contain emergent vegetation rooted in the coarse-grained media and therefore
only the roots are exposed to water flowing through the interstitial space in the wetland
substrate. While many variations and combinations of these wetland designs exist, all
treatment wetland systems rely on complex biogeochemical mechanisms for pollutant
removal. These mechanisms include processes such as sorption, evapotranspiration,
and biodegradation by wetland microbes and vegetation. The capacity for wastewater
treatment stems from the complex symbiosis between wetland vegetation and microbes,
and the resilience of the microbial community to degrade contaminants under a variety
of environmental conditions (Kadlec and Wallace, 2009). The application of treatment
wetlands attempts to harness this complex biogeochemistry to create a feasible and

effective treatment technology for industrial wastewaters.

Treatment wetlands are recognized as a viable treatment technology in a number
of different industrial applications including agricultural runoff (e.g. Page et al. 2010),
mine wastewater (e.g. Batty and Younger, 2004), municipal and domestic wastewater
(e.g. Toscano et al., 2009), leachate (e.g. Sim et al., 2013), and petroleum refinery
process water (e.g. Knight et al., 1999). Some prominent treatment wetlands currently in
operation: include the Lorong Halus Treatment Wetland and the Nimr Treatment
Wetland. The Lorong Halus Treatment Wetland is a HSSF wetland in Singapore that
treats landfill leachate (Sim et al., 2013). The Nimr Treatment Wetland is the world’s
largest FWS wetland that treats wastewater produced from oil extraction in Oman
(“Bauer to build biggest wetland.” 2017).

In all treatment wetlands, there are variations in design and operation, but each
are constructed as nature based solutions for wastewater treatment. In the Alberta Oil

Sands region, treatment wetlands may help to increase water recycling for bitumen



extraction, mitigate the environmental risks of tailings ponds, and permit the safe release
of OSPW into the environment. Ultimately, treatment wetlands may help to foster further
transition into a greener economy — a necessary direction for the long-term sustainability

of the industry.

1.4. Adaptive management of OSPW

The oil sands industry operates under a policy framework that continuously
evolves to adapt to growing industry operations, new guidelines, and technological
dynamism. Adaptive management has become an attractive strategy for regulatory
agencies and industry associations to operate effectively within this complex and
dynamic landscape. For example, adaptive management has been integrated into the
Lower Athabasca Regional Plan and Tailings Management Framework, and the
Canadian Oil Sands Innovation Alliance (COSIA) cites adaptive management practices
extensively in their policy documents. In the Kearl Oil Sands Project application to the
Alberta Energy and Ultility Board, adaptive management was cited as a method to deal
with uncertainties, and to monitor, assess, and respond to cumulative effects on the

environment from industry operations.

The National Research Council (2004) provides one of the most widely accepted

definitions of adaptive management, which states that:

Adaptive management [is a process that] promotes flexible decision
making that can be adjusted in the face of uncertainties as outcomes from
management actions and other events become better understood. Careful
monitoring of these outcomes both advances scientific understanding and
helps adjust policies or operations as part of an iterative learning process.
Many formal definitions of adaptive management are available throughout the
literature (e.g. Williams and Johnson, 1995; Allen et al., 2001; Bormann et al., 2007;
Williams, 2011); however, all definitions consistently revolve around major themes of
reducing uncertainty, iterative learning, learning-while-doing, and monitoring and
assessment. While this definition encompasses these major themes, it lacks full

recognition of the learning process involved in adaptive management.

In practice, adaptive management follows an iterative learning process that

involves monitoring the impacts from an action plan or management decision, then



assessing the outcomes with the goal to develop a stronger knowledge-base for setting
new action plans (Figure 1-1). The simplicity of Figure 1-1 reflects the versatility of
adaptive management, and its potential for application in many areas of resource and
environmental management. The iterative learning process contained therein is
fundamental to the success of adaptive management. It is important to stress that
adaptive management is not merely a trial and error process for decision-making, but
rather a deliberate management strategy with a formalized learning process. For the
development of new and emerging technologies such as treatment wetlands and

application to OSPW, this learning process often takes a model-oriented approach.

\ /

Assessment

Figure 1-1: Adaptive management cycle

Models are used to synthesize our understanding of an environmental system to
explore the impacts from changes in management and environmental factors (Williams,
2011). In this way, a model-oriented approach reduces uncertainty in the outcomes from
management actions by providing a tool to simulate various scenarios. This improves
decision-making, increases accessibility to new information, and formalizes the learning
process. As these informed management actions are implemented, the environmental
system is monitored to assess the impacts of these actions, formulate new management
actions that reduce undesirable effects, and enhance intended consequences. For
treatment wetlands, this involves field studies to collect data on wetland performance.
This data is used to inform the model, and new management actions can be evaluated
through model simulations, hence completing one full cycle of adaptive management.
This science helps inform policy and management while contributing to our
understanding of the feasibility, effectiveness, and safety of treatment wetlands for the

oil sands industry.



1.5. Research objectives

The research presented here is an investigation into treatment wetlands as a
nature-based solution for the remediation and management of OSPW. This research
expands on existing science behind treatment wetlands, while offering a unique
application to the oil sands industry in Alberta, Canada. Ultimately, this work intends to
discover which chemicals treatment wetlands can efficiently remove from OSPW, and
which chemicals treatment wetlands cannot. This investigation combines field-based
measurements of wetland treatment of OSPW with modelling exercises to understand
the fate of contaminants in these environmental systems. This work explores how
design, operation, and environmental conditions influence wetland treatment
performance. The primary focus of this research is to investigate whether treatment
wetlands are a feasible and effective option for the safe removal of oil sands
related contaminants. The following specific objectives outline the major themes

presented in each research chapter:

Chapter 2: Design and develop a modelling approach for the fate of organic
chemicals in treatment wetlands that can be used to estimate the
efficiency of wetland treatment of organic contaminants under
varying wetland designs and environmental conditions using data

from the Lorong Halus Treatment Wetland.

Chapter 3: Measure the removal efficiency of polycyclic aromatic hydrocarbons

in the Kearl Treatment Wetland.

Chapter 4: Measure the removal efficiency of naphthenic acids in the Kearl

Treatment Wetland.

Chapter 5:  Apply, test, evaluate, and calibrate the treatment wetland model for

neutral and polar organic chemicals in OSPW.

Chapter 6: Assess the application of treatment wetlands for OSPW treatment.

To achieve these objectives, a series of investigations were performed to develop a
treatment wetland modelling approach, quantify the removal of organic contaminants in
treatment wetlands, and test and evaluate a robust treatment wetland model for both

neutral and polar organic chemicals.



Chapter two (published as a peer-reviewed paper in Water Research; Cancelli et
al., 2019) reports on the development of a modelling approach for assessing the fate of
contaminants within treatment wetland environments using data collected from the
Lorong Halus Treatment Wetland in Singapore. The contaminant-fate model for
hydrophobic organic contaminants in a subsurface flow treatment wetland is presented.
This work is based on the modelling approaches described in Mackay et al. (1983)
(Quantitative Water-Air-Sediment Interaction (QWASI) model), Mackay (2001) (Level | -
IV fugacity models), Gobas (1993) (food-web model), Clark et al. (1995) (Sewage
Treatment Plant (STP) model), Arnot and Gobas (2004) (AQUAWEB — Food Web
Bioaccumulation model). This chapter was critical to understanding contaminant fate
within wetland environments, the roles of wetland biogeochemical processes on
chemical removal, and the importance of environmental conditions and design
parameters on wetland performance. Data from this chapter were used to inform the
operation and experimental design of the Kearl Treatment Wetland studied in the
proceeding chapters. Moreover, this work provided an opportunity to develop a model for

some of the same contaminants that you find in OSPW.

Chapters three and four present data collected between 2017 and 2019 from the
Kearl Treatment Wetland in northern Alberta, Canada. The observations from this
constructed wetland provides a unique element to this research, as no other studies
have been completed on a full-scale (1 ha) constructed treatment wetland within the
Alberta oil sands region. These chapters focus on the quantification of chemical
concentrations of polycyclic aromatic hydrocarbons and naphthenic acids in OSPW
entering the wetland, and the removal efficiency of those contaminants within the
wetland. Data collection occurred through aqueous grab sampling of wetland water and
through passive sampling techniques. This data demonstrates the treatment of OSPW
under a variety of environmental conditions. The effects of these environmental

conditions on treatment efficiency are discussed.

Chapter five builds upon the modelling approach developed in Chapter two, and
incorporates new data collected in Chapters three and four to create a robust treatment
wetland model for neutral and polar organic chemicals. The model is constructed to help
evaluate the application of treatment wetlands for the oil sands industry. The
functionality of the model allows for further assessment of the effects of wetland design

and operation on chemical removal. The model provides industry operators with a tool to

10



assess the feasibility of treatment wetlands for their specific wastewater treatment

needs.

The final component to this study aims to synthesize the preceding chapters and
address broad management questions on how treatment wetlands integrate within the oil
sands industry. Chapter six is intended to inform decision-makers on the efficacy of

treatment wetlands.
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Chapter 2. Development and evaluation of a
mechanistic model to assess the fate and removal
efficiency of hydrophobic organic contaminants in
horizontal subsurface flow treatment wetlands

Publication reference: Cancelli, A. M., Gobas, F. A. P. C., Qian, W., Kelly, B. C. (2019).
Development and evaluation of a mechanistic model to assess the fate and removal

efficiency of hydrophobic organic contaminants in horizontal subsurface flow treatment
wetlands. Water Research, 151, 183-192. https://doi.org/10.1016/j.watres.2018.12.020

Alexander M. Cancelli constructed, tested, and calibrated the model, wrote modelling

code in Microsoft Excel VBA, performed the sensitivity analysis, and wrote the paper.

21. Summary

A mechanistic model for assessing the fate and removal efficiency of
hydrophobic organic contaminants in horizontal subsurface flow treatment wetlands was
developed and evaluated using empirical concentration data from Singapore’s Lorong
Halus Treatment Wetland. This treatment wetland consists of a series of horizontal
subsurface flow reed beds. The model, calibrated for the Lorong Halus Treatment
Wetland, provided an adequate description of the concentrations of nine neutral organic
substances in water, rhizomes and emergent vegetation in the wetland. The model was
applied to investigate the sensitivity of the contaminant removal efficiency to
environmental conditions and physicochemical properties of contaminants that enter the
wetland. The water-budget of the wetland was found to exhibit an important influence on
both the mass-removal efficiency and reduction of contaminant concentrations that can
be achieved through wetland treatment. The model illustrated that removal pathways of
organic contaminants in the wetland varied as a function of the properties of the
contaminants. The mass-removal efficiency of the treatment wetland was greatest for
chemicals with a log Kow between 3.0 and 5.0 and log Kaw > -1.0. Removal of
contaminants through volatilization was found to be greatest for substances with a log
Kow between 3 and 5 and log Kaw > 0. Transpiration flux in vegetation was found to be
most important for substances with a log Kow of 4.5 — 5.5 and log Kaw of -5.0 — 0.0.

Biotransformation rates of the contaminants in the wetland media play a crucial role in
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the removal of contaminants from wastewater. The model provides a tool for assessing
the removal capacity of treatment wetlands for neutral organic contaminants and
evaluating trade-offs in the design and operation of a horizontal subsurface flow

treatment wetland.

2.2. Introduction

Treatment wetlands are constructed, artificial ecosystems designed to harness
the natural biogeochemistry of wetlands for reclamation and remediation services. These
systems have emerged as a viable solution to various wastewater challenges, including
municipal and domestic wastewater (e.g. Toscano et al., 2009), minewater (e.g. Batty
and Younger, 2004), agricultural runoff (e.g. Page et al., 2010), industrial wastewater
(e.g. Lin et al., 2005), and leachate (e.g. Sim et al., 2013). In these applications,
treatment wetland systems have demonstrated their ability to reclaim and remediate soil,
groundwater, and surface water with their complex symbiosis between microorganisms,
vegetation, and rooting media (U.S. EPA, 2000; Reddy and DelLaune, 2008; Kadlec and
Wallace, 2009).

Models have also been developed and applied to entire constructed wetland
systems to assess specific criteria such as hydraulic characteristics throughout the
system (Chazarenc et al., 2003; Garcia et al., 2004), changes to biochemical oxygen
demand or chemical oxygen demand of the wastewater (Chen et al, 1999; Wynn and
Liehr, 2001), and nutrient cycling (Mayo and Bigambo, 2005). Many of these models
incorporate reactive transport dynamics based on the first-order k-C approach which
represents conventional first-order removal (Kadlec and Knight, 1996). The Constructed
Wetland 2-D model (Langergraber, 2001) is a well-developed treatment wetland model
designed to estimate the biochemical transformation and degradation of organic matter,
nitrogen, and phosphorus species in subsurface flow treatment wetlands, using
numerical modelling. This multifaceted model performs well for bulk influent and effluent
properties but does not provide partitioning and concentration estimates for specific
chemicals and does not include vegetation-mediated processes of contaminant removal

such as evapotranspiration.

Several models have been developed to describe the biogeochemical

mechanisms controlling the fate of pollutants within wetlands. Models that describe the
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uptake and fate of non-ionic organic substances in wetland vegetation often use ratios of
chemical concentrations in the plant compartment of interest (e.g. shoots, roots, xylem
sap) to those in the exposure medium, (soil, pore water, hydroponic solution). These
concentration ratios are generally referred to as bioconcentration factors (BCFs) but
have also been named for their specific plant tissue compartment such as root
concentration factor (RCF; Briggs et al., 1983, Topp et al, 1986), stem concentration
factor (SCF; Mackay and Gschwend, 2000; Trapp, 2002), or transpiration-stream (xylem
sap) concentration factor (TSCF; Trapp and Mathies, 1995; Rein et al., 2011). Empirical
correlations between BCF and certain physicochemical properties such as the octanol-
water partition coefficient (Kow) have been used to estimate plant tissue concentrations
from concentrations of contaminants dissolved in porewater (Gobas et al., 1991). The
BCFs and their correlations with physicochemical properties have been used in support
of various chemical management strategies around the world (e.g. Environment Canada,
1995; EUSES, 2012).

Industries that face wastewater challenges need decision tools that can
demonstrate the potential for a treatment wetland system to meet water quality
objectives (e.g. CCME, 1999; AEP, 1995; ESRD, 2014), while considering trade-offs in
their design and operation. There is a current need to develop mechanistic models that
can effectively predict the fate and removal efficiency of hydrophobic organic
contaminants in treatment wetlands. These models can be useful tools for evaluating the
feasibility and design of treatment wetlands for contaminant- and site-specific industrial

applications.

The present study involves the development and evaluation of a mechanistic
model to assess the fate and removal efficiency of non-ionising hydrophobic organic
contaminants in horizontal subsurface flow treatment wetlands. The developed model is
designed to estimate contaminant removal efficiencies based on the dynamics of plant
uptake, intermedia transport, sorption, and transformation. The ultimate goal of the
model is to understand how to safely and effectively implement treatment wetlands
under a variety of environmental conditions and treatment scenarios. The model is
applied to a large-scale treatment wetland in Singapore, the Lorong Halus Treatment
Wetland (LHTW). The model is evaluated using concentration data from a recent field
investigation of hydrophobic organic contaminants in different compartments of this

treatment wetland (Wang and Kelly, 2017). We further provide an assessment of the
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behaviour, merits, and limitations of the model, and the results of a sensitivity analysis to

better understand the influence of various model parameters.

2.3. Model Theory

Treatment wetland systems are grouped into three hydrologic flow regimes: i)
Free water surface (FWS) wetlands which are artificial streams that have an open
surface water column with emergent vegetation planted in saturated rooting media, ii)
Horizontal (H-) and iii) Vertical (V-) subsurface flow (SSF) wetlands which are aquifer-
like designs that permit the flow of water (horizontally or vertically) through a coarse-
grained medium (Kadlec and Knight, 1996; Figure 2-1). Singapore’s Lorong Halus
Treatment Wetland is a horizontal subsurface flow wetland design. Information from the
Lorong Halus Treatment Wetland provides an opportunity to evaluate the performance of

this type of treatment wetland.

For the present modelling study of hydrophobic organic contaminants in
treatment wetlands, we utilized an environmental modelling approach that has been
developed and used by many authors including: Mackay et al. (1983) (Quantitative
Water-Air-Sediment Interaction (QWASI) model), Mackay (2001) (Level | - IV fugacity
models), Gobas (1993) (food-web model), Clark et al. (1995) (Sewage Treatment Plant
(STP) model), Arnot and Gobas (2004) (AQUAWEB - Food Web Bioaccumulation

model), and others.

2.3.1. Model Design

The objective of the model is to describe the behavior of hydrophobic organic
contaminants in treatment wetlands. The evaluative components of the wetland
environment consist of water (W), rhizome vegetation (Rh), and emergent vegetation
(EV). Water that enters the treatment wetland environment flows through the pore space
of the rooting medium gravel (i.e. horizontal subsurface flow). Chemicals enter the
rhizomes through diffusion from water, and xylem transport carries the chemical through
to the emergent fraction of the vegetation where transpiration may occur. Figure 2-1
provides a conceptual diagram of the wetland and illustrates these transformation and

intermedia transport processes for each of the three modelled wetland compartments.
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These processes are described in terms of first-order kinetics in mass balance

equations:
dl:_tw = My, + Krn-w * Mrn— (kwrh + Kv + Ko + kwt) * Mw Eq. 2-1
% = kw-rnh * Mw - (Krn-w + Krn-ev + Kgrnt) * MRrn Eq. 2-2
dl:fv = Kkrnev * Mrnh— (Kev-air + Kevt + Kevg) * Mev Eq. 2-3

where M is the mass (g) of contaminant, t is time (days), k represents the rate constant
(day™) for each transport and transformation process (Table 2-1). The contaminant
loading (rh;,, g/day) into the wetland occurs via inflowing wastewater and is the product
of the inflow rate (Qin, L/day) and individual chemical concentration (Cin, g/L). The model
is programmed to run a Euler-type numerical integration to derive the time-course of
contaminant concentrations in the compartments of the treatment wetland. This solution
is useful to assess the response of the wetland to contaminant loading as it approaches
steady-state, and for pulse-loading scenarios to assess the distribution of chemicals over
time. The model is also solved for a system at steady-state (dMi/dt = 0). This solution of
the model is useful to assess the long-term capacity for reclamation and remediation

services.

Table 2-1: Description of parameters in Eqgs. 2-1, 2-2, and 2-3.

Symbol Units  Description

ko day! Outflow

kv day! Volatilization

Kw-Rn day! Water to rhizome vegetation diffusion
Krn-w day! Rhizome vegetation to water diffusion
Krn-Ev day’ Rhizome vegetation to emergent vegetation transport
Kev-air day! Emergent vegetation to air transport
Kevg day! Growth dilution, emergent vegetation
Kt day! Transformation in water

KRnt day! Transformation in rhizome vegetation
Kewt day! Transformation in emergent vegetation
Mi g Mass of contaminant in media i

m;, g/day  Contaminant loading into the wetland

t day Time

Diffusion of contaminants from water to rhizomes is described by a “two-film

diffusion model” developed by Whitman (1923). This approach uses mass transfer
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coefficients (m/day) that represent the diffusion rates of chemicals between two different

media based on the fugacity gradient between those media.

Transpiration UV degradation
Accumulation
Accumulation v V4 % & Storage
& Storage | - g — "
NI 7 A\
i Xylem flow  Transpiration

Tt

Xylem transport to

emergent vegetation | Plant-enzyme

N\

.‘,".1 ' metabolism
Water — rhizome [ /A . N
diffusion H J
. Microbial degradation T T T
k Xylem flow

Microbial degradation

Figure 2-1: Conceptual diagram of the horizontal subsurface flow treatment
wetland model. Solid arrows represent transport processes of the
chemical in wetland media. Dashed arrows represent transformation
processes (chemical, physical, or biological). The effect of
vegetation growth on the concentration of the chemical in plants is

not shown.

Rhizome to emergent vegetation (Rh—EV) contaminant transport follows the
approach outlined in Trapp and Matthies (1995) to derive krn-ev for contaminants with a

log Kow greater than 2.5, such that:

Qxylem TSCF =
KRrh-gv = le - dbwp and; Eq. 2-4
[_(logKOW—3.O7)2] Eq. 2-5
TSCF = 0.7 - e 2.78

where Qux (m®/day) is the xylem flow rate through the vegetation’s xylem tubules, TSCF
is the transpiration-stream concentrations factor and represents the BCF between the
xylem sap and pore water around the rhizomes (i.e. Cyyiem/Cuwater), Vw (m?) is the volume

of water in the void-space of the substrate, and ¢y is the fraction of freely dissolved
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contaminant in the porewater. A complete list of model equations is available in the

Supplementary Information.

Treatment wetland efficiency is characterized in terms of the mass-loading
removal (EL) and concentration-reduction (Ec). E. is estimated from the contaminant

mass flux entering (influent, m;,) and leaving (effluent, m,,;) the wetland:
EL=1— (thgy / my,) Eq. 2-6

Ec is estimated from the reduction in the aqueous concentration of the chemical between

the influent wastewater and treated effluent:
Ec=1-(Cout/ Cin) Eq. 2-7

EL and Ec are functions of all input parameters (N = 42), and therefore respond to
changes in the configuration and characteristics of the wetland system. Since mg,; is
simply Cout - Ko, EL and Ec are equal when there is equal water inflow and outflow, i.e. no
net change to the water budget. The relationship between removal efficiency and the
configuration and conditions of the wetland is investigated through model

demonstrations and a sensitivity analysis.

2.3.2. Model assumptions and limitations

The model assumes that within each compartment, the chemical is
homogeneously mixed. The substrate gravel is parameterized to have no inherent
sorptive capacity for organics but does offer a surface for suspended sediment
deposition which offers sites for sorption of freely dissolved contaminants in the water.
Contaminant transport from the rhizomes to the emergent vegetation is assumed to
occur principally through xylem flow, while phloem and aerenchyma transport are
considered negligible. Thus, the model is not applicable to describe the fate of gases
such as methane or oxygen, or essential nutrients such as nitrogen and phosphorus. For
our modelling purposes, the atmosphere does not act as a source of contaminant mass,
but only as a contaminant sink. No seasonal or diurnal variability is modelled for the

climatic variables (e.g. temperature, precipitation, evapotranspiration).
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The model accounts for the combined transformation by chemical reactions,
physical degradation, and biological transformation. Chemical transformations result
from reactions with other chemicals within the wetland environment, and physical
transformations may occur from UV-exposure (Fasnacht and Blough, 2002). Biological
transformation (biotransformation) occurs from microbial activity, or enzymatic
degradation within wetland vegetation (rhizomes and emergent vegetation). All
transformation processes are modelled as non-reversible first-order degradation
pathways. Transformation is assumed to act upon the freely dissolved contaminant
fraction in the environmental media whereas particle-bound contaminant fractions are
not subject to transformation (Kickham et al. 2012). Transformation rate constants (k:) in
each medium are first-order rates that can represent both biotic and abiotic

transformation processes in water, rhizomes, and emergent vegetation.

2.4. Methods

The model was parameterized and calibrated for a single reed bed (RB3) of
Singapore’s Lorong Halus Treatment Wetland (LHTW; Table 2-2). The LHTW system
was constructed to treat landfill leachate and includes a pre-treatment system (8,000
m?), five constructed reed beds that run in parallel (total 38,000 m?), and five polishing
ponds (total 13,000 m?). Data on the LHTW configuration and design, including
parameter data for RB3 was obtained from Wang and Kelly (2017) and Sim et al. (2013).

2.4.1. Chemicals

Nine hydrophobic organic contaminants were used for model calibration:
galaxolide, tonalide, pentachlorobenzene, hexachlorobenzene, 1,2,3,4-
tetrachlorobenzene, musk ketone, methyl triclosan, PCB52, and endosulfan sulfate.
These substances were selected from the original data set (86 chemicals) reported by
Wang and Kelly (2017) because they were detected in more than two of three grab
samples in two sampling events (8" October 2015 and 11" February 2016) and
observed concentrations were below each chemical’s aqueous solubility limit.
Concentrations of hexachlorobenzene, 1,2,3,4-tetrachlorobenzene, and endosulfan
sulfate were non-detectable in one of the grab samples and were assumed to equal 50%

of the method detection limit reported by Wang and Kelly (2017). The recurrence of

23



chemicals detected in wetland media indicate that the chemicals have been consistently
present in the influent between sampling events, justifying the use of the steady-state
version of the model. The concentration measurements of these substances in influent
leachate (Cin), effluent (Cout), vegetation rhizome (Crn), and (emergent) vegetation leaves

(Cev) were averaged over the two sampling events for model calibration.

Table 2-2: Model parameters that describe reed bed #3 at the Lorong Halus
Treatment Wetland.

' Parameter Units Value
Surface Area m? 10,000
Depth of rooting medium m 0.8
Rooting medium porosity (Vyoids/Viotal) unitless 0.35
Average grain size of rooting medium mm 40
Aspect ratio of wetland cell (L:W) unitless 41
Average water depth within the rooting medium m 0.65
Water inflow L/day 100,000
Total annual average precipitation mm/year 2330
Total annual average potential evapotranspiration ~ mm/year 2,385

Physicochemical properties were obtained from the EPISuite v4.11 program
(U.S. EPA, 2013), and half-life times for chemical transformations were derived from the
EPISuite v4.11 Biowin model for primary biodegradation (Boethling et al., 1994).
Pentachlorobenzene, hexachlorobenzene, PCB 52, and endosulfan sulfate are
considered to be recalcitrant, and therefore assigned a t12 of 10° days to represent a
negligible rate of transformation in the model. Galaxolide, tonalide, musk ketone, 1,2,3,4-
tetrachlorobenzene, and methyl triclosan are considered biodegradable on the order of
months and were assigned a ti» of 250 days in water, and in the absence of information
on the biotransformation of the chemicals in wetland vegetation, 2,500 days in rhizomes

and emergent vegetation.

2.4.2. Model calibration

To calibrate the model for the LHTW system, the rate constant for contaminant
transport from water-to-rhizome (kw.rn) and rhizome-to-emergent vegetation (krn-ev) was

multiplied by a calibration coefficient B4'°%°" and B2°%°¥ using:

* 1 -
Kiv—rn = kw-gn - By 5" Eq. 2-8
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Kin_gv = Krn-gv - By &°" Eq.2-9
where Kk’ is the calibrated rate constant (day™), Kow is the octanol-water partition
coefficients, and 1 and B2 are the calibration coefficients derived by calibrating the
model to the empirical data. A calibration coefficient equal to one indicates no calibration
of the model. The rationale for the calibration of the rate constants for the transport of
the chemical from water to rhizome and from rhizome to emergent vegetation is that
there is a lack of information on the uptake and elimination kinetics of the test chemicals
in the wetland vegetation. Kow is used in Eq. 2-8 and Eq. 2-9 because it is an important

chemical property that controls the environmental fate of organic chemicals.

2.4.3. Model performance analysis

Model performance was evaluated by comparing empirical concentrations (Cops.)
to the model-estimated concentrations (Cmodel) Of the nine contaminants, using the
concentration of the contaminants in the influent (Ci,) as the external variable. The mean
model bias (MB;) was estimated for each medium for which concentration data were

available (i = water, rhizome, or emergent vegetation) using:

[ Cmodel,j]
In— st
n obs,j

MB; = eZibs o Eq. 2-10
where j represents the individual contaminants (n = 9) used for model calibration and
testing. This method of model performance evaluation assumes that the ratio Crmodel /
Cobs. has a log-normal distribution. An MB; greater than one indicates the model
systematically over-estimates chemical concentrations in media i by a factor equal to the
MB; value. An MB; less than one indicates the model systematically under-estimates
chemical concentrations in media i by a factor equal to the MB; value. An MB; of one
indicates that, on average, empirical observation and model calculations are in
agreement, i.e. minimal model bias. The 95% confidence intervals of MB; represents the
uncertainty in the model calculations. The MB; value and the 95% confidence interval
reflect the combined sum of error in the model calculations, including model
parameterization errors, errors in model structure, and analytical errors and variability in

the empirical data used for model performance analysis.
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The steady-state assumption of the model was assessed by estimating the time
to reach 95% of steady-state (i.e. tos) for each chemical in the three environmental
compartments. tos is estimated as 3-kqep.i, Where Kqep.i is the total depuration rate constant
for environmental compartment i. These estimates were verified with the dynamic (non-
steady-state) version of the model and were used to evaluate whether steady-state

conditions were achievable within the timeline of the two sampling events at the LHTW.

2.4.4. Sensitivity analysis

The model uses 42 state variables (N = 42) for the contaminant fate calculations.
The sensitivity of each of these parameters was evaluated by the effect of each model
parameter on mass removal efficiency (EL), using a method developed by Morris (1991).
This method is useful for determining whether the effect of the input parameter on the
mass-removal efficiency is (a) negligible, (b) linear and additive, or (c) non-linear or
involved in interactions with other parameters (Campolongo and Saltelli, 1997; Saltelli et
al., 2005; Campolongo et al., 2007).

Following the approach outlined in Saltelli et al. (2008), the elementary effects of
parameter i (EEi) were estimated using the mass-removal efficiency as the model output
(Y), such that:

[YXy, X0 oo Xi, X+ 4, o, Xn) =YXy, Xy o, X)) Eq. 2-11
A

EEi =

The parameter values (Xi) are discretized along a 4-level grid (i.e. A = [0, 1/3, 2/3,
1]) such that X; = A [MAX — MIN] + MIN. Additional details on the calculations for EE; are
available in the Supplementary Information. The mean and standard deviation (u and
o) of the elementary effects for each parameter were used to analyze the sensitivity of
the input parameters and demonstrate their effects on E.. pi represents the magnitude
of parameter sensitivity to removal efficiency, and o; represents the degree of

interactions between input parameters.
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2.4.5. Model simulations to assess model behaviour

Two applications of the model were used to evaluate horizontal subsurface flow
treatment wetlands for the removal of various industrial contaminants from wastewater
and to illustrate the merits and limitations of the model. The first application of the model
explores the effects of the water budget on the treatment of specific organic pollutants.
The second application of the model explores removal efficiency, transpiration, and
volatilization of a wide range of contaminants based on their physicochemical properties
and demonstrates the significance of biotransformation in contaminant removal. The

model was parameterized to the Lorong Halus Treatment Wetland (LHTW).
Simulations to assess the influence of the water balance

Discharge rates for RB3 are not available for the individual treatment wetland

cells and therefore the outflow rate was estimated from the steady-state water budget:
Qout = Qin + Qext. = Qer — Qow Eq. 2-12

and

Qext. = Qp + Qrunoff + Qew Eq. 2-13

where Quyt is the flow rate (m®/day) of water leaving the wetland cell, Qi is the water flow
rate entering the cell from the sedimentation tank, Qr represents the rate that water
enters the wetland via precipitation (Qp = P - SAre3), Quunott represents the rate that water
enters the wetland via runoff, Qer is the evapotranspiration rate from the LHTW (Qer =
ET - SArss), and Qqw is the discharge (-) into groundwater or recharge (+) into the
wetland. The sum of Qp, Qunorr, and Qew represent the total input of water from external
sources (i.e. Qext.). Within the wetland, Qex. competes with Qer and Qgew to determine the
water balance. This water balance can be represented by the ratio of Qou/Qin. A Qout/Qin
ratio greater than one indicates that the input from precipitation, runoff, or groundwater
recharge (i.e. Qext.) €xceeds the water loss via evapotranspiration and groundwater
discharge. A Qou/Qin ratio less than one indicates that the total loss of water exceeds
Qext.
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At the LHTW system, runoff and groundwater recharge and discharge are
considered negligible due to the impermeable liners and physical controls. Qin was
estimated from Sim et al. (2013) to be 100,000 L/day of landfill leachate. The LHTW has
an average annual precipitation rate of 2,330 mm/year (Meteorological Service
Singapore, 2015), an estimated evapotranspiration rate of 2,385 mm/year (Penman-
Monteith equation), an estimated outflow rate of 98,500 L/day (Qi» = 100,000 L/day) and
a mean hydraulic retention time (HRT) of 22.7 days (HRT = Vwater/Qout).

Simulations to assess the influence of physicochemical properties

This application of the model explores which chemical substances are efficiently
removed by wetland treatment and which chemical substances are not. A distribution of
Kow (octanol-water partition coefficient) and Kaw (air-water partition coefficient) was
created based on the 3-solubility approach for environmental distribution of organic
chemicals between water, air, and organic media (Mackay, 2001). Kow ranged from 3.0
to 7.0, and Kaw ranged from -8.0 to 4.0 to reflect various organic contaminants that may
enter the treatment wetland. The concentration in the influent was set to 1 ppm. All other
physicochemical properties such as Henry’s law constant (H; Pa-m®mol) and the

organic carbon-water partition coefficient (Koc) were derived from Kow and Kaw.

The roles of Kow and Kaw were evaluated using steady-state model outputs:
volatilization, transpiration, and mass-loading removal efficiency (EL). Volatilization and
transpiration are shown as a percentage of total removal of contaminant mass from the
inflowing wastewater. To highlight the removal via volatilization and transpiration,
biotransformation rates in all media were set to 107'° day™' to represent negligible
biotransformation within the wetland media. Since biotransformation is not easily
estimated based on Kow and Kaw, these rates were applied to the entire domain of Kow
and Kaw. These modelling results represent removal for non-biodegradable (recalcitrant)
contaminants. To explore the effects of biotransformation on wetland treatment, this
model application was repeated with biotransformation rates of 0.01 day™, 0.1 day™, and
0.3 day™.
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2.5. Results and Discussion

2.5.1. Model calibration

Model-estimated concentrations of the test chemicals (n = 9) in water, rhizomes,
and emergent vegetation from the LHTW are shown to be within a factor of three to
observed concentrations (Figure 2-2). The value of the calibration coefficients 3+ and f32
(Eqg. 2-8 and Eq. 2-9) are 0.60 and 1.56, respectively. B1 is less than one which indicates
an over-prediction of water-to-rhizome mass transport by the uncalibrated model,
whereas [z is greater than one indicating the rhizome-to-emergent vegetation mass
transport is under-predicted by the uncalibrated model. These deviations of the model
from the empirical data appear to increase with increasing Kow of the chemical. This
calibration approach lowers contaminant concentrations in the rhizomes and elevates
contaminant mass within the emergent vegetation to better correlate with the observed
data. This suggests that aquatic plants may have a smaller influence on the mass

balance than is apparent from plant-water exchange models.

2.5.2. Model behaviour

Model bias

The resulting mean model bias (MB) and its 95% confidence range in the water,
rhizome, and emergent vegetation is 0.97 (0.41 — 2.24), 1.03 (0.53 — 2.00), and 1.00
(0.27 — 3.71), respectively. The mean model bias of the calibrated model is close to one
for the media investigated, illustrating low systematic bias for the LHTW system based
on the nine test chemicals that are poorly biotransformed. The 95% confidence intervals
of the overall model bias indicate uncertainty equivalent to a factor of 2.3 for water
concentration estimates, 2.0 for rhizome concentration estimates, and 3.7 for emergent

vegetation concentration estimates.
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Figure 2-2: Measured and model-estimated concentrations of the nine test
chemicals in the water, rhizomes, and emergent vegetation of the
Lorong Halus treatment wetland. Error bars represent standard error
of the mean observed concentrations. If no error bars are visible,
standard error of the mean is equal to or less than the width of the
symbol. Endosulfan sulfate = blue; musk ketone = red, 1,2,3,4-
tetrachlorobenzene = orange; pentachlorobenzene = green; methyl
triclosan = yellow; hexachlorobenzene = black; tonalide = grey;
galaxolide = purple; PCB 52 = light blue.

Steady state vs. non-steady state

The time expected to reach 95% of steady state (i95) in water ranges from 40
days (endosulfan sulfate) to 66 days (PCB 52) for the nine test chemicals. Generally, tgs
of the test chemicals in water increases with increasing log Kow of the chemical. The tes
for the rhizome and emergent vegetation compartments range from 75 to 4,200 days
and 1.0 x10* to 4.3x10* days (Table B.7). Large estimates of tss for these test chemicals
in rhizomes and emergent vegetation result from the slow depuration rates determined
by the model. This is in part due to the slow biotransformation rates of these
hydrophobic test chemicals. This suggests that the use of the steady-state version of the
model is appropriate to estimate chemical concentrations in the water. The tgs estimates
for rhizomes and emergent vegetation suggests that the concentration of the test
chemicals in the vegetation of the LHTW can be expected to continuously increase over
time (non-steady state condition). This may explain why the calibration coefficient 31 for

water-to-rhizome exchange is less than one.
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2.5.3. Sensitivity analysis

The elementary effects sensitivity metrics (Ui and o) of all 42 parameters (Table
A.8) demonstrate significant sensitivity of the mass removal efficiency to a number of
parameters. The most sensitive parameters are: 1og Kow (Miogkow = 0.30, Oiogkow = 0.86),
(water-side) water-rhizome mass transfer coefficient (uwrn = 0.27, Owrn = 0.29),
transformation half-life in water (Uu/2water = 0.19, Gt12water = 0.24), water temperature
(MTemp. = 0.14, OTemp. = 0.16), and plant stem density, i.e. the number of plants in the
wetland (unp = 0.13, onp = 0.14). The log Kow is a central parameter in the treatment
wetland model. It is used to calculate the vegetation-water, and suspended sediment-
water partition coefficients which are then used to calculate mass transfer coefficients
and rate constants. The direct and indirect relationships of log Kow with other variables
create many different interactions throughout the model resulting in a large mean (u;’)
and standard deviation (oi) of its elementary effects on mass-removal efficiency. The
(water-side) rhizome-water mass transfer coefficient is used to calculate overall chemical
mass transfer from water to rhizome using a two-film diffusion model. This suggests that
removal efficiency in the wetland is dependent on characteristics of the vegetation and

properties of the chemical that promote diffusion between water and rhizomes.

The sensitivity of mass-removal efficiency to the transformation half-life of the
chemical in water demonstrates the importance of biotransformation on the removal of
chemicals in wetlands. Chemicals that are more easily biotransformed in wetland media
will be more efficiently removed in the wetland. Biotransformation in the water reduces
the availability of the chemical for mass transfer into vegetation and therefore affects the
contribution of other biogeochemical processes on chemical removal. This is shown by
the sensitivity analysis with the large standard deviation of elementary effects suggesting
transformation rates in water interacts with other model parameters that affect removal

efficiency.

Water temperature and plant density (plants per m?) are design criteria for the
treatment wetland. Their large pi and oi show that mass-removal efficiency is dependent
on the wetland design. This suggests that future treatment wetlands can be designed to
improve mass-removal efficiency by optimizing these parameters for a site-specific
application of a treatment wetland system. However, there are complex interactions

between these parameters that influence the performance of the treatment wetland.

31



These complex interactions provide a rationale for developing a treatment wetland

model to aid in future wetland designs.

The analysis also suggests that some parameters may have little to no significant
effect on the estimated mass-removal efficiency (EL) or other outputs from the treatment
wetland model. Such parameters include: aspect ratio of the wetland design (i.e.
length:width, 1:1 — 8:1) which suggests that many different wetland configurations can
be suitable for treatment, and size of emergent vegetation (0.1 — 1.0 kg) which suggests
that a variety of plants can be used in treatment wetlands. However, there may be
practical implications of these parameters that are not captured by the model. For
instance, the aspect ratio of the wetland design may influence mixing of wastewater and
erosion of berms and is used by the model to estimate the total surface area of the
rooting medium gravel (see Appendix A). Sensitivity to the aspect ratio may occur for
model applications that include biofilm as a compartment relevant for the environmental
fate of substances within the wetland. The size of emergent vegetation may correlate
with the size of the rhizomes which is a more sensitive parameter for removal efficiency
or may also correlate with wetland maturity and productivity. Further analysis is required
before suggesting these parameters are not influential for treatment wetland design, and
to properly assess the influence of these parameters on overall contaminant removal for

various treatment wetland systems.

2.5.4. Role of the water balance

Figure 2-3 demonstrates how external inputs such as precipitation, runoff, and
groundwater recharge can affect E. and Ec for hexachlorobenzene (HCB) at the LHTW.
If there were no inputs of water into the wetland other than influent (i.e. Qex. = 0 L/day),
the evapotranspiration is expected to reduce water outflow to 70% of Qin (Qou/Qin =
0.70). This water deficit through the wetland results in an Ec for HCB below zero, i.e.
concentration of HCB in the effluent exceeds that in the influent despite actual removal
of the mass of HCB (EL > 0) from the water by the wetland. If the purpose of the
treatment wetland is to reclaim water for discharge into the environment, then the
treatment wetland may not be effective as the concentration of HCB in the effluent is
greater than that in the influent. If inputs of water into the wetland are able to surpass
water losses through evapotranspiration resulting in Qout/Qin > 1, then dilution of the HCB

occurs causing both E. and Ec to adopt values greater than zero. The added volume of
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water increases flow rates through the LHTW and therefore decreases the hydraulic
retention time within the wetland, limiting the exposure of HCB to wetland

biogeochemical removal mechanisms.
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Figure 2-3:  Efficiency of mass-removal (E.) and concentration-reduction (Ec) for
hexachlorobenzene (HCB) as a function of the water balance. For
reed bed #3 in the LHTW, Qou/Qin= 0.98.

A similar response by E| and Ec can also be shown for variable conditions of
evapotranspiration. With greater evapotranspiration rates there is an increase in E. for
HCB within the wetland resulting from: i) greater xylem flow through vegetation providing
a more rapid transport of the chemical from the subsurface water into the vegetation to
undergo transpiration, ii) greater volatilization from the subsurface water through the
rooting medium, and iii) greater hydraulic retention time within the wetland since the
volume of water within the wetland is reduced by evapotranspiration. The hydraulic
retention time has been explored in many treatment wetland studies and is a critical
design feature for the success of a treatment wetland application (Knight et al., 1999;
Hijosa-Valsero et al., 2010; Pavlineri et al, 2017). For substances that are quickly
biotransformed, the water balance also affects biotransformation rates since the rate of
biotransformation is a function of the concentration of the substance in the water of the
wetland. However, water balance has less effect on E. and Ec for quickly
biotransforming substances than for recalcitrant substances. Figure A.1 (Supplementary
Information) demonstrates the effect of external water sources on E. and Ec for pyrene

to show the influence of the water budget with a more rapidly biotransformed substance.
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2.5.5. Influence of physicochemical properties

Figure 2-4a demonstrates that volatilization of substances is responsible for up to
70% of contaminant removal in absence of biotransformation in the LHTW for
substances with a log Kow 3 — 5 and log Kaw > 0. Volatilization contributes up to 10% of
contaminant removal for persistent substances with a log Kaw below -2.0, regardless of
its log Kow. The contribution of volatilization to mass removal depends on the wetland
design and environmental conditions. At the LHTW, there is little annual variability in air
temperature which averages 24.7 deg-C (SD 0.5), with an average daily maximum of
31.5 deg-C (SD 0.7; Meteorological Service Singapore, 2015). Generally, high
temperatures at the surface of the wetland will promote volatilization from surface water.
However, at the LHTW there is a 15 cm freeboard zone between the water surface and
the open air that limits mass transfer of the contaminants from liquid (aqueous phase) to
gas (air phase). Reducing the freeboard zone may further improve volatilization of some

contaminants.
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Figure 2-4: Model calculations of (a) % mass removal via volatilization, (b), %
mass removal via transpiration, and (c) mass-loading removal
efficiency (E.) for substances of varying Kow and Kaw in the Lorong
Halus Treatment Wetland.

Figure 2-4b indicates that transpiration through the vegetation at the LHTW is
responsible for up to 14% of contaminant removal in absence of biotransformation and is
greatest for substances with log Kow of 4.5 — 5.5 and log Kaw of -5.0 — 0.0. This range of
chemical properties describes chemicals that: (i) do not strongly or irreversibly bind to
organic media, and (ii) do not have a high solubility in water. These characteristics of a
substance permit diffusion of the contaminant into the rhizomes, and subsequently into
the transpiration stream (xylem flow) without strongly binding to the organic carbon or
lipid fraction of the vegetation. If the chemical binds too strongly to the organic carbon in

the vegetation, only a small fraction of the chemical is left dissolved in the transpiration
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stream. Conversely, if a chemical exhibits a high aqueous solubility and low affinity for
organic carbon, then there is little partitioning of the chemical from water into the

vegetation.

Figure 2-4c suggests that persistent chemicals having a log Kow between 3.0
and 5.0 and log Kaw greater than -1.0 are most efficiently removed from wastewater in
the LHTW (EL = 70%). This range of chemical properties closely resembles the optimal
range for volatilization, which, in the LHTW, contributes to contaminant removal to a
greater degree than transpiration. The lowest mass removal (E.) in absence of
biotransformation was observed for substances with (i) a log Kow < 4 and log Kaw < 2,
and (ii) a log Kow = 6 and log Kaw < -1.0 (EL < 7%). These properties describe
substances that are either highly hydrophilic or highly hydrophobic and represent
chemicals that are neither prone to volatilization nor transpiration. Hydrophilic
substances tend to remain in the water compartment and have lower removal
efficiencies because they are mainly subject to removal mechanisms in the water
compartment. Transformation in the water is the main mechanism of removal for these
substances. Hydrophobic substances bind strongly to organic media, reducing the freely
dissolved concentration in the water, which limits the amount of chemical available for
volatilization, transpiration, and transformation. Contaminants bound to organic media
are initially extracted from the water and the wetland may show high treatment

efficiencies that decrease as the system approaches steady-state.
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Figure 2-5: Model calculations of mass-loading removal efficiency (E.) for
substances of varying Kow and Kaw where biotransformation rates
are (a) k = 0.01 day™, (b) k = 0.1 day™, and (c) k = 0.3 day™ in the
Lorong Halus treatment wetland.
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Figure 2-5a, b, and c demonstrate the effects of different biotransformation rates
on the mass-removal efficiency (EL) of contaminants. For biotransformation rates in
water of 0.01, 0.1, and 0.3 day', the maximum estimated E, for the LHTW system is
75%, 84%, and 90%, respectively. The greatest E, values were found for substances
having a log Kow between 3.0 and 5.0 and log Kaw > -1.0. Improvements to the
maximum E_ as biotransformation rates increase are evident, however the effects of
biotransformation on mass removal are more profound for substances that are poorly
removed by non-biotransformation related removal mechanisms such as volatilization
and transpiration. For substances that do not readily undergo volatilization or
transpiration, even relatively low rates of biotransformation can significantly contribute to
the overall removal from the wetland. As biotransformation rates increase, transpiration
and volatilization processes become less significant to the overall mass-removal
efficiency. For example, when biotransformation rate is 0.3 day™, volatilization and
transpiration are responsible for < 23% and < 0.1% of contaminant removal,
respectively, whereas total biotransformation accounts for > 60% of contaminant
removal. Figure 2-5 is useful for interpolating the removal efficiency of various chemicals
that occupy regions within the range of Kow and Kaw shown in the figures.
Biotransformation rates of chemicals are often unknown for certain chemicals within
environmental media, but a general range of removal efficiency can still be interpreted

from these figures.

Since biotransformation is shown to be significant to the overall removal capacity
of contaminants, maintaining a strong community of microorganisms and vegetation that
can facilitate various biotransformation processes is important to the performance of
these systems (Ibekwe et al., 2003; Button et al., 2016; Mustafa et al., 2017).
Characterizing the biotransformation capacity in the wetland through bioassays or other
methods is a crucial component to assess treatment efficiencies of remediation

wetlands.

2.6. Conclusions

A mechanistic model was developed to assess the fate and removal efficiency of
hydrophobic organic contaminants in horizontal subsurface flow wetlands. The model
was applied to Singapore’s Lorong Halus Treatment Wetland system and evaluated

under different modelling scenarios. The calibrated model for the Lorong Halus
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Treatment Wetland provided an adequate description of the concentrations of nine
neutral organic substances in the water, rhizomes and emergent vegetation of the

wetland.

The model demonstrates the influence of the water balance on both mass-
removal and contaminant concentration-reduction efficiency for recalcitrant substances
in the wetland. Water inputs into the wetland in addition to wastewater influents (e.g.,
precipitation) will reduce concentrations of contaminants as a result of dilution, but also
shorten hydraulic retention times which reduce contaminant-mass removal. Water loss
from the wetland through evapotranspiration reduces the concentration-reduction
efficiency of the wetland but increases the mass-removal efficiency of contaminants in
the wetland. The balance between inputs and losses of water in the wetland has an

important effect on the treatment performance.

The model illustrated that removal pathways of organic contaminants in the
wetland varied as a function of the properties of the contaminants. The mass-removal
efficiency of the treatment wetland was greatest for chemicals with a log Kow between
3.0 and 5.0 and log Kaw > -1.0. Removal of persistent contaminants through volatilization
was found to be greatest for substances with a log Kow between 3 and 5 and log Kaw >
0. Transpiration flux in vegetation was found to be most important for substances with a
log Kow of 4.5 — 5.5 and log Kaw of -5.0 — 0.0. Biotransformation rates of the
contaminants in the wetland media play a crucial role in removal of contaminants from
wastewater. The model provides a tool for assessing the organic contaminant removal
capacity and evaluating trade-offs in the design and operation of a horizontal subsurface

flow treatment wetland.
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Chapter 3. Treatment of polycyclic aromatic
hydrocarbons in oil sands process-affected water
with a surface flow treatment wetland.

3.1. Summary

This study applied a passive sampling approach using low-density polyethylene
(PE) passive samplers to determine the treatment efficiency of the Kearl surface flow
treatment wetland for polycyclic aromatic hydrocarbons in oil sands process-affected
waters. The results show that the wetland’s ability to remove individual PAHs from the
influent varied substantially among the PAHs investigated. Treatment efficiencies of
individual PAHs ranged between essentially 0% for some PAHs to 95% for others.
Treatment in the Kearl wetland reduced the combined total mass of all detected PAHs
by 54 to 83%. This corresponded to a reduction in the concentration of total PAHs in
OSPW of 56 to 82% with inflow concentrations of total PAHs ranging from 7.5 to 19.4
ng/L. The concentration of pyrene in water fell below local regulatory water quality
criteria values as a result of wetland treatment. The application of the passive samplers
for toxicity assessment showed that in this study PAHSs in both the influent and effluent
were not expected to cause acute toxicity. Passive sampling appeared to be a useful
and cost-effective method to monitor contaminants and to determine the treatment

efficiency of contaminants in the treatment wetland.

3.2. Introduction

As demand for freshwater conservation grows, there is a need for sustainable
solutions to manage and reuse process-affected waters. In Canada, a considerable
volume of Oil Sand Process-affected Waters (OSPW) has been and continues to be
generated during bitumen extraction. Since OSPW is currently subject to a ‘zero
discharge’ policy and few treatment options are available, OSPW is either recycled for
further use in the extraction process or stored in effluent tailings ponds. These effluent
tailings ponds are susceptible to leaching and erosion, and present adverse risks to
migratory birds and wildlife that confuse these areas for safe ecological havens (Kelly et
al., 2009; Remillard, 2011; Jasechko et al., 2012; Ahad et al., 2015). While efforts to

develop feasible solutions for OSPW treatment are ongoing, few have been realized to
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date. Treatment wetlands have emerged as a potentially feasible option to treat OSPW
(Buchberger and Shaw, 1995; Knight et al., 1999; Davis, 2009; Kadlec and Wallace,
2009; Sundaravadivel and Vigneswaran, 2001; U.S. EPA, 1999). Treatment wetlands
are constructed, artificial ecosystems that harness the biogeochemistry of natural

systems to reclaim and remediate contaminated land and water.

The biogeochemical mechanisms for contaminant removal within a wetland
include microbial and plant-mediated biotransformation, chemical transformations, UV—
degradation, evapotranspiration, and sorption to sediments (Kadlec and Wallace, 2009).
The capability of wetlands to harness these biogeochemical processes for wastewater
treatment has been demonstrated for a variety of wastewaters including municipal and
domestic wastewaters, agricultural runoff, pulp and paper wastewater, and waters that
contain surfactants, solvents, or pesticides (e.g. Knight et al., 2000; Cameron et al.,
2003; Abira et al., 2005; Matamoros et al., 2008; Diaz et al., 2009; Wallace and Davis,
2009; Hijosa-Valsero et al., 2010; Wang and Kelly, 2017). While wastewater treatment
has been demonstrated for a variety of wastewaters, many studies have reported
treatment wetland performance based on general metrics for water quality such as
Biochemical Oxygen Demand, Total Nitrogen, Total Phosphorus, or Total Petroleum
Hydrocarbons. Although useful as measures of overall water quality, these general
metrics do not detail the removal of specific contaminants of concern from wastewaters.
Quantifying the removal of individual contaminants by wetland treatment is critical to
evaluate the toxicological risk associated to the influent OSPW and effluent water and to
identify which contaminants are more easily removed from wetlands and which
contaminants are not, i.e. high vs. low treatment efficiency. Information on the treatment
efficiency of engineered treatment wetlands is necessary for assessing the feasibility of

treatment wetlands for their specific wastewater challenges.

The objective of this study is to investigate the capacity of wetlands to treat PAHs
in OSPW. Specifically, we investigate the treatment efficiency of PAHs in terms of
reductions in concentrations, mass loadings and associated toxicity of PAHs in OSPW in
the Kearl Treatment (KT) wetland.
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3.3. Materials and Methods

3.3.1. Site description

The Kearl Treatment (KT) wetland is a free water surface-flow constructed
wetland at the Kearl Oil Sands site (approx. 75 km NNE of Fort McMurray, AB, Canada;
57°26°00"N, 111° 8'31"W) managed by Imperial Oil Resources Ltd. The KT wetland
operates in warmer summer months, typically from May to September. It was designed
as a pilot-scale wetland to investigate the treatment of on-site Oil Sands Process-
affected Water (OSPW). Water is pumped into the wetland at 5 L/s (430 m*/day),

resulting in a hydraulic retention time of approximately 14 days.

In 2017, OSPW was collected as runoff from an overburden disposal area. This
overburden disposal area contains stockpiles of excavated overburden from the mined
areas at the Kearl Oil Sands site and contains residual amounts of organic
contaminants. The runoff is first directed and detained in the north overburden disposal
pond located next to the KT wetland which acts as an initial settling basin for suspended
sediments. Due to the ‘zero-discharge’ policy for all OSPW, the system operates as a
closed-circuit and therefore water is recycled from the KT wetland back into the north
overburden disposal pond. The outflow was controlled by a submerged pump that was
triggered on when water depth reached 1.7 m, and off when water depth receded to 1.0
m in the Final Deep Pool (Figure 3-1). In 2018, OSPW for the KT wetland was sourced
from a drainage pond situated next to an effluent tailings area at the Kearl Oil Sands.
The OSPW was pumped to the wetland during a single pump event, where it was fully
recycled within the wetland (i.e. no external detention pond was used) for the duration of
the 2018 study.
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Figure 3-1: Schematic diagram of the Kearl Treatment Wetland (KT wetland)
showing (a) planar view, and (b) cross-sectional view with the
passive sampling devices and rooting medium.

The wetland consists of six cells in series (3 deep pools, 3 shallow areas) with a
longitudinal slope of 0.014%. Water percolates over shallow interior berms that separate
each adjacent cell. Shallow berms parallel to water flow in the middle of the shallow pool
sections were constructed to improve directional water flow, and provide access for
wetland monitoring (e.g. vegetation, erosion, water quality). The KT wetland operates at
a total volume of water of approximately 6,000 m*. The deep pools (forebay, deep pool
1, and final deep pool) operate at a depth of 1.7 m, and are dominated by submerged
vegetation, but contain a band of emergent vegetation (approx. 5% of area) along the
perimeter of the cells where water depth is shallower. The shallow area cells are densely
vegetated with a variety of different species dominated by common cattails (Typha

latifolia) and water sedge (Carex aquatilis).

The rooting medium consists of 200 mm of compacted peat soil underneath 300
mm of non-compacted peat soil from the displaced muskeg originally found on location.
The peat was placed over a geosynthetic clay liner that was blanketed with a non-woven

geotextile (Figure 3-1).
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3.3.2. Water quality monitoring

Total Suspended Solids (TSS), Total Dissolved Solids (TDS), Biochemical
Oxygen Demand (BOD), Dissolved Organic Carbon (DOC), Dissolved Inorganic Carbon
(DIC), water temperature, conductivity, pH, redox potential, and Dissolved Oxygen (DO)
were collected for the OSPW in the wetland to evaluate changes in the quality of OSPW
as it passes through the KT wetland. In the 2017 study, samples were obtained from the
forebay and final deep pool on July 13" and August 17", 2017. In the 2018 campaign,
OSPW was fully recycled through the wetland, therefore samples were obtained from
the forebay on August 26™ and September 19", 2018. Water samples were analyzed by
Maxxam Analytics (Calgary, AB, Canada) for Total Suspended Solids (TSS), Total
Dissolved Solids (TDS), Biochemical Oxygen Demand (BOD), Dissolved Organic
Carbon (DOC), Dissolved Inorganic Carbon (DIC). Field measurements were collected
by WorleyParsons Ltd. (Calgary, AB, Canada) for water temperature, conductivity, pH,
redox potential, and Dissolved Oxygen (DO) using a YSI® Professional Plus
Multiparameter instrument, and turbidity was measured using an Orbeco-Hellige®
TB200™ Turbidimeter.

3.3.3. Passive sampling

Low-density polyethylene (PE) passive samplers were deployed in triplicate (n =
3) in the forebay and final deep pool of the KT wetland. The deeper cells were chosen to
ensure samplers were deployed within the water column to measure dissolved
contaminants in the water. The PE strips (12.70 cm x 15.24 cm, 25um thickness, 0.5 g)
were deployed in stainless steel mesh casings, and attached to an anchor-buoy system
to allow for deployment at the centre of the deep cells, and to ensure the PE strips were
submerged at approx. 0.3 — 0.5 m depths below the water surface. Three deployments
of passive samplers occurred, beginning on 1) July 21%', 2017 (Final Deep Pool) and July
22" 2017 (Forebay) for a 37 day and 36 day deployment, respectively, 2) August 28",
2017 (Forebay and Final Deep Pool) for a 31 day deployment, and 3) August 25", 2018
(Forebay) and September 8", 2018 (Final Deep Pool) for 14 day deployments each.
Since water was fully recycled through the KT wetland in 2018, the deployments in the
forebay and final deep pool were done consecutively, i.e. samplers in the forebay were
deployed from days 0 — 14, and samplers in the final deep pool were deployed from
days 14 — 28.
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The PE samplers were prepared and analyzed by SGS Axys Analytical Services
Ltd. (Sidney, BC, Canada). Samplers were stored and shipped in aluminum foil, sealed
in a plastic bag, and shipped in a cooler with ice packs to maintain a temperature at < 4
deg-C. The method of analysis of PE sampler devices follows USEPA Methods 1625B
and 8270C/D. Instrumental analysis was performed by low-resolution mass spectrometry
(LRMS) using an RTX-5 capillary GC column, which operates at a unit mass resolution
in the electron impacts (El) ionization mode using multiple ion detection (MID), acquiring
at least one characteristic ion for each target analyte and surrogate standard.
Quantification of target analytes was performed using the isotope dilution method, and
calculations were carried out using HP EnviroQuant and Prolab MS-Extended for
targeting and quantification. Sample detection limits are available in the Supplementary

Information.

The reported concentrations provided by the laboratory were issued as units of
mass of chemical per gram of polyethylene passive sampler (i.e. Cpg, Nng/g). The
partitioning behaviour of each chemical between the OSPW and the PE sampler was

estimated using the calibration equation for PAHs reported by Lohmann (2012):

Log Kpew = 1.22 (+0.046) - log Kow — 1.22 (+0.24) (R? = 0.92; SE 0.27) Eq. 3-1

This relationship correlates the polyethylene-water partitioning coefficient (Kee-w), with
the octanol-water partition coefficient (Kow) for each test chemical. The log Kow for each
PAH was obtained from EPISuite v4.11 (U.S. EPA, 2013).

Two field blanks per deployment consisting of clean polyethylene sheets were
exposed to ambient air during sampler deployment and collection. Field blanks were
wrapped in aluminum foil, sealed in a plastic freezer bag, and refrigerated at < 4 deg-C
between use. The average concentration of PAHSs in the field blanks (Cr giank,) were
subtracted from the concentrations of PAHs measured in the deployed PE samplers
(Cee,) to account for background exposure, i.e. C'pe; = Cpe,; — Crpiank; (Ghosh et al.,
2014) Concentrations were assumed to be negligible (i.e. C're; = 0) if the mean
concentration of the analyte found in the field blanks exceeded the concentration of that

analyte measured in the deployed passive samplers (Cr gianki > CrE,).
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Two performance reference compounds (PRCs) were impregnated into the
polyethylene passive samplers during lab preparation: fluoranthene-d'°, and
dibenzo(a,h)anthracene-d'*. These deuterated PRCs were used to evaluate the state of
equilibrium between the water and PE by comparing day zero concentrations (Cpercy) to
final concentrations (Cprc ) of the PRCs in the samplers after the deployment period (t,

days). The mass transfer coefficients (ke, d') of the two PRCs were determined using:

C 1
ke = In <M> X = Eq. 3-2
Cpre,t t

To relate the depletion rate constant of the performance reference chemicals to
the time to reach 95% equilibrium (i.e., 3/ke) between the water and the passive sampler
for the target analytes, a linear relationship was developed between log ke and log Kow
of the performance reference chemicals. This relationship was then used to determine
ke, from the log Kow of each target chemical i (Burgess et al., 2015). This ke was then
used to account for the lack of achieving equilibrium within the sampling duration by

calculating the dissolved concentration (Cwp) of each target chemical j in water as:

Cwp, = Coi Eq. 3-3
'WD,i KPE—W,i x (1 _ e_ke,it) q.
Standard errors (SE) of Cwp were derived through error propagation as:
5Cwp ) 5Cwp \> 5Cwp)\ >
= * . SE " SE " Eq 3-4
SEcyp j <SECPE.i ac;;E> + ( Kpe-w SKPE_W) * ( ke 8k, )

where the SE of C'pe; was determined for each chemical from the measured
concentrations of the target analytes in multiple passive samplers; the SE of Kee.w was
estimated by applying the delta method to the log-transformed linear regression equation
(Eqg. 3-1); the SE of ke; was determined from measurements of PRC concentrations in

the PE samplers.
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3.3.4. Data analysis

Analytes were included in the data analysis if concentrations in the passive
samplers exceeded the method detection limit (DL) in at least two of three replicates.
Concentrations of PAHs in water below the DL were assigned a concentration equal to
one-half of the chemical’s DL (i.e. C; = DL/2). This was applied to all final deep pool
concentration measurements for 7-methylbenzo[a]pyrene in deployment one, one
forebay concentration measurement for 2,6-dimethylnaphthalene in deployment two, and
two final deep pool concentrations measurements for acenaphthene in deployment
three. The great majority of measured concentrations exceeded the DL. For these three
substances, a range of average concentrations is provided to reflect the lower estimate
(i.e. assumes concentration is zero) and upper estimate (i.e. assumes concentration is
equal to the DL). A two-sample t-test assuming unequal variances was performed in
JMP®, Version 13.1.0 to detect statistical differences between mean dissolved aqueous
concentrations measured in the forebay and final deep pool (o = 0.05). Unequal
variances in concentration measurements in the forebay and final deep pool were
detected with a two-sided F-test (p < 0.001).

3.3.5. Wetland treatment performance evaluation

Concentration-reduction

Changes in the concentration of the test chemicals in the water (Ec,) were
derived from the concentration of each test chemical i in the passive samplers deployed

eq.in eq.out

in the influent wastewater (forebay; C,¢;") and treated effluent (final deep pool; Cpg; ™)

as:

eq.in
PEi

( c:%-?‘“)

Eci=|1-—2=]*100 Eq. 3-5
Ec,i was estimated directly from the measured concentration of target analyte i in the
passive sampler (Cpg;) to reduce error associated with converting concentrations in
passive samplers to those in water. To correct for the different deployment durations of
the samplers in forebay and final deep pool, equilibrium concentrations in the PE

samplers were estimated using measured ke, values with:
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Crei
eq. __ PE,i ~
CPE,i - (1 _ e_ket) Eq 3-6

Mass removal

Mass removal of PAHs from the wetland was expressed in terms of a mass-
loading removal efficiency (EL,) for each chemical i. E_; was determined from the
concentrations of freely dissolved analyte i in the influent (C;*,\i,r]‘),i) and effluent (Cyyp
water, and the corresponding volumetric flow rates (L/day) of water entering the forebay

(Qin) and leaving from the final deep pool (Qout) of the KT wetland:

. C*out.

ELi (1= Qout WD,l %100 Eq 3.7
| Qo+ Cit,
in i

Qin in the KT wetland was controlled and maintained at 432,000 L/day (5 L/s) for the
duration of the study. Qo.t was estimated from the water budget: Qout = Qin + Qp - Qer,
where Qp is the precipitation rate (L/day) and Qer is the evapotranspiration rate (L/day)
in the KT wetland. The mass removal efficiency E_; expresses the removal of dissolved
contaminant mass from OSPW. E_; differs from Ec; in that it accounts for the effects of
changes in the volume of water in the wetland due to precipitation and
evapotranspiration on concentration of the target chemical j in water. However, it should
be stressed that because passive samplers measure only the concentration of dissolved
contaminants in the influent and effluent, E_; may not account for all mass of PAHs
removed from the wetland which includes both dissolved and undissolved (sorbed)
PAHs.

Precipitation, temperature, and relative humidity data were obtained from
historical records of the Fort McMurray, AB, Canada weather station available from
Alberta Climate Information Services (2018). Total precipitation (P) was 56.0 mm, 38.9
mm, and 50.3 mm during each of the three deployment periods, respectively.
Temperature and relative humidity were used to estimate daily evapotranspiration rates
from the KT wetland using the Penman-Monteith equation. Evapotranspiration (ET) at
the KT wetland was estimated to be 197 mm, 91.4 mm, and 52.9 mm during each of the
three deployment periods, respectively. The volumetric rate of precipitation (Qr) and

evapotranspiration (Qer) were calculated using the total catchment area and surface
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area of wetland cells, respectively (i.e. Qp = SAcatchment:P; Qet = Z(SAceis)-ET). The total
catchment area (SAcatchment = 15,264 m?) included everything within the external berms of
the KT wetland. All precipitation within this area was assumed to enter the wetland as
runoff. The total surface area of all wetland cells (X(SAceis) = 7,894.6 m?) was estimated

at the operating water levels, i.e. 1.7 m for deep pools and 0.4 m for shallow cells.

Toxicity

The change in OSPW toxicity was estimated using the chemical activity
approach (Lewis, 1907; Gobas et al., 2015; 2018). Chemical activity (a; unitless) is a
thermodynamic quantity related to fugacity and chemical potential which for dilute
solutions can be expressed as the ratio of the chemical’s concentration (C; e.g. mol/m®)
to the chemical’s solubility in the same media (S; e.g. mol/m®), i.e. a = C/S. The
application of chemical activity to assess toxicity for neutral hydrophobic organic
chemicals has merit for two main reasons. First, when equilibrated, concentrations of
chemicals in different media (e.g. the passive sampler, water and organisms in the
water) exhibit similar chemical activities. Hence, when at equilibrium, contaminant
concentrations in the passive samplers reveal the chemical activity of contaminants in
the water and biota that reside in the wetland, or that may be exposed to the influent or
effluent of the wetland. Unless the contaminants are biomagnified in the food-web, the
concentration of the contaminants in the organisms exposed to the wetland water will at
most approach the chemical activities in the water and the passive samplers.
Biotransformation in the organisms can reduce the chemical activities of the parent
compound below the chemical activity in the water. Secondly, studies have shown that a
combined chemical activity of PAHs between 0.01 and 0.1 causes acute toxic effects
through a mode of toxic action referred to as non-polar narcosis (Reichenberg and
Mayer, 2006; Schmidt et al., 2013; Thomas et al., 2015). Hence, by converting
concentrations of contaminants into chemical activities of contaminants, it is possible to
assess whether acute toxic effects can be expected. This makes the chemical activity of
PAHs in the water and passive samplers a useful metric for toxicity assessment of

individual and mixtures of PAHSs.

Chemical activity (ai) of each of the detected PAHSs in water entering and leaving
the KT wetland was estimated from the concentration of PAHs in the polyethylene

samplers (Cpg ;) and the solubility of each PAH in the polyethylene sheets (SPE,i) as

51



a; = Cppi/Spg,i- SPE,i was determined as KPE-W,i x Swater,i where Swater,i is the
solubility of chemical i in water at 25 deg-C (reported in EPISuite v4.11 using
WATERNT™ model; U.S. EPA, 2013). The summation of chemical activities for each
individual PAH produces a total chemical activity of all analytes present in the OSPW
influent (X aB% ;) and effluent (£ a3%’) of the KT wetland. By comparing the total chemical
activities of PAH mixture in the water entering and leaving the KT wetland to the
chemical activity threshold value for baseline toxicity (ao = 0.01), it is possible to assess
whether the influent or effluent has the potential to be toxic to aquatic biota, and to what
degree toxicity or toxicological risk has been reduced through wetland treatment. This
approach can also be used for substances that exhibit a greater toxicity (or “excess
toxicity”) than the baseline toxicity as long as the degree of excess toxicity is known from
empirical toxicity studies or other methods. For such substances, a; should be compared
to 0.01/y. where y is the excess toxicity defined as toxicity greater than baseline toxicity
(i.e. y > 1). For determining the chemical activities of the PAHSs in the PE samplers,
changes in temperature during the two deployments were ignored and it was assumed
that the mean temperature is adequate for determining the chemical activity of the
PAHSs.

3.4. Results and Discussion

3.4.1. Water quality

Table 3-1 shows that Biochemical Oxygen Demand (BOD), Dissolved Inorganic
Carbon (DIC), Dissolved Oxygen (DO), Dissolved Organic Carbon (DOC), pH, Total
Dissolved Solids (TDS), Total Suspended Solids (TSS), turbidity, and water temperature
of OSPW in the wetland were below the upper limits of the Alberta Environment (2008)
water quality targets (WQTSs).

DO in water remained constant throughout the wetland during deployment one
(DOsorebay = 4.57 mg/L; DOrpp = 4.46 mg/L) and increased upon passage through the
wetland during deployments two (DOforebay = 5.09 mg/L; DOrpp = 6.39 mg/L) and three
(DOrorebay = 5.04 mg/L; DOrpp = 9.99 mg/L). The DO concentrations indicate that
reoxygenation of the water occurs as it passes over the internal berms between wetland

cells.
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Table 3-1: Biochemical Oxygen Demand (BODs), conductivity, Dissolved
Inorganic Carbon (DIC), Dissolved Oxygen (DO), Dissolved Organic
Carbon (DOC), pH, Total Dissolved Solids (TDS), Total Suspended
Solids (TSS), turbidity, and temperature (Twater) of OSPW in the Kearl
Treatment Wetland during each deployment period.

Deployment 1 Deployment 2 Deployment 3
2017A 20178 2018
13-Jul 17-Aug 26-Aug  19-Sep
Parameter  units Forebay FDP | Forebay FDP | Forebay Forebay | WQT*
BODs mg/L <20 <20| <20 <20 2 24
Conductivity (‘ﬁrso/%”%) 811 795 | 955 919 | 1700 1700 799
DIC mg/L 74 75 74 75 46 52
mg/L d m
DO (£0.2) 457 446 | 509 639 | 5.04 9.99 1.44
DOC mg/L 18 18 18 18 20 20 63.1
pH ?:IO 2) 792 777 | 797 749 | 740 824 |6.0-10.8
TDS mg/L 680 680 680 680 860 1200
TSS mg/L <10 <10| <10 <10 12 1.6 82.2
. NTU
Turbidity (£2%) 084 137 | 084 1.11 45 1.5 77
Tuater deg-C (SD) 20.7 (2.1) 20.6 (2.1) 10.7 (2.2) 25.3

+ Water Quality Target (peak target), [35]
< - below the reported detection limit

m — minimum value

d - data collected on 22-Sep-18

--- — parameter not analyzed

FDP - Final Deep Pool

(£) - Instrument accuracy

The average recorded water temperature in the KT wetland was 20.7 (SD 2.1)
during deployment one, 20.6 (SD 2.1) during deployment two, and 10.7 (SD 2.2) during
deployment three. In a study using a surface flow mesocosm wetland, temperature
changes from 18.4 deg-C to 11.3 deg-C showed no significant effects on overall
heterotrophic activity (Tao et al., 2007), possibly due to the diversity in microbial
communities contributing to contaminant removal at different temperatures (Truu,
Juhanson, & Truu, 2009). However, the effect on water temperature on heterotrophic

activity in wetlands remains an area requiring further investigation.

Warmer air temperatures were recorded during deployment one (Tavg. = 17.9
deg-C; SD 2.7) compared to deployments two (Tawg. = 12.2 deg-C; SD 4.5) and three
(Tavg. = 5.8 deg-C; SD 4.3). Modelling work using a modified Penman-Monteith equation
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demonstrated that even a 3 deg-C change in air temperature can induce a 14% change
in potential evapotranspiration rates (Ramirez and Finnerty, 1996). Therefore,
differences in air temperatures among the deployments are expected to have significant
effects on evapotranspiration of water from the wetland. Estimated rates of
evapotranspiration range between 2.5 to0 9.8, 0.6 to 5.8, 1.0 to 3.1 mm/day and total
evapotranspiration was 53.7, 24.9, and 14.4 m®day in deployments one, two, and three,

respectively (Table B.4).

The conductivity of OSPW ranged from 795 to 811 uS/cm in deployment one,
919 and 955 pS/cm in deployment two and was 1700 uS/cm in deployment three and
appeared to remain constant throughout the wetland in all 3 deployments. Water quality
targets for conductivity (WQT = 799 uS/cm; Alberta Environment, 2008) were exceeded
in all deployments. Elevated levels of conductivity are common in OSPW due to naturally
occurring high levels of sodium, bicarbonate, chloride, and sulphate found in waters
around the Alberta oil sands. Since conductivity showed no significant effects on three
floating wetland species at values up to 3,000 pS/cm (Hadad et al., 2006), significant
effects on treatment performance as a result of the measured conductivities are not
expected in the KT wetland. However, at a conductivity of 4,000 uS/cm, which is much
greater than that in the KT wetland, a 44.4 — 67.9% reduction in BODs in a continuous
flow constructed wetland system with cattails (Typha angustifolia) and Asian crabgrass

(Digitaria bicornis) was observed (Klomjek and Nitisoravut 2005).

Total dissolved solids (TDS) ranged between 680 mg/L to 1200 mg/L (Table 3-1)
and were lower than those typically observed in OSPW (i.e. 2,000 — 2,500 mg/L; Allen,
2008) and within the wide range of concentrations of dissolved solids in surface waters
(i.e. 240 mg/L - 279,000 mg/L) of the Alberta oil sands region (Cowie et al., 2015). No
WQT has been issued for TDS. Removal efficiencies of organic contaminants in
treatment wetlands tend to decrease as salinity increases due to effects on plants,
microorganisms, and substrates (Liang et al., 2017). However, an increase in salinity
has also been shown to decrease PAH solubility and increase sediment-water

partitioning (Means, 1995) which may improve PAH removal the from OSPW.

The pH of OSPW ranged between 7.77 and 7.92 in deployment one, 7.49 and
7.99 in deployment two, and 7.40 and 8.24 in deployment three. Alkaline pH levels

ranging from 8.0 — 8.4 have been measured in OSPW from other facilities in the Alberta

54



oil sands region (Allen, 2008), and are common when alkaline reagents such as sodium

hydroxide are added to the process water to improve hydrocarbon extraction efficiency.

TSS concentrations in the OSPW were below detection limits in deployments one
and two in 2017. This was due to sedimentation in the overburden disposal pond before
water was introduced into the KT wetland. During deployment three in 2018, water was
introduced into the wetland during a single rapid pumping event (< 24 hours) at rates of
4.0 — 4.7 m*/min which caused turbulence and resuspension of sediment in the source
water pond. Since no sedimentation pond was used as a preliminary settling basin,
OSPW entering the KT wetland in 2018 contained higher concentrations of TSS than in
the 2017 deployments. Within the wetland, TSS reduced by 87% after 24 days of

recycling demonstrating the capacity for particulate settling in the KT wetland.

3.4.2. Polycyclic aromatic hydrocarbons in influent

During deployments one and two, freely dissolved concentrations of PAHs in
water were highest for chrysene (1.28 (SE 0.35) and 0.37 ng/L (SE 0.039)), fluoranthene
(0.92 (SE 0.033) and 0.54 ng/L (SE 0.011)), phenanthrene (0.78 (SE 0.075) and 0.88
ng/L (SE 0.047)), and pyrene (5.41 (SE 0.12) and 3.52 ng/L (SE 0.066)), respectively
(Figure 3-2 and Figure 3-3). During deployment three freely dissolved PAH
concentrations entering the wetland were highest for acenaphthene (2.88 (SE 0.082)
ng/L), fluorene (1.34 (SE 0.027) ng/L), phenanthrene (3.83 (SE 0.085) ng/L), pyrene
(2.24 (SE 0.13) ng/L), and retene (2.03 (SE 1.4) ng/L) (Figure 3-4).

With the exception of pyrene in the influent of deployment one, concentrations of
PAHs in the influent were below the criteria for the protection of aquatic life in Canada
(i.e. CCME, 1999) and the water quality targets for the Muskeg River (i.e. Alberta
Environment, 2008). Concentrations of PAHs in the influent were similar to
concentrations measured by Environment and Climate Change Canada (ECCC) in the
Athabasca, Peace, and Slave rivers (Environment and Climate Change Canada, 2015)
(Figure B.1). The concentration of pyrene in the influent exceeded the Alberta
Environment (2008) water quality target and points to the need to develop remediation
strategies to reduce contaminant concentrations to levels that meet environmental

quality guidelines and protect wildlife in or visiting the wetland.
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3.4.3. Wetland treatment performance

Treatment in the KT wetland resulted in statistically significant reductions in
dissolved aqueous concentration for 14 out of 15 PAHs during deployment one, 15 out
of 20 PAHs in deployment two, and 19 out of 22 PAHs in deployment three (

Figure 3-2, Figure 3-3, and Figure 3-4). Freely dissolved concentrations of
pyrene in OSPW reduced from 5.41 (SE 0.12) ng/L to 0.46 (SE 0.044) ng/L during
deployment one, from 3.52 (SE 0.066) ng/L to 0.84 (SE 0.012) ng/L during deployment
two, and from 2.24 (SE 0.13) ng/L to 0.58 (SE 0.0087) ng/L during deployment three.
This corresponds to an Ec, for pyrene of 91, 76, and 75% and an E_; for pyrene of 92,
76, and 74% for deployments 1 — 3, respectively. Values of Ec; and E_; are similar
because water inflows and outflows in the wetland were well balanced. Pyrene
measured in deployment one reduced to concentrations that did not exceed Alberta

Environment's (2008) water quality guideline for pyrene.
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1,7-DMPh = 1,7-Dimethylphenanthrene; 1,8-DMPh = 1,8-Dimethylphenanthrene; 1-MeChry = 1-Methylchrysene;
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Benzo[e]pyrene; Chry = Chrysene; Fla = Fluoranthene; Ph = Phenanthrene; Pyr = Pyrene; Re = Retene

Figure 3-2: Dissolved aqueous concentrations and removal efficiencies of PAHs
in the Kearl Treatment Wetland during deployment one (2017A).
Error bars represents standard error of the mean.
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2-MePh = 2-Methylphenanthrene; 5,9-DMChry = 5,9-Dimethylchrysene; B[e]P = Benzo[e]pyrene; Chry =
Chrysene; Fla = Fluoranthene; F1 = Fluorene; Ph = Phenanthrene; Pyr = Pyrene; Re = Retene

Figure 3-3: Dissolved aqueous concentrations and removal efficiencies of PAHs
in the Kearl Treatment Wetland during deployment two (2017B).
Error bars represents standard error of the mean.
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2,6-DMN = 2,6-Dimethylnaphthalene; 2,6-DMPh = 2,6-Dimethylphenanthrene; 2-MePh = 2-
Methylphenanthrene; 3-MePh = 3-Methylphenanthrene; 5,9-DMChry = 5,9-Dimethylchrysene; Acen =
Acenaphthene; Anth = Anthracene; BiP = Biphenyl; Chry = Chrysene; Fla = Fluoranthene; F1 = Fluorene; Ph
Phenanthrene; Pyr = Pyrene; Re = Retene

Figure 3-4: Dissolved aqueous concentrations and removal efficiencies of PAHs
in the Kearl Treatment Wetland during deployment three (2018).
Error bars represents standard error of the mean.

57



Both Ec;and E.;for individual PAHs varied substantially, i.e. from 0% (no
statistical differences in concentration through the wetland) for certain methylated PAHs
to 92% (for Ec,) and 93% (for E.,) for fluoranthene during the first deployment. The
mean Ec; for all analytes was measured at 72 (SE 4.7)%, 32 (SE 6.9)%, and 50 (SE
5.4)% for each of the three deployments, respectively and closely matched the mean E_;
of 73 (SE 4.4)% for deployment one, 32 (SE 6.9)% for deployment two, and 49 (SE
5.5)% for deployment three. The overall reduction in concentration of all PAHs combined
(2Cpan) ranged between 56% (deployment two) to 82% (deployment one). The reduction
in total mass of all measured PAHs was 83 (SE 37)%, 54 (SE 16)%, and 64 (SE 19)%,
in deployments one, two, and three, respectively. The reductions in mass and
concentrations of the PAHs, and hence E.; and Ec; in each deployment were similar
because the net change of water in the wetland was close to zero with only small gains
and losses of water in the KT wetland. These reductions in concentrations align with
those found in other studies. For example, Terzakis et al. (2008) measured an Ec for the
combined sum of 16 PAHs of 56% after 24-hours in a pilot-scale surface flow wetland
that treated highway runoff in southern Greece. In a pilot-scale vertical flow constructed
wetland system in Munich, Germany (Machate et al., 1997), a 99% reduction in the
concentration of phenanthrene in artificial wastewater (8 ug/L) was achieved over 14
days. The present study measured a reduction in the concentration of phenanthrene in
OSPW influent (i.e. 0.77 ng/L and 3.83 ng/L) in the KT wetland of 36 to 66% over 14
days.

No statistically significant differences between the influent and effluent
concentrations were observed for nine PAHSs (i.e., benzo[b]fluoranthene (deployment
one), 1-methylnaphthalene, 2-methylnaphthalene, 2,3,6-trimethylnaphthalene, 2,6-
dimethylnaphthalene, fluorene (deployment two), and 2,4-dimethyldibenzothiophene,
2,6-dimethylnaphthalene, and biphenyl (deployment three). Five of these chemicals are
naphthalene-based PAHs with low molecular weights, high aqueous solubilities, and
relatively low log Kow (3.86 — 4.73) when compared to the other test chemicals in this
study. High water solubility and low log Kow make substances less susceptible to
mechanisms of chemical removal in rooting media, biofilm, and vegetation because a
higher proportion of the chemical remains in the water phase (Cancelli et al., 2019).
Further, their log Kaw (< 1.72) is moderately low, suggesting evapotranspiration will not

contribute significantly to their removal from OSPW.
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Pyrene, fluoranthene, and chrysene consistently exhibited the highest EL; in all
three deployments whereas 2-methylphenanthrene and 2,6-dimethylphenanthrene
consistently showed the lowest E_; among the three deployments (Figure 3-5). This
further indicates that chemical make-up and properties play an important role in wetland
treatment. The considerable variation in E_; of individual PAHs shows that environmental

conditions also play an important role in wetland treatment.
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Figure 3-5: Mass-removal efficiency of PAHs measured in all three deployments
of PES in the Kearl treatment wetland. Errors bars represent
standard error of the mean.

Toxicity

Chemical activities of individual PAHs (Table B.5) were all far below the baseline
toxicity value (ao) of 0.01. This indicates that individual PAHs in both the influent and the
effluent of the wetland were below concentrations that cause acute toxic effects in biota.
Retene, chrysene, and pyrene exhibited the highest chemical activities in the KT wetland
throughout the study. The highest chemical activities for all three of these chemicals
were found in the forebay during deployment one, where aretene = 5.2 X 10° (SE 1.7 x 10°
©), @chrysene = 4.8 X 10° (SE 5.1 x 107), and apyrene = 4.0 x 10° (SE 8.6 x 107). These
chemical activities reduced to 1.2 x 10°(SE 3.1 x 107°) for retene, 6.1 x 10° (SE 1.6 x
107®) for chrysene, and 3.4 x 10°(SE 4.0 x 10°) for pyrene in the final deep pool of the

wetland, corresponding to reductions in chemical activity of 77, 87, and 91%
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respectively. The largest reduction in chemical activity was observed for fluoranthene
during deployment one, with a reduction of 92%.

The total chemical activity (>.a) for all analytes included in the analysis was also
below the baseline toxicity value (ao) of 0.01 suggesting concentrations of PAHs in water
are below the threshold for acute effects in aquatic biota due to non-polar narcosis.
These results are in agreement with the toxicity experiments with the influent OSPW
performed by Maxxam Analytics (unpublished data), which showed no acute toxicity of
the OSPW to rainbow trout. >.a was highest during deployment three (n3 = 22 PAHSs) at
3.8 x 10* (SE 3.4 x 10®) and reduced to 1.0 x 10* (SE 6.4 x 10®) in the final deep pool
(Figure 3-6). Despite more PAHSs being detected during deployment two (i.e. 20 PAHs)
than during deployment one (i.e. 15 PAHSs), >a was higher during deployment one
largely because average concentrations of PAHs were greater in deployment one than in
deployment two. Since the combined chemical activities of the PAHs investigated in this
study were far below 0.01, both the influent and effluent are not expected to cause PAH
related acute toxicity. Hence, a toxicity reduction as result of wetland treatment cannot
be determined. However, if influents with higher concentrations of PAHs are used,
treatment may cause a toxicity reduction that can be monitored using a passive
sampling approach.
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Figure 3-6: Total chemical activity of >PAHs in polyethylene samplers the
forebay and final deep pool (FDP) during each deployment.
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Some limitations of this approach are noteworthy. First, the total chemical activity
estimate is limited to contaminants that were analyzed in this study. Other contaminants
not quantified in this study are likely to add to the total chemical activity. These
contaminants include ionisable and hydrophilic substances such as naphthenic acids
which have been recognized as the primary source for aquatic toxicity in OSPW (Bartlett
et al., 2017). This means that the total chemical activity of bulk OSPW is likely
underestimated in this study. Redman et al. (2018) have addressed this problem by
analyzing both neutral organics such as PAHs, and ionisable substances such as
naphthenic acids using a non-specific passive sampling technique where the complex
mixture of contaminants in OSPW is analyzed as a single contaminant using gas-
chromatography with flame-ionization detection. Second, the passive sampling approach
applies an equilibrium assumption to equate the chemical activity in the water to that in
the organism. This assumption ignores potential biotransformation of PAHs that may
occur within wetland biota and therefore chemical activity of PAHs and potential for
toxicity in OSPW is likely overestimated. Third, the potential effects of temperature and
conductivity were not incorporated into aqueous solubility estimates when calculating
chemical activity. Despite these limitations of the passive sampling approach, it is
encouraging that the results are consistent with the standard toxicity tests. Further
testing of the passive sampling approach outlined in Redman et al. (2018) for toxicity
testing may be useful in evaluating the effect of wetland treatment on toxicity in wildlife

without undue reliance on animal testing.

3.5. Conclusions

This study shows that a surface treatment wetland is able to substantially reduce
concentrations of PAHs in OSPW. Chemical characteristics as well as environmental
and climatic conditions and wastewater characteristics appear to be important variables
for treatment efficiency in the KT wetland. We aim to use the information of this study as
well as a similar study on naphthenic acids to develop and test a model of the treatment
efficiency of wetlands that can account for the effect of chemical properties, wetland

design characteristics and environmental conditions.
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Chapter 4. Treatment of naphthenic acids in oil
sands process-affected waters with a surface flow
treatment wetland

4.1. Summary

This study explores the treatment efficiency of naphthenic acids in oil sands
process-affected water in the Kearl Treatment Wetland. The study applies a passive
sampling approach using Polar Organic Chemical Integrative Samplers (POCIS) and an
aqueous sampling program to collect concentration measurements of Oz-naphthenic
acids (O2-NAs). The results show the wetland’s capacity to remove naphthenic acids
through wetland treatment varied substantially among NAs and between field study
periods. The relative abundance of the NAs is greatest for C13 to C15 O»-NAs with 3 or
4 double bond equivalents. The average concentration-reduction efficiency for each
deployment was 13 (2018), 62 (2019A), and 3.2% (2019B), based on the POCIS
analysis. The average mass-removal efficiency for each deployment was 7.5% (2018),
68.9% (2019A), and 11.7% (2019B). Removal efficiency for individual naphthenic acids
is found to be proportional to the carbon number of the naphthenic acid congener, and
inversely proportional to the number of double bond equivalents. This relationship occurs
due the partitioning behavior of the NA congeners, characterized by log D (octanol-water
distribution coefficient). Using biomimetic extraction techniques with solid phase
microextraction fibres, bulk OSPW was correlated with D. rerio % deformity (4 d). The
estimated toxic response of OSPW show a relative decrease in % deformity of 67.6%
(ETox.) through approximately one full cycle of the OSPW, i.e. 14 days. This is an

absolute reduction in % deformity of 39.3%.

4.2. Introduction

The oil sands in northeastern Alberta, Canada, contain one of the largest
reserves of hydrocarbons in the world with proven reserves of roughly 165 billion barrels
(Alberta Energy Regulator, 2019a). In 2018, the average production of raw bitumen in
Alberta exceeded 3 million barrels per day (Alberta Energy Regulator, 2019b) from both
in-situ (80%) and surface mining (20%) operations. Oil sands surface mining operations

requires an average of 2.6 barrels of new water to produce one barrel of bitumen
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through water-based gravity separation that strips bitumen from the recovered bitumen-
rich subsurface sand (Alberta Energy Regulator, 2018). As a result, over 990 million m?
of water has been consumed by the industry, and detained in tailings ponds that cover
an area greater than 250 km?. This oil sands process-affected water (OSPW) consists
mainly of solids (sand and clay), water, dissolved organic and inorganic chemicals, and

unrecovered bitumen (Holowenko et al., 2002; Alberta Energy Regulator, 2018).

Identified as a primary constituent of concern in OSPW are naphthenic acids
(NAs) (Toor et al., 2013; Frank et al., 2008) which have shown to elicit toxicological
effects on various aquatic plants (e.g. Armstrong et al., 2007), invertebrates (e.g. Bartlett
et al., 2017), and fish (e.g. Marentette et al., 2015). NAs are naturally forming
compounds commonly found in hydrocarbon deposits, including those found in the
Alberta oil sands, that are released from bitumen during the extraction process and
dissolve into OSPW (Holowenko et al., 2002). NAs consist of a complex mixture of
saturated aliphatic, cyclic and alkyl-substituted carboxylic acids. Classical NAs are
represented by the chemical formula: C,H2,+,02, where n is the carbon number and z is
a negative even integer between 0 and -12 that indicates hydrogen deficiency as a result
of the formation of rings or double bonds. z is often represented in terms of double bond
equivalents (DBE) where DBE = 1 — z/2. In addition to classical NAs, OSPW contains
polyoxygenated NAs (e.g. CnH2n+-Ox), aromatic NAs, and sulfur and nitrogen containing
heteroatom NAs which are, along with the classical NAs, collectively referred to as
naphthenic acid fraction compounds (NAFC; Hughes et al., 2017a). Concentrations of
total NAs in OSPW have been measured up to 120 mg/L (Holowenko et al., 2002).

With an industry primed for continued development, there is a definite need to
develop treatment technologies and management strategies for OSPW to permit the
safe release of OSPW back into the environment and reduce the land area occupied by
tailings ponds. Industry operators recognize this as a major priority and are focused on
reducing freshwater demand, increase recycling of OSPW, and the protection of aquatic
life (Martin, 2015). Due to their physicochemical properties and recalcitrant nature, NAs
in OSPW offer a unique challenge for wastewater treatment technologies. The complex
water chemistry and lack of fully developed, feasible, and effective treatment options
have forced industry to remain with the status quo, i.e. to detain OSPW in large tailings
ponds, which are susceptible to leaching and erosion and present adverse risk to wildlife

(Jasechko et al., 2012). Several treatment technologies are currently being developed
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that have shown potential in degrading NAs and remediating OSPW but require further
research and development to become a feasible solution for this industry. Recently,
studies have shown treatment wetlands to be a potential alternative technology to
remove NAs from OSPW (Ajaero et al., 2018; Hendrikse et al., 2018).

Treatment wetlands are constructed ecosystems that are designed to harness
natural biogeochemistry for remediation and reclamation services. Contaminant removal
in treatment wetlands occurs via multiple biogeochemical mechanisms including
microbial and plant-mediated biotransformation, chemical transformations,
evapotranspiration, and sorption to sediments (Kadlec and Wallace, 2009).
Biotransformation mechanisms and sorption to wetland substrate has been shown to be
the primary mechanisms of removal for organic contaminants in wetlands (Cancelli et al.,
2019; Ajaero et al., 2018). Aliphatic and alicyclic NAs have been shown to primarily
undergo B-oxidation in aerobic microorganisms under oxidizing conditions (Quagraine et
al., 2005; Han et al., 2008). Ajaero et al. (2018) demonstrates that, due to these
oxidative processes for primary NA biotransformation of O2-NAs to polyoxygenated NAs,
the removal of O>-NAs from OSPW best demonstrates the treatment of OSPW and

removal of NAs.

Although NA degradation in wetland-like environments has been investigated
(e.g. Ajaero et al., 2018), there are currently no studies investigating NA removal from
OSPW in a large-scale surface flow treatment wetland within the Alberta oil sands
region. The aim of this study is to investigate the capacity for a free water surface flow
treatment wetland to remove O2-NAs from OSPW with the purpose to inform industry
operators about the feasibility of this wastewater treatment alternative. We focus on the
Kearl Treatment Wetland (KT wetland) at the Kearl Oil Sands site managed by Imperial

Oil Resources Limited.

To investigate wetland treatment for NAs in OSPW, we aim to quantify four
metrics that illustrate treatment efficiency: concentration-reduction, mass-removal, first-
order rate of removal, and toxicity-reduction. The concentration-reduction efficiency was
measured with Polar Organic Chemical Integrated Sampler (POCIS) devices deployed
at the inlet and outlet cells of the KT wetland. These passive sampling devices have
been used to monitor environmental concentrations of a range of polar organic

chemicals including, pesticides, pharmaceuticals, and naphthenic acids (Harman et al.,
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2014; lbrahim et al., 2013). The accumulation of contaminants in POCIS is a reflection of
the time-weighted average bioavailable concentration present in the surrounding water.
The difference in NA concentrations in the POCIS between the inlet and outlet
represents the concentration-reduction efficiency of NAs in OSPW as it passes through
the KT wetland. This efficiency metric reflects the capacity of a treatment system to meet
specific water quality objectives, although no environmental guidelines yet exist for
naphthenic acids. However, the degree to which concentrations change in the wetland
can be sensitive to precipitation and evapotranspiration at the wetland (Cancelli et al.,
2019). Mass-removal efficiency accounts for changes in water volume due to
precipitation and evapotranspiration that may influence OSPW concentrations within the
wetland. This metric for mass-removal represents the removal of contaminant mass from
the OSPW within the wetland and therefore reflects the removal flux from the various
biogeochemical mechanisms that are passively cleansing wetland water of pollutants.
The rate at which contaminant concentrations and mass is removed from OSPW mainly
follows first-order kinetics. The first-order rate constants for chemical removal from
OSPW are provided to illustrate the kinetics of wetland biogeochemistry for the removal
of O2-NAs.

Toxicity-reduction efficiency is a useful metric to assess the feasibility of
treatment wetlands for the safe release of OSPW into the environment. This measure of
treatment efficiency is useful to industry operators who wish to utilize this technology,
and to regulators who require evidence that wetland treatment can reduce the risk to a
receiving environment. We attempt to demonstrate the reduction in OSPW toxicity using
a biomimetic extraction technique for aqueous samples of OSPW collected from the
wetland. Biomimetic extraction (BE) was performed by solid phase microextraction to
measure the bioavailability of acid-extractable organics in the OSPW, which has shown
to correlate bulk OSPW with toxicity (Redman et al., 2018; Parkerton et al., 2017).

The objectives of this study are to 1) profile the suite of O2-NAs present in the
OSPW entering the KT wetland, and 2) evaluate the treatment performance for O2-NAs
in the KT wetland based on the reduction in concentration, removal of mass, first-order

removal rates, and reduction in bulk OSPW toxicity.
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4.3. Materials and Methods

4.3.1. The Kearl Treatment Wetland

The Kearl Treatment Wetland (KT wetland; Figure 4-1) is a free water surface-
flow constructed wetland at the Kearl Oil Sands site (approx. 75 km NNE of Fort
McMurray, AB, Canada; 57°26’00"N, 111° 8'31"W) managed by Imperial Oil Resources

Limited. Data on the KT wetland configuration and design is described in Chapter 3.

Polar Organic Chemical ___________________________
Integrative Sampler #RTT _______fH__

L. Stainless steel ring
Oasis HLB sorbent

Polyethersulphone membrane

A ‘mfn /

Figure 4-1: Kearl Treatment Wetland with Polar Organic Chemical Integrative
Samplers.

OSPW was sourced from a drainage pond situated next to an external tailings
area on the Kearl Oil Sands site. The OSPW was pumped to the wetland during a single
event and fully recycled within the wetland at 5 L/s (430 m®/day), resulting in a hydraulic
retention time of approximately 14 days. The KT wetland operates at a total volume of
water of approximately 6,100 m*. The wetland consists of six cells in series (3 deep
pools, 3 shallow areas) with a longitudinal slope of 0.014%. Water percolates over
shallow interior berms that separate each adjacent cell. The deep pools (forebay, deep
pool 1, and final deep pool) operate at a depth of 1.7 m, and are dominated by
submerged vegetation, but contain a band of emergent vegetation (approx. 5% of area)
along the perimeter of the cells where water depth is shallower. The shallow area cells
(shallow areas 1, 2, and 3) are densely vegetated with a variety of different species
dominated by common cattails (Typha latifolia) and water sedge (Carex aquatilis). The
vegetation is rooted in peat soil from the displaced muskeg originally found on location.

The rooting medium consists of 300 mm of non-compacted peat soil placed over 200
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mm of compacted peat soil layered on a geosynthetic clay liner that was blanketed with

a non-woven geotextile (Chapter 3, Figure 3-1).

4.3.2. Wetland sampling

Passive sampling

Polar Organic Chemical Integrative Samplers (POCIS) were purchased from
Environmental Sampling Technologies (St. Joseph, MO, USA). The POCIS disks
contained Oasis HLB (hydrophilic-lipophilic balance) sorbent between two
polyethersulphone microporous (0.1 um pore size) membranes. The membranes
containing the sorbent are sealed with two stainless steel rings, leaving an exposed area
of 45.8 cm? for passive diffusion of contaminants from the environmental medium to the
Oasis HLB sorbent. The POCIS disks were installed into a stainless-steel holder, and
attached to an anchor-buoy system to sample water flowing through the wetland at water
depths of 0.3 — 0.5 m. Concentrations of NAs accumulated within the POCIS sorbent
after deployment relate to their dissolved aqueous concentrations in the OSPW as
shown in several studies describing the uptake kinetics of POCIS (e.g. Morin et al.,
2012; Harman et al., 2014; Ibrahim et al., 2013).

Three rounds of deployments were performed at the KT wetland beginning on: 1)
August 25, 2018 (2018 deployment), 2) May 12, 2019 (2019A deployment), and 3) June
9, 2019 (2019B deployment). POCIS disks were deployed for five days in triplicate (n =
3) in the forebay (days 0 — 5) and in the final deep pool (days 14 — 19) to correspond
with the estimated 14-day hydraulic retention time in the KT wetland. In 2019, two
consecutive deployments were performed: 2019A (deployment two), and 2019B
(deployment three). The 5-day deployment periods were used to ensure uptake kinetics
of the NAs were still within the linear kinetic regime. This may be required in future
calculations to calibrate the POCIS concentrations to the freely dissolved concentration
of the NAs in the OSPW of the wetland (e.g. Morin et al., 2012).

Prior to deployment, the POCIS disks were stored in a freezer at -20 deg-C.
Following deployment, the POCIS disks were wrapped in aluminum foil, sealed in a
plastic bag, and shipped to the laboratory in a cooler with wet ice to maintain
temperatures < 4 deg-C. Duplicate clean POCIS disks were used as field blanks in the

forebay and final deep pool per deployment (n = 4 per deployment). The field blanks
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were exposed to ambient air during deployment and collection. Concentrations of NAs
measured in the field blanks were subtracted from the concentrations of NAs measured
in the deployed POCIS disks.

The POCIS were analyzed by SGS Axys Analytical Services Ltd. (Sidney, BC,
Canada). POCIS samples were deconstructed and the sorbent material (Oasis HLB)
recovered from within the disks was spiked with internal standard solution, transferred
into a glass chromatography column and eluted with methanol. The analysis of extracts
was performed by high performance liquid chromatography with triple quadrupole mass
spectrometer detection (LC-MS/MS).

NAs concentrations below their detection limit (DL) in all six of the deployed
POCIS from both the forebay (n = 3) and final deep pool (n = 3) were not included in
further analysis. For the 60 NA congeners analyzed in each deployment ranging from
C12H1802 to C21H4002, only 11, 9, and 10 of the NAs from deployment one, two, and
three, respectively, were not included in further analysis. If at least one NA concentration
measurement was above the DL in the POCIS analysis, the remaining sample
concentrations for that NA were all assumed to equal one-half of the DL, i.e. DL/2. This
assumption was made for a total of 15 out of 180 concentration measurements
throughout all three deployments. The large majority of measured concentrations
exceeded their DL. For the remaining substances, a range of concentrations is provided
in Table C.3 that reflects the lower estimate (i.e. assumes concentration is zero) and

upper estimate (i.e. assumes concentration is equal to the DL).

A statistical analysis of the POCIS concentration data was performed by a two-
sample t-test in JMP®, Version 13.1.0. This method was used to test for statistical
differences between concentrations of NAs in POCIS measured in the forebay and final

deep pool (o = 0.05).

Aqueous sampling

Samples were collected in 1L amber glass jars from the forebay of the KT
wetland on days 0, 2, 3, 5, 7, 9, 12, 15, and 20 of the 2018 field study and days 0, 4, 5,
10, 14, and 19 of the 2019 field study, where day 0 is 1) August 25, 2018, and 2) May
12, 2019. Samples were shipped to SGS Axys Analytical Services Ltd. (Sidney, BC,

Canada) for chemical analysis. Samples were homogenized, filtered using Ahlstrom 161
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grade 1.1 ym filters, spiked with internal standard solution and cleaned up by solid
phase extraction. The analysis of extracts is performed by high performance liquid

chromatography with triple quadrupole mass spectrometer detection (LC-MS/MS).

The concentration of 13 NA congeners were below the MDL for all aqueous
samples in both the 2018 and 2019 data and were not included in the assessment of
total naphthenic acids. For 10 NA congeners in 2018 and 7 NA congeners in 2019, at
least one concentration measurement was above the MDL, and the remaining non-
detectable concentration measurements were assumed to equal one-half of the MDL,
i.e. MDL/2.

During sample collection, water quality data were collected on-site for water
temperature, conductivity, pH, oxidation-reduction potential, and Dissolved Oxygen (DO)
using a YSI® Professional Plus Multiparameter instrument, and turbidity using an
Orbeco-Hellige® TB200™ Turbidimeter by WorleyParsons Ltd. (Calgary, AB, Canada).

4.3.3. Wetland treatment performance evaluation

Concentration-reduction

Changes in the concentration (Ec) of the test chemicals passing through the
wetland were derived from the concentration of the test chemical (i) in the POCIS
sorbent (Cs;) measured in the influent wastewater (forebay; C;f}) and treated wetland

effluent (final deep pool; C}*):

COl.lt
Ec; = (1 = ) Eq. 4-1

~ ~in
Cs,i

POCIS in the forebay and final deep pool measured time-weighted average
concentrations of NAs in OSPW from days 0 — 5 and days 14 — 19, respectively,
corresponding with the estimated hydraulic retention time of 14 days. The same
deployment durations allow the difference in NA concentration in POCIS between the
forebay and final deep pool to demonstrate the treatment after approximately one full
cycle of OSPW through the wetland.

73



Changes to the water budget at the wetland can influence Ec;. For example,
precipitation may cause a net increase in water volume within the wetland causing
dilution of contaminants, whereas evapotranspiration may result in a net decrease in
water volume within the wetland causing contaminant concentrations to increase. This
may be significant to wetland operators depending on treatment objectives. If the
objective is to reduce contaminant concentration, then dilution may be helpful. However,
dilution is not viewed as treatment within the wetland. To better characterize the capacity
of treatment wetlands to remediate wastewater, we quantify the removal of contaminant

mass from OSPW in the wetland in terms of the mass removal efficiency, Ew.,i.

Mass-removal

The removal of contaminant mass (Ewm,) normalizes Ec; to the change in the
volume of water in the wetland caused by external inputs such as precipitation and
outputs such as evapotranspiration. Eu, represents the efficiency to remove mass of
chemical i from OSPW as it passes through the KT wetland. Ew,i is a good
representation of the cumulative biogeochemical processes within the wetland that
contribute to contaminant removal from OSPW, i.e. wetland treatment. Eu; was derived
from POCIS measurements corrected to the initial volume of water in the wetland at t =
0, such that:

V19'Cg;lt
Emi=|1-—— Eq. 4-2
" ( Vs Cl )

where Vs and Vg is the volume of water within the wetland on days 5 and 19,
respectively, which correspond with POCIS collection and the end of the POCIS
deployment periods. Vs and V19 were estimated based on V: = Vo + Vp(y) — VeTty Wwhere
Vet and Vet are the volume of water added by precipitation (P) and by
evapotranspiration (ET), from day 0 to t in the wetland. V, is approximately 6100 m?
based on the recorded volume of water added to the wetland at the start of the study.
Precipitation (mm) data was obtained from the Kearl Lake weather station.
Evapotranspiration (mm) was estimated with the Penman-Monteith equation using
temperature, relative humidity, and wind speed data obtained from the Kearl Lake
weather station (calculations demonstrated in Appendix D). The volumetric contribution

of precipitation (Vr) and evapotranspiration (Ver) were calculated using the total
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catchment area and surface area of wetland cells, respectively (i.e. Vp = SAcatchmentP;
Ver = 2SAceis'ET). Total catchment area (SAcatchment = 15,264 m?) includes all area within
the external berms where precipitation runoff can enter the KT wetland. Total surface
area of all wetland cells (ZSAceis = 7,895 m?) represents the wetland surface area
available for evapotranspiration and was estimated as the sum of surface areas at the

operating water levels, i.e. 1.7 m for deep pools and 0.4 m for shallow cells.

Rate of chemical removal

Aqueous grab sample data were used to calculate the first-order removal rate (k)
of O2-NAs within the wetland as the slope of a least squares best fit linear regression
line for the natural log of the concentration of naphthenic acid i (Ceq.i) against time t,

where
v,
Coqi(®) = Ci(1) - (V—t) Eq. 4-3
0

Ceq.i represents the equivalent aqueous concentration of NA i in OSPW, corrected to the
change in water volume (V) in the KT wetland. C;(t) is the concentration of the
naphthenic acids i in the OSPW at time t.

Half-life values were calculated as ti2; = In2/ki. NAs that are more readily
removed from OSPW by passive wetland treatment will have a lower half-life, whereas
more recalcitrant NAs will have a longer half-life. NAs were grouped by carbon number

and DBE to determine removal characteristics for similar compounds.

OSPW toxicity-reduction using biomimetic extraction

Biomimetic extraction (BE) by solid-phase microextraction (SPME) of acid-
extractable organics followed methods described in Redman et al. (2018). In summary,
aqueous samples were collected from the KT wetland in triplicate 100 mL clear glass
jars, shipped on ice at < 4 deg-C, and wrapped in aluminum foil upon arrival to minimize
UV-degradation of organics in the samples. The samples were transferred to triplicate 20
mL vials and sealed with Teflon-faced septum caps. 50 uL of phosphoric acid was added
to each vial to acidify the samples to a pH of ~2.5. Prior to injection into the OSPW

samples, SPME fibres were thermally cleaned in the injection port at 280 deg-C until a
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clean chromatographic baseline was observed for > 3 minutes. The SPME fibres were
then manually injected into the OSPW samples containing a Teflon stir bar rotating at
200-300 rpm for 100 minutes at room temperature (22 deg-C). The GC inlet and FID
was set at 280 and 300 deg-C, respectively. Helium carrier gas was set at a constant
flow rate of 17 mL/min. The GC oven temperature was programmed at 40 deg-C for 3

minutes, then up to 300 deg-C at 45 deg-C/min.

The FID response was normalized against 2,3-dimethylnaphthalene dissolved in
dichloromethane injected at concentrations of 20, 100, and 200 ug/mL. The BE results
were normalized to the polydimethylsiloxane (PDMS) volume (0.132 uL) on the SPME
fibre and reported as mmol/Lrous. Measurements were manually blank corrected using

SPME fibres exposed to deionized water containing 50 uL of phosphoric acid.

The accumulation of freely dissolved hydrocarbons on the SPME fibre acts as a
surrogate measurement for the bioconcentration of contaminants in an organism,
whereby lipids are the presumed site of toxic action. BE measurements do not compare
directly to bioconcentration factors (Redman et al., 2018) because these measurements
do not account for other biological processes such as biotransformation, and due to
differences between lipid-water partitioning of contaminants for biota, and PDMS-water
partition for SPME fibres. However, these BE measurements do correlate with toxic
effects as demonstrated in Redman et al. (2018). The detection of these contaminants
with BE-SPME measurements illustrates the bioavailability of total hydrocarbons in bulk
OSPW samples and shows the potential for these hydrocarbons to accumulate in the

lipids of organisms and cause toxicity.

The reduction in bulk OSPW toxicity (Etox.) represents the change in the toxic
effect on biota from exposure to the raw (inflow) and treated (outflow) OSPW. This was
determined from the BE measurements of OSPW samples collected from the wetland on

day 0 and 14. It is estimated by:

Toxic Effectt:14) Eq. 4-4
q. 4-

Etox. = (1—
Tox. ( Toxic Effect;—g

Using dose-response data from Redman et al. (2018), toxic effects on zebrafish

(D. rerio) embryos and the water flea (C. dubia) can be estimated based on the BE
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measurements of bulk OSPW samples from the KT wetland. To do this we fit a two-
parameter Weibull cumulative distribution function using the Solver function in Microsoft
Excel® using the sum of least squares with the dose-response data points obtained from
Redman et al. (2018) for zebrafish (4d deformity) and embryos (4d survival), and water

flea (7d reproduction; 4d survival).

4.4. Results and Discussion

4.4.1. Naphthenic acids in influent

Figure 4-2 illustrates the relative abundance of O2-species of naphthenic acids in
OSPW entering the wetland organized by carbon number and double bond equivalents
(DBE). The relative abundance of the NAs is greatest for C13 to C15 O2-NAs where
DBE =3 or4 (Z=-4 or-6), in all three deployments. This profile of O2-NAs is similar to
those found in Leshuk et al. (2016) and Ajaero et al. (2018) for OSPW from different
industry sources. Leshuk et al. (2016) detected NAs with carbon numbers ranging from 7
— 21, and DBE from approximately 2 to 7, with the highest relative abundance for C15
(DBE =4) and C17 (DBE = 7) for two industry sources of OSPW. Ajaero et al. (2018)
found the highest relative abundance for C13 (DBE = 3) but high relative abundance for
C12 - C15 (DBE = 3 — 4), similar to the profile of O2-NAs found in this study.
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Figure 4-2: Relative distribution of NAs in OSPW entering the Kearl treatment
wetland on day 0 of deployments one (a), two (b), and three (c).

Total O2-NA concentration in OSPW entering the wetland for each deployment
was measured at 19.7, 20.7, and 13.3 mg/L, respectively. The concentration of individual
O2-NAs in OSPW entering the wetland ranged from 208 ng/L (C20H340-) to 2.68 mg/L
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(C15H240-). Concentrations of O2-NA congeners in OSPW generally decreased with
increasing carbon number. This is expected due to the lower aqueous solubility of these
higher molecular weight compounds. The concentration of total NAs in OSPW has been
shown to range from 20 to 120 mg/L with large variability between tailing ponds (Allen,
2008; Leshuk et al., 2016). The OSPW used in our study was collected from a drainage
pond adjacent to an external tailings area which explains why lower concentrations were

measured compared to other industry sources of OSPW.

4.4.2. Concentration-reduction efficiency (Ec)

The concentration-reduction efficiency (Ec) of each O2-NA measured in the Kearl
treatment wetland is presented in Figure 4-3 for all three deployments. The average Ec
for each deployment was 13, 62, and 3.2%, respectively based on the POCIS analysis.
Using the fit model function in JMP®, both carbon number and DBE are found to be
strong predictors of Ec in each deployment (p < 0.01; a = 0.05; Ec (n, DBE)). This
correlation of Ec with carbon number (n) and DBE give Figure 4-3 a distinctive pattern
where, within each carbon group, Ec tends to increase with: i) increasing carbon number

and, ii) decreasing DBE.

This relationship occurs due the partitioning behavior of the NA congeners,
characterized by log D (octanol-water distribution coefficient). Log D represents the pH-
dependent solubility of all species (ionized and non-ionized) of a substance between
water and organic media. Within the wetland, NAs with higher log D can more rapidly
partition from OSPW into adjacent media for sequestration such as in sediment, or
transformation such as in biofilm and vegetation. Log D values were estimated from
SPARC (Automated Reasoning in Chemistry; ARChem, Danielsville, GA, USA; Hilal et
al., 2004) and compared to carbon number and DBE (log D values available in Sl). As
with Ec, as carbon number increases and DBE decreases, log D increases. This
increase represents a chemical that is more hydrophobic, and that has an increasing

tendency to partition out of the OSPW and into wetland media.
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Figure 4-3: Concentration-reduction (Ec) and mass-removal (Ew) efficiency for
02 naphthenic acids measured with POCIS in the Kearl Treatment
Wetland. Purple data points represent statistically significant Ec
(p<0.05).

The highest average Ec over the three deployments in this study was found for
the C21 group of NA congeners. Similar results were demonstrated in Ajaero et al.
(2018) where O2-NAs with the same DBE showed greater Ec at higher carbon numbers,
which they attributed to variability in transformation rates. However, Huang et al. (2015)
show that NAs with n > 16 experience higher resistance to biodegradation, and Han et
al. (2008) find that carbon number had little effect on the rate of biodegradation
suggesting that sorption to organic media is the primary mechanism of removal from

wastewater for larger O2-NA congeners with higher log D.

Within each carbon group, the highest Ec generally occurs with the lower DBE
congener. DBE represents the level of unsaturation of the O2-NA molecule and indicates
the number of H2 molecules that are needed to convert all molecular bonds to single
bonds, and all rings to acyclic structures. Therefore, the greater the DBE, the greater the
number of total pi bonds and cyclic structures within the molecule. For O2-NAs, this
means greater polarity for the molecule and hence greater aqueous solubility and lower
log D. The resulting decrease in log D limits partitioning from water into wetland media
making them less susceptible to biogeochemical removal within the wetland. In this
study, an increase in DBE within a single carbon group lowers Ec by an average of 5%.
Several other studies have shown that biotransformation occurs with lower ring

structures (Biryukova et al., 2007; Han et al., 2008; Huang et al., 2013; McKenzie et al.,
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2014), whereas more recalcitrant behavior occurs with higher ring structures where DBE
>4 (Han et al., 2009; Wang et al., 2013a; Wang et al., 2013b).

In the 2018 deployment, 11 NAs (n = 49) demonstrated a statistically significant
(p < 0.05; a = 0.05) reduction in POCIS concentration between the forebay and final
deep pool. The 2019A and 2019B deployments showed a statistically significant
reduction in POCIS concentration for 49 NAs (n = 51), and 8 NAs (n = 50; p < 0.05; a =
0.05), respectively. Differences between forebay and final deep pool POCIS
concentrations were primarily observed at higher carbon numbers with lower DBE. The
highest reductions were for C21 (DBE = 4), C18 (DBE = 3), and C21 (DBE = 5) for
deployments one, two, and three, respectively, with an Ec of 60, 81, and 54%. There
were no cases where NAs showed a statistically significant increase in concentration
(i.e. negative Ec) through the wetland. These results demonstrate that more recalcitrant
NAs (i.e. DBE > 4) can be removed from OSPW via wetland treatment supporting
continued research in the design and application of treatment wetlands for industrial
wastewater. Several lower molecular weight NAs in 2018 and 2019B deployments
suggest an Ec of 0, i.e. no statistically significant change in concentration through the
wetland. These lower Ec measurements may be a result of the formation of lower
molecular weight O2-NAs from bioconversion of higher molecular weight NAs (Quesnel
et al., 2011; Islam et al., 2016; Xue et al., 2016). NAs where DBE = 1 are possibly fatty
acids produced from biological sources such as plants and microbes (Sun et al., 2017).
This would mean that our Ec measurements for lower molecular weight NAs are under-
estimated because the final effluent concentration measurements would reflect the
residual NA concentrations in the treated OSPW plus the NAs formed in the wetland
during operation. Ec would therefore not reflect the actual reduction in concentration for
NAs present in the OSPW.

This study is the first to investigate the removal of O2-NAs in a full-scale
constructed wetland within the Alberta oil sands region. Our results demonstrate
significant removal for a variety of O2-NAs present in OSPW. Other studies have
demonstrated the removal of naphthenic acids from small-scale wetland-like
environments. For example, Toor et al. (2013) used bench-scale microcosms with a 40-
day HRT to demonstrate a decrease in NA concentration of 40% and observe a
complete removal of acute (96-hr) mortality for rainbow trout. Ajaero et al. (2018)

demonstrated removal of 57-80% for NAs ranging from C11 to C19 in non-aerated
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horizontal subsurface flow mesocosms after 27 days of treatment. McQueen et al.
(2017) designed a hybrid pilot-scale treatment wetland system with free water surface
wetland cells and a solar photocatalytic reactor. The treatment wetland cells showed no
significant reduction in NA concentrations, but the photocatalytic reactor provided
reductions between 47 — 93 %. Their results suggest hybridization or engineering of
treatment wetlands may be a useful method to optimize the removal of more recalcitrant
naphthenic acids. Some designs include aeration and ozonation (Wang et al., 2013b),
bioaugmentation with bacteria, biostimulation with nutrients and cofactors for microbial
degradation, and the addition of materials such as clays to promote flocculation of

contaminants with bacteria (Quagraine et al., 2005).

4.4.3. Mass-removal efficiency (Ew)

Mass-removal efficiency (Em) shown in Figure 4-3 represents the degree to which
contaminant mass has been removed from the OSPW between the forebay and final
deep pool. The average Ewm for each deployment was 7.5% (2018), 68.9% (2019A), and
11.7% (2019B) for NAs in the POCIS samples.

Ewm accounts for changes to the water budget by normalizing Ec to the initial
volume of water in the wetland on day zero. Dilution of NAs occur in the wetland from
precipitation which increases Ec. Conversely, water loss by evapotranspiration will
decrease Ec (Cancelli et al., 2019). Figure 4-4 illustrates the net change in water volume
within the wetland during each of these deployment periods. The degree to which the
change in water volume from precipitation and evapotranspiration affect Ec is examined

by comparing Ec with Em.

Ewm is less than Ec for all naphthenic acids in 2018, and Ew is greater than Ec for
all naphthenic acids in 2019A and 2019B deployments. In 2018, there was a net gain
(AV) of 429 m® in water volume within the wetland due to high precipitation (771 m?)
coupled with relatively little evapotranspiration (342 m®). The chemical dilution in the
OSPW flowing through the wetland results in lower final effluent concentrations by a
factor of V/Vo. Since Vi/Vy is greater than 1, Ec is greater than Ew. In the 2018
deployment, the average effect of the water budget on Ec is 5.7 (SD 1.3)% meaning that,

on average, Ec is 5.7% higher than Ex during this deployment.
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The warmer, drier conditions in 2019 resulted in a net water loss (AV) of 1,232 m®
and 822 m? from the wetland during the 2019A and B deployments, respectively. Under
these environmental conditions effluent concentrations of NAs are concentrated, and Ec
is reduced. In the 2019 deployments, the average effect of the water budget on Ec is -
6.9 (SD 2.3)% and -8.4 (SD 1.5)% for 2019A and B, respectively. These negative Ec

values indicate that, on average, Ec is lower than E,.
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Figure 4-4: The water balance at the Kearl Treatment Wetland during each of the
three deployment periods. AV = Vp — Vgr where Ve = volume of water
added by precipitation (m®) and Ver = volume of water removed by
evapotranspiration (m®).

Ewm provides a good representation of OSPW treatment caused by endogenous
biogeochemical mechanisms within the wetland acting to remove contaminants from
wastewater. Figure 4-3 illustrates differences in Eu between deployments. With flow rate
and wetland design consistent, these differences can be mainly attributed to variability in
OSPW chemistry and environmental conditions and their effects on wetland

biogeochemistry.

Figure 4-5 provides field measurements of water quality criteria during each
deployment. A statistical analysis of these water quality criteria shows that the turbidity
of OSPW is significantly correlated (p < 0.05; a = 0.05) with the concentration of
naphthenic acids in OSPW. Higher turbidity is accompanied with higher NA
concentration suggesting that a substantial fraction of NAs in water is particulate bound
and a main mechanism of removal for NAs is through sorption to suspended particulates

and settling. This is especially true for higher molecular weight NAs due to their
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physicochemical properties, namely their octanol-water distribution coefficient (log D).
The low turbidity in the OSPW at the start of the 2019B deployment indicates that
sorption and settling was not likely to substantially contribute to NA removal and explains
why treatment efficiencies during this deployment period are low compared to 2018 and
2019A where turbidity was much greater. Differences in Em despite similar turbidity in the
2018 and 2019A deployments indicate that contributions from other biogeochemical

mechanisms are also important for chemical removal.

Naphthenic acids are weak acids with pKa-values around 3.3 for O2 species
(Huang et al., 2017). Under more alkaline conditions, a greater proportion of ionized
acids compared to non-ionized acids will exist in the water. The ionized species have
higher aqueous solubilities and lower log D than their non-ionized counterparts
suggesting a greater fraction of the NA will remain in the water, less will partition into
adjacent media, and removal efficiency will decrease. In addition, a decrease in log D
would suggest a decrease in chemical partitioning from water to lipids, the presumed site
of toxic action for these contaminants. Therefore, the toxic effects of NAs are expected
to decrease under more alkaline conditions. In this study, pH ranges from 6.8 to 8.0.
However, differences between deployments are small so despite the acidic nature of
these contaminants, it is not a significant factor to explain the differences in treatment
efficiency between deployments. Similarly, conductivity and DO are relatively high
throughout the study, and only small differences are observed between deployments.
Conductivity of OSPW is naturally high due to the presence of dissolved solids found in
natural waters around the Alberta oil sands region (Allen, 2008; Jasechko et al, 2012).
Oxygen levels within the OSPW remain high because of the interior berms within the
wetland that work to reaerate the OSPW as it percolates into subsequent wetland cells.
Figure 4-5 illustrates that pH, conductivity, and DO are similar between deployments,
suggesting that, while these criteria may be important for NA removal from OSPW, they

do not explain differences in Em between deployments.

Based on the water quality monitoring data presented in Figure 4-5, differences
in treatment efficiency may be attributed to differences in temperature and oxidation-
reduction potential. Water temperature has effects on reaction rates where colder
temperatures generally slow biochemical reaction kinetics and reduce biological activity
responsible for the biodegradation of NAs. Lower water temperatures are shown for the

2018 deployment which occurred in August through September. At the northern latitude
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of the KT wetland, seasonal changes during these months correspond with relatively low
temperatures and caused seasonal suppression of phytogenic removal mechanisms
such as evapotranspiration or plant-mediated biotransformation of contaminants.
Warmer temperatures in the 2019A deployment are accompanied by higher treatment
efficiencies suggesting that temperature is an important environmental parameter for
wastewater treatment. Lower treatment efficiencies observed in 2019B compared to
2019A, despite experiencing similar temperatures, can be explained from the lower

turbidity and sorption of NAs during the 2019B deployment.

Oxidation-reduction potential (ORP) describes the oxidative or reductive state of
the OSPW within the wetland. More positive ORP describes a system that has a high
capacity to oxidize substances in the wastewater. During the 2019 deployments, ORP in
the wetland water remains positive suggesting transformation and degradation of O2-
NAs occurs through p-oxidation in aerobic microorganisms (Ajaero et al., 2018). This
aerobic environment is maintained throughout all deployments as demonstrated with
high DO concentrations shown in Figure 4-5. In 2018, however, treatment efficiency may
be affected by the negative ORP observed after day 10. In this reductive state, the
biotransformation rate of NAs is limited, and treatment efficiency is reduced. ORP is
known to fluctuate diurnally due to nightly oxygen consumption by vegetation (Nikolausz
et al., 2008). These natural fluctuations explain the coexistence of aerobic and anaerobic
microbes in wetlands (Klsel et al., 1999; Nikolausz et al., 2005). The diversity of the
microbial community means that even when ORP is negative, biodegradation still occurs
through anaerobic pathways. It is important to note that the actual effects of ORP are

difficult to interpret since DO concentrations remain high even when ORP is negative.
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Figure 4-5:

Water temperature, dissolved oxygen, pH, turbidity, oxidation-

reduction potential, and conductivity of OSPW measured in the
Kearl Treatment Wetland during the three deployment periods (2018,

2019A, and 2019B).

4.4 4. First-order removal rate

Figure 4-6 provides average half-life estimates (t1,2) for NAs in the 2018 and 2019

wetland study periods, grouped by carbon number and DBE. t1; is proportional to carbon



number in 2018 (p < 0.01; a = 0.05) but no correlation is found in 2019 (p > 0.05; a =
0.05) for carbon number or DBE.

The half-life of NAs measured in the Kearl Treatment wetland ranges from 11 —
186 days in 2018 and 9 — 76 days in 2019. The differences in ti2 between the two
deployments suggest that environmental conditions impact removal kinetics from the
wetland. The 2018 deployment occurred in August through September when seasonal
changes begin to take effect in the Alberta oil sands region. These seasonal effects are
accompanied by natural perennial changes in the biogeochemistry of wetlands, including
the dynamics of plant senescence. Through senescence, certain plants have been
shown to lose 2.1 mg of fatty acids per leaf each day, corresponding to a decrease in
fatty acids of more than 80% within the leaf tissue (Yang and Ohlrogge, 2009). These
fatty acid chains (DBE = 1) produced by biological sources often resemble low molecular
weight naphthenic acids (Sun et al., 2017). Therefore, it is possible that the longer t1,»
measured for lower carbon numbers in 2018 was a result of additional NAs entering the

OSPW in the wetland during seasonal senescence of wetland vegetation.

a) 2018 ti b) 2019
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Figure 4-6: Observed half-life (days) for naphthenic acids present in OSPW
passing through the Kearl Treatment Wetland in a) 2018 and b) 2019
field studies. NC — not calculated.

Ajaero et al. (2018) show t12 of O2-NAs to decrease with increasing carbon
number, and little effect of DBE on overall rates of removal in a wetland mesocosms.
The longer t12, measured in this study suggest slower removal kinetics may occur in a
full-scale treatment wetland compared to small-scale mesocosms. In tailings ponds, ti/
of NAs has been measured on the order of 12.9 to 13.6 years, demonstrating slow

biodegradation kinetics compared to those in the KT wetland (Han et al., 2009). Under
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conditions with aerobic biodegradation these t1» estimates were found to decrease to 44
— 240 days for industry OSPW containing a mixture of NAs, and even shorter for

commercial NAs (Han et al., 2008; Mahdavi et al., 2015). Ozonation of OSPW has been
shown to further increase rates of biodegradation of NAs and shorten ti,2 from 83 days in
untreated OSPW to 55 days in ozonated OSPW (Wang et al., 2013b). This enforces the
concept that the treatment efficiency of NAs in wetlands is sensitive to DO and oxidation

potential.

4.4.5. Toxicity-reduction efficiency (Etox.)

Figure 4-7 provides the model estimated D. rerio % deformity (4 d) based on the
BE concentration measurements of OSPW collected from the wetland. The results show
a relative decrease in % deformity of 67.6% (Erox.) through approximately one full cycle
of the OSPW, i.e. 14 days. This is an absolute reduction in % deformity of 39.3%.
Chemical analysis of the OSPW samples indicate a reduction in total naphthenic acid
concentration (i.e. 2Cna) over the same 14-day period of 35.4% from 20.6 to 13.3 mg/L.
The reduction in toxicity is promising and demonstrates the capacity for treatment

wetlands as a realistic treatment option for OSPW.

Figure 4-7 shows the reduction of total naphthenic acid concentrations in OSPW
from wetland treatment, as well as the estimated D. rerio (4d deformity) toxic effect used
to calculate Evox. Total naphthenic acids were found to decrease at a rate (k) of 0.015
day™ through the wetland. In addition to D. rerio deformity, several other toxicity data
sets from Redman et al. (2018) were also considered for evaluation. However, our BE
measurements were, in comparison, relatively low and were showing a less than 1%
toxic response for D. rerio fish embryos (4d) survival, C. dubia (4d) survival, and C.

dubia (7d) reproduction.
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Figure 4-7: Biomimetic extraction measurements (MmMOl2,3.dimethyinaphthalene/Lroms)
for total acid extractable organics and estimated toxic effect (% D.
rerio 4d deformity) of OSPW over time in the KT wetland.

This demonstration for toxicity reduction is based on bulk OSPW acid-extractable
organics. Therefore, this representation of Etox. includes all hydrocarbons measured by
BE using solid phase microextraction and may not explicitly describe O2-NAs in the
OSPW. Additional work is needed to quantify the presence of polyoxygenated
naphthenic acids and other naphthenic acid fraction compounds, and neutral
hydrocarbons. In an attempt to quantify the abundance of neutral organics such as
polycyclic aromatic hydrocarbons in our OSPW, we performed BE measurements for
non-acidified OSPW samples alongside the acidified OSPW samples. Chemical analysis
found non-detectable concentrations of neutral organics by day 4 using the methods
described here without acidification. Therefore, neutral organics likely only contribute
minimally to overall bulk hydrocarbon measurements, and levels from previous work
shows concentrations are in the ng/L range (Chapter 3) confirming naphthenic acids as

the main constituents of concern based on abundance and toxicity.

The toxicity of NAs has been shown to correlate with carbon number (Frank et
al., 2010; Hughes et al., 2017b). Low molecular weight NAs elicit a lower toxic response
compared to higher molecular weight NAs because of their higher aqueous solubility and
slower rates of diffusion into organic media such as biota lipids, the presumed site of
toxic action for NAs. High molecular weight NAs elicit greater toxic effects due to their

partitioning behaviour between OSPW and biota lipids. This phenomenon is depicted by
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log D (octanol-water distribution coefficient) and is captured with our BE-SPME
measurements since SPME fibre-OSPW partitioning is a surrogate measurement for
lipid-water partitioning and chemical bioconcentration in biota. A promising result of this
study shows that NAs with higher carbon numbers and molecular weight have greater
treatment efficiencies (Figure 4-3) and experience more rapid rates of removal (Figure
4-6) suggesting treatment wetlands are a viable option to contribute to OSPW

remediation.

4.5. Conclusions

Total O2-NA concentration in OSPW entering the wetland for each deployment
was 19.7, 20.7, and 13.3 mg/L, respectively. The concentration of individual O2-NAs in
OSPW entering the wetland ranged from 208 ng/L (C20H3402) to 2.68 mg/L (C15H2405).
Concentrations were highest for C43 to C1s O2-NAs where DBE =3 or4 ( Z = -4 or -6), in
all three deployments. The average Ec for each deployment was 13, 62, and 3.2%,
respectively. The average Ewm for each deployment was 7.5%, 68.9%, and 11.7%,
respectively. Removal efficiency for individual naphthenic acids is found to be
proportional to the carbon number of the naphthenic acid congener, and inversely
proportional to the number of double bond equivalents. This relationship occurs due the
partitioning behavior of the NA congeners, characterized by log D (octanol-water
distribution coefficient). Higher log D for NAs supports partitioning from the water to
adjacent organic media in the wetland where mechanisms such as biotransformation
may occur. Turbidity is shown to correlate with NA concentration in the wetland
indicating that sorption to suspended particulates and settling is also an important
mechanism of removal for more hydrophobic substances. Environmental conditions such
as temperature, precipitation, evapotranspiration influence chemical fate and treatment
efficiency of NAs in the wetland. The half-life of NAs measured in the Kearl Treatment
wetland ranges from 11 — 186 days in 2018 and 9 — 76 days in 2019. Using biomimetic
extraction techniques with solid phase microextraction fibres, bulk OSPW was correlated
with D. rerio % deformity (4 d). The estimated toxic response of OSPW show a relative
decrease in % deformity of 67.6% (Erox.) after one 14-day cycle through the wetland.
This is an absolute reduction in % deformity of 39.3%. The removal of higher molecular

weight NAs demonstrates the potential for treatment wetlands to remediate OSPW.
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Chapter 5. Development and testing of a
mechanistic model for wetland treatment of
contaminants in oil sands process-affected water:
application to the Kearl Treatment Wetland in Alberta

5.1. Summary

A mechanistic model of contaminant fate in a free water surface flow wetland
was developed to assess the removal efficiency of polycyclic aromatic hydrocarbons and
naphthenic acids — chemicals which are ubiquitous in oil sands process-affected water.
The model was applied to the Kearl Treatment Wetland on the Kearl Oil Sands site. The
model was tested and evaluated using data described in Chapters 3 and 4. Model
testing shows low overall systematic bias in model estimates for the calibrated model
which applies temperature-correction models to abiotic and biotic rate constants

describing intermedia chemical transformation and transport within the wetland.

Model simulations show that total transformation from the wetland is greatest for
substances with a log Kow or log D between 3.0 and 5.5. Evapotranspiration is highest
for chemicals with a Kaw greater 10 and log Kow or log D less than 3.0. However, the
OSPW contaminants modelled in this study do not exceed a Kaw of 0.02 and therefore
evapotranspiration is not expected to significantly contribute to OSPW remediation in
wetlands under normal operations. Chemical removal is highly sensitive to
biotransformation rates in the wetland for chemicals with a log Kow or log D less than 7.
Chemicals with log Kow or log D greater than 7.0 exhibit low removal efficiency even
when biotransformation rates are high. These highly hydrophobic substances are
therefore not suitable for long-term wetland treatment. The treatment wetland model
presented here may be used by industry operators to assess the feasibility of these
treatment systems to meet specific water quality objectives for their wastewater. The
model can be also be used to assess trade-offs in wetland design and operation to

balance treatment performance with design specifications and operational limits.
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5.2. Introduction

To better manage large volumes of oil sands process-affected water (OSPW)
produced during bitumen extraction, the oil sands mining industry is investigating various
wastewater treatment technologies. One of the more promising technologies is wetland
treatment. Treatment wetlands are constructed, artificial ecosystems designed to
harness the natural biogeochemistry of wetlands for removing pollutants from
wastewaters. This water treatment technology has been successfully integrated into a
number of different industries for the treatment of agricultural runoff (e.g. Page et al.
2010), mine wastewater (e.g. Batty and Younger, 2004), municipal and domestic
wastewater (e.g. Toscano et al., 2009), leachate (e.g. Sim et al., 2013), and petroleum
refinery process water (e.g. Knight et al., 1999). Treatment wetlands are continuing to
emerge as a technology that may contribute to a more sustainable oil sands industry by
reducing the demand for freshwater (i.e. recycling) and reducing the release of polluted
waters back into the environment. To further this technology, it is important to better
understand the biogeochemical mechanisms within the wetland, and how they contribute

to the removal of contaminants from OSPW.

OSPW is a complex mixture organic and inorganic substances. The main organic
chemicals in OSPW are polycyclic aromatic hydrocarbons (PAHs) and naphthenic acids
(NAs). PAHs are hydrophobic neutral organic contaminants naturally found in bitumen
that cause adverse effects in wildlife (Collier et al., 2013; Alharbi et al., 2016; Li et al.,
2017). NAs are naturally occurring organic acids in bitumen and widely considered the
main toxic component of OSPW (Toor et al., 2013; Frank et al., 2008). The PAHs and
NAs in OSPW exhibit widely varying physicochemical properties that affect the fate of
these substances in wetlands. It is the purpose of this study to develop and test a mass-
balance model of the behaviour of PAHs, NAs, and other hydrophobic organic
contaminants in OSPW in surface flow wetlands using the Kearl Treatment Wetland in

northern Alberta as the test case.

Several models have been developed for treatment wetlands. These treatment
wetland models focus on hydrology and general water quality metrics like biochemical
and chemical oxygen demand, nitrogen removal, and phosphorus removal in wetlands
(e.g. Chen et al., 1999; Wynn and Liehr, 2001; Mayo and Bigambo, 2005). There are

currently no treatment wetland models of the fate of both neutral and ionic organic
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contaminants. However, such models are needed to assess the feasibility of treatment
wetlands to meet treatment and water quality objectives (e.g. CCME, 1999) based on
site-specific conditions and to provide guidance for treatment wetland design and

operation.

5.3. Theory

Treatment wetland systems are grouped into three categories based on their
hydraulic flow regimes: 1) free water surface-flow wetlands such as the Kearl Treatment
Wetland have an open surface water column; 2) Horizontal- and 3) Vertical-subsurface
flow (SSF) wetlands represent aquifer-like designs with water flow occurring horizontally

or vertically by gravity drainage through course-grained media.

The model is designed for both neutral hydrophobic contaminants such as PAHSs,
and polar organic contaminants such as NAs, both of which are relevant to the oil sands
industry due to their ubiquity in OSPW and potential to cause adverse effects in wildlife.
The model follows the environmental modelling approach established by Mackay et al.
(1983) (Quantitative Water-Air- Sediment Interaction (QWASI) model), Mackay (2001)
(Level I 1V fugacity models), Clark et al. (1995) (Sewage Treatment Plant (STP) model),
Arnot and Gobas (2004) (AQUAWEB Food Web Bioaccumulation model), and others,
including a previous contaminant-fate wetland model designed for horizontal subsurface

flow systems (Cancelli et al., 2019; Chapter 2).

The main objective of the model is to estimate effluent concentrations of
contaminants that have entered the wetland in OSPW. The model therefore derives the
wetland’s efficiency of contaminant removal as a function of the physicochemical
properties of the contaminants, wetland characteristics, and environmental conditions.
The wetland model includes a number of cells, i.e. 6 for the Kearl Treatment Wetland
that are arranged in series (Figure 5-1). Each cell consists of water (W), rooting media
(RM), submerged vegetation (SV) and emergent vegetation (EV). Each medium in each
cell is modelled as a well-stirred tank reactor. Chemicals are introduced into the wetland
through advective wastewater flow. In this study, the wastewater input into the wetland
only occurred on day zero of each study period. Water may also enter the wetland
through precipitation and is subject to evaporation and transpiration. To mimic the

operational conditions at the Kearl treatment wetland during our study, the outflow from

98



the final wetland cell is recycled back into the forebay of the wetland for all time-

dependent model simulations. Within each cell, contaminants are subjected to a series

of diffusion, advection, and transformation processes.

Figure 5-1:
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Conceptual diagram of the Kearl Treatment Wetland (top) and close-
up of wetland chemical fate processes (bottom). Solid arrows
represent transport processes of the chemical in wetland media.
Dashed arrows represent transformation processes (chemical,
physical, or biological). The effect of vegetation growth on the
concentration of the chemical in plants is not shown.

Diffusion processes are described by a “two-film diffusion” model first introduced

by Whitman (1923). This model uses mass transfer coefficients to derive intermedia

transport rates for water-rooting media, water-vegetation, water-air, and vegetation-air

based on the fugacity gradient between those media. Diffusion and transformation act

upon freely dissolved contaminants in the wetland media. Plant uptake and transpiration

processes incorporate the model developed by Trapp and Matthies (1995). Contaminant

uptake into plants occurs by diffusion from water into submerged vegetation, and uptake

from rooting media into xylem tubules based on the transpiration-stream concentration

factor (TSCF) calculated as the larger value between:
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[_(logl(ow—z.w)2 Eq 5-1

TSCF =0.7-e 278 , or

[_w] Eq. 5-2
TSCF =0.784-e 2.44

where Kow is the octanol-water partition coefficient (D for ionizable substances; unitless).
The concentration of contaminants in rhizome vegetation is the product of the TSCF

(unitless) and the freely available concentration of contaminant in the rooting medium
(g/kg).

Advective processes include water inflow and outflow, sedimentation and
resuspension, and xylem flow from rhizomes to submerged and emergent vegetation.
Chemical removal via sedimentation occurs through chemical sorption to suspended
sediment, subsequent deposition of these suspended sediments onto rooting media.
Burial of these sediments by newly deposited particles may occur, representing a
pseudo-loss process where the chemical becomes entrapped in deeper sediments
rendering it unavailable for re-introduction into the system. Resuspension of sediment
solids that contain sorbed fractions of contaminants can re-introduce contaminants into
the wetland water. Contaminant transport from the rooting media to submerged
vegetation, and from submerged vegetation to emergent vegetation is assumed to occur
principally through xylem flow, while phloem and aerenchymal transport are considered
negligible. Thus, the model is not applicable to describe the fate of gases such as
methane or oxygen, or essential nutrients such as nitrogen and phosphorus. Advective

flow through xylem tubules (Qux) and into the submerged vegetation is determined as:

_ QET Eq 5-3
Np " SAW

QWX
where Qr is the evapotranspiration rate (L/day) from the vegetated wetland cells
estimated from the Penman-Monteith equation (Appendix D, Table D.5), N is the
number of plants per m? in the vegetation wetland cells, and SAw is the surface area of
the wetland cells. Contaminant flux (g/day) from rhizome to submerged vegetation is

determined as the product of Qux (m®day) and the freely available concentration of
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contaminants in rhizome vegetation (g/m®). For our modelling purposes, the atmosphere

does not act as a source of contaminant mass, but only as a contaminant sink.

Transformation processes include chemical reactions, physical degradation, and
biological transformation. Chemical transformations result from reactions with other
chemicals within the wetland environment, and physical transformations may occur from
UV-exposure (Fasnacht and Blough, 2002). Biological transformation (biotransformation)
occurs from microbial activity (rooting medium), or enzymatic degradation within wetland
vegetation (submerged and emergent vegetation). All transformation processes are
modelled as non-reversible first-order degradation pathways. Transformation is assumed
to act upon the freely dissolved contaminant fraction in the environmental media
whereas particle-bound contaminant fractions are not subject to transformation (Kickham
et al., 2012). Wetland transport and transformation processes are incorporated into 4
first-order mass-balance equations describing chemical-fate (Table 5-1, Eq. 5-4, Eq. 5-5,
Eq. 5-6, and Eq. 5-7).
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Table 5-1: Model calculations for chemical fate in free water surface flow
treatment wetlands.
Symbol | Description Calculation
Ciw,e Concentration of dg; Eq. 5-
" contaminant i in W Cliva = Qc " Ce-1 + Krm-w - Mirm,c %04
water, cell ¢ (g/m?) — (kw-rm + ky + ko + kyye)
' Ci,W,c ' VW,c
Qc = volumetric flow rate (m3/day) of water entering cell ¢
QcCiw,c1= mass loading of contaminant i into cell ¢, from the
previous cell ¢ — 1 (g/day)
Miru,c = mass of contaminant i in rooting medium, cell ¢ (g)
Vi, = volume of water, cell ¢ (m3)
k = rate constant for transport and transformation processes (day')
t = time (days)
c = 1 (forebay) to 6 (final deep pool)
Cirve | Concentration of v dCirmc I GV Eq. 55
contaminant i in RMce™ ¢~ "W-RM HiWc YW
rooting medium, cell — (krm-w + krm-sv + Kkp
¢ (g/m’) + krme) " Mijrm,c
Ciw,c = concentration of contaminant i in water, cell ¢ (g/m?)
Miru,c = mass of contaminant i in rooting medium, cell ¢ (g)
Vi, = volume of water, cell ¢ (m3)
k = rate constant for transport and transformation processes (day')
t = time (days)
c = 1 (forebay) to 6 (final deep pool)
iSv.e ncentration of G . 5-
Cisv, (?(?nt(;;ingn?i ir? SV,c _;Stv,c = kw-sv* Ci,W,c ’ VW,c + Krm-sv £q. 39
submerged *Mj rMm ¢
vegeatation, cellc — (ksy_w + ksy_gv + ksyt
(g/m’) + kgSV) "M sy
Ciw,c = concentration of contaminant i in water, cell ¢ (g/m?)
Miru,c = mass of contaminant i in rooting medium, cell ¢ (g)
Misv,c = mass of contaminant i in submerged vegetation, cell ¢ (g)
Vlw,c = volume of water, cell ¢ (m3)
k = rate constant for transport and transformation processes (day')
t = time (days)
c = 1 (forebay) to 6 (final deep pool)
Cieve | Concentration of dCigy,c Eq. 5-7
contaminant i in EVie ™ gt ksv-gv - Misv,c
emergent — (Kgv—air + Keve + kgEV)
vegetation, cell ¢ M v c
(g/m?) Ciw, = concentration of contaminant i in water, cell ¢ (g/m?)
Misv,c = mass of contaminant i in submerged vegetation, cell ¢ (g)
Miev,c = mass of contaminant i in emergent vegetation, cell ¢ (g)
Vw,c = volume of water, cell ¢ (m3)
k = rate constant for transport and transformation processes (day')
t = time (days)
c = 1 (forebay) to 6 (final deep pool)
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Symbol | Description Calculation
¢ Volume of water in dvy Eq. 5-8
Vi C;)”uc (?T'I?) o dV:,C =Vc+ VP,c - VET,c |
¢ = initial volume of water in cell ¢ (m3)
V. = volume of water added via precipitation to cell ¢ (m3)
Ver = volume of water removed via evapotranspiration from cell ¢
(m?)
c = 1 (forebay) to 6 (final deep pool)
ko Outflow (day") - % Eq. 59
Qcout = Water outflow from wetland cell ¢ (m®/day)
Vw, = Volume of water in wetland cell ¢ (m?)
ky Volatilization (day-') SAw - (1 — Pyeg) * fow " Ve Eq. 510
SAw = Surface area of water (m?)
®y,q = Fraction of vegetation coverage in wetland (unitiess)
fow = Fraction of freely dissolved contaminant in water (unitless)
Ve = Volatilization mass transfer coefficient (m/day)
Vlw = Volume of water in wetland cell (m®)
Kw-rm Overall water-to- = kw-rm1HKw-rm2 Eq. 5-11
sediment transport K _ Vssfpw " Kpw
(day") WoRML =5 71000 Vi
[sedimentation, SArm V4 " fow
diffusion] kw-rM2 = — vo
A\
Vss = Solids settling rate (m/day)
fow = Fraction of freely dissolved contaminant in water (unitless)
Kow = Suspended solids—water partition coefficient (L/kg)
ps = Density of solids in rooting medium (kg/L)
Viw = Volume of water in wetland cell (m®)
SAru = surface area of rooting medium (m2)
vq4 = Water-to-sediment diffusion mass transfer coefficient (m/day)
Kru-w Overall sediment-to- | = Krmw1+Kruwz Eq. 5-12

water transport
(day-1)
[resuspension,
diffusion

Kk _ Vps * fss .
RM-W1 ™ 5 1000 - Vg

K _ SAgm "vq - fps
RM-W2 =~ y——

©®

RM
Vis = Solids resuspension rate (kg/day)
fs= fraction of contaminant in solids of rooting medium (unitless)
ps= Density of solids in rooting medium (kg/L)
Vkrm= Volume of rooting medium (m?)
SArm = Surface area of rooting medium (m?)
vq = water-to-sediment diffusion mass transfer coefficient (m/day)
fps= fraction of freely dissolved contaminant in water of rooting
medium (unitless)
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Symbol | Description Calculation
ks Burial (day") _ SAgm " Vp “fss Eq. 5-13
= 01000 - Vgyy 7
SArm = Surface area of rooting medium (m?)
vp = Sediment burial rate (kg/day)
fss= Fraction of contaminant in solids of rooting medium (unitless)
ps= Density of solids in rooting medium (kg/L)
Vrm= Volume of rooting medium (m?)
krwsv | Rhizome vegetation |  fps - Qux " TSCF
to submerged - Van '
vegetation (day) fps= Fraction of freely dissolved contaminant in water of rooting
medium (unitless)
Qux = Flow rate of water through xylem tubules in wetland
vegetation (L/day per plant)
TSCF = Transpiration-stream concentration factor (unitless)
Vrn = Volume of rhizomes (m?)
kw-sv Water-to- SAgy - Vwaterveg fow Eq 5-14
submerged = Viy '
vegetation diffusion | SAq, = Surface area of submerged vegetation (m?)
(day”) Vuateneg = Water to submerged vegetation diffusion mass transfer
coefficient (m/d)
fow= Fraction of freely dissolved contaminant in water (unitless)
Vlw = Volume of water in wetland cell (m®)
ksv-w Submerged Kw_sv Eq. 5-15
vegetation to water - Kyegwater '
diffusion (day-") kw.sv = Water-to-submerged vegetation diffusion (day-")
Kvegwater = Vegetation-water partition coefficient (L/kg)
ksvev | Submerged _ Qux " fwveg " Preg | Eq. 5-16
vegetation to - Wsy
emergent vegetation | Q,, = Flow rate of water through xylem tubules in wetland
transport (day) vegetation (L/day per plant)
fwveg= Contaminant fraction in water of vegetation (unitiess)
Pveg= density of vegetation (kg/L)
Wsv = Weight of submerged vegetation (kg/plant)
Kev-air Emergent SAgv " Vr * fwveg Eq. 5-17
vegetation to air = Ve - Kyegair '
transport (day") SAev = Surface area of emergent vegetation (m?)
vt = Transpiration mass transfer coefficient (m/day)
fwveg= Contaminant fraction in water of vegetation (unitiess)
Vev = Volume of emergent vegetation (m3)
Kvegair = Vegetation-air partition coefficient (L/kg)
kit Transformation in _In@) Eq. 5-18
-1 -
water (day) t%,w

t1,,,/= Transformation half-life of chemical in water (days)

>
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Symbol | Description Calculation
Krut Transformation in _In(2) Eq. 5-19
vegetated rooting Y
medium (day-") 2RM
M= Transformation half-life of chemical in rooting medium
2
(days)
Ksvt Transformation in _In(2) Eq. 5-20
submerged T
vegetation (day") 25V _
t1 gy~ Transformation half-life of chemical in submerged vegetation
2
(days)
Kewvt Transformation in In (2) Eq. 5-21
emergent vegetation | T ¢,
(day’) 2=
S Transformation half-life of chemical in emergent vegetation
2
(days)
Kgsv Growth dilution in Model input
submerged
vegetation (day')
kgev Growth dilution in Model input
emergent vegetation
(day)
® Arrhenius equation, | ¢ = 0Tw=5 Eq. 5-22
temperature 0 = Temperature correction coefficient (unitless)
correction Tw = water temperature (deg-C)
¢ Qs model, o Tws Eq. 5-23
temperature cb_— Qs . . ,
correction Qs = Temperature correction coefficient (unitless)
Tw = Water temperature (deg-C)

The model is solved for both steady-state (dC/dt = 0) and time-dependent

simulations though a Euler-type numerical simulation for individual contaminants. The

model derives contaminant concentrations in water, rooting media, submerged

vegetation, and emergent vegetation using the finite differences technique. The steady-

state solution of the model is useful for assessing the wetland’s removal efficiency for

contaminants as a result of a constant wastewater in and outflow in the wetland (i.e.

water is not recycled). The time-dependent solution of the model provides a tool to

assess the change in concentration of the chemical in the wetland water over time and is

useful if operating conditions are not constant over time and, in the case of this study,

the wastewater is recycled. The time-dependent model is designed to react to daily

precipitation events, and evapotranspiration of water from the wetland making

concentration estimates responsive to changes in the water budget.
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5.4. Materials and Methods

5.4.1. Application to the Kearl Treatment Wetland

The model was parameterized and calibrated to the Kearl Treatment Wetland
(KT wetland), a free water surface-flow constructed wetland on the Kearl Oil Sands site
operated by Imperial Oil Resources Limited (approx. 75 km NNE of Fort McMurray, AB,
Canada; 57°26°00"N, 111° 8'31"W). The design and operation of the KT wetland is
described in Chapters 3 and 4. Model input parameters for the KT wetland are presented
in Table 5-2. The KT wetland is approximately 1 ha in total area and consists of six cells-
in-series (three deep pool and three shallow areas) whereby water is pumped into the
forebay and percolates over interior berms to enter subsequent cells. Wetland
investigations were performed between May and September from 2017 to 2019. In 2017,
OSPW was pumped into the wetland from a runoff detention pond and was returned
back into this detention pond from the final deep pool of the wetland. In 2018 and 2019,
OSPW was pumped from a drainage pond situated next to an external tailings area at
the Kearl Oil Sands. The OSPW was pumped into the wetland during a single pumping
event and fully recycled for the duration of the study (i.e. no external detention pond was

used).
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Table 5-2: Model parameters that describe the Kearl Treatment Wetland.

Wetland parameter Symbol  Value ‘
Surface area of wetland cell (water and rooting medium)  SAw & 1497
(m2) SArM 24412
3545
4695
51001
6455
Vegetation cover (%) Dyeg. 110%
239%
310%
422%
551%
610%
Surface area of catchment area (m2) SAcatchmen 1960
t 28528
31053
41343
51935
880
Average water depth (m) Dw 1361.7
245 04
Depth of rooting medium (m) Drwm 0.5
Number of emergent plants per m2 Np 1
Water content of vegetation (g/g) Wp 0.8
Weight of rhizomes of one plant (kg/plant) Wrn 1
Weight of submerged part of one plant (kg/plant) Wy 1
Weight of emerged part of one plant (kg/plant) Wev 3
Surface area-volume ratio for submerged vegetation AVsy 400
(m2/m3)
Surface area-volume ratio for emergent vegetation AVey 800
(mZim3)
Density of suspended solids (kg/L) Pss 15
Density of rooting medium solids (kg/L) Ps 1.85
Density of vegetation (kg/L) Preg 0.85
Density of organic carbon (kg/L) Poc 1
Organic carbon content of suspended solids (unitless) OCpw 0.05
Organic carbon content of rooting medium solids OCss 0.382
(unitless)
Organic carbon content of vegetation (unitless) OCv 0.005

1—cell 1, forebay
2—cell 2, shallow area 1
3 —cell 3, deep pool 1

4 —cell 4, shallow area 2
5—cell 5, shallow area 3
6 - cell 6, final deep pool

Daily precipitation, evapotranspiration, and temperature are provided to the
model for the duration of the model testing simulations. Precipitation rates during field

work was obtained from the Kearl Lake weather station. Evapotranspiration was
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estimated with the Penman-Monteith equation using air temperature, relative humidity,

and wind speed data obtained from the Kearl Lake weather station (Chapters 3 and 4).

Water temperature measurements from the wetland were collected during field
studies using a YSI® Professional Plus Multiparameter instrument. These measurements
are incorporated into the model for estimations of temperature-dependent rate
constants. For rates of water-sediment partitioning, water-vegetation partitioning,
volatilization, and particulate settling (i.e. abiotic processes) the model incorporates the
Arrhenius equation: kr = k58 "° where kr is the modified rate constant (day™) at
temperature T (deg-C), ks is the rate constant at 5 deg-C, 8 is the temperature correction
coefficient used to calibrate the physical removal mechanisms with changes in
temperature. For rates of microbial degradation in the rooting medium or plant-mediated
enzymatic transformation in the vegetation (i.e. biotic processes), the model incorporates
a Qs temperature correction (i.e. a modified Q10 model; e.g. Yuste et al., 2004): kt = ksQs
(55 where Qs is the temperature correction coefficient used to calibrate the biological
processes to temperature. Both an Arrhenius and Qs temperature correction methods
are used since rates of abiotic processes such as sorption are exothermic processes
and therefore inversely proportional to temperature (Hijosa-Valsero et al., 2010) whereas
biotransformation rates are proportional to temperature (Kadlec and Wallace, 2009;
Tang et al., 2017). Using both temperature-correction methods ensures the model more
accurately responds to changes in temperature. 8 and Qs were determined by trial-and-
error during model testing. This method is viewed as a calibration technique to improve

model bias.

5.4.2. Test Chemicals

Concentrations of polycyclic aromatic hydrocarbons (PAHs) and naphthenic
acids (NAs) in OSPW were collected from the wetland forebay and final deep pool by
use of passive sampling devices and water sampling methods. Chapter 3 describes the
collection of dissolved PAH concentrations in OSPW using polyethylene passive
sampling devices in 2017 and 2018. The passive sampling data from 2017 for PAHs was
used for the testing and calibration of the steady-state version of the model. Chapter 4
describes the collection of dissolved NA concentrations in OSPW using Polar Organic
Chemical Integrative Samplers (POCIS) in 2018 and 2019. OSPW samples collected

from the wetland forebay at specified time points during wetland operation in 2018 and
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2019 were analyzed for both PAHs and NAs. The passive sampling data and water
samples collected in 2018 and 2019 for PAHs and NAs were used for testing and

calibration of the time-dependent version of the model.

A total of 46 PAHs and 60 NAs were used for model calibration. Physicochemical
properties required for model input parameters of PAHs were obtained from EPISuite
v4.11 program. Due to the ionizing nature of NAs, log D (octanol-water distribution
coefficient; unitless) and H (Henry’s Law constant; m*Pa”mol™) were estimated in-silico
with SPARC (Automated Reasoning in Chemistry; ARChem, Danielsville, GA, USA, Hilal
et al., 2004) using SMILES notation generated by the authors for representative NAs
based on carbon, hydrogen number, and number of double bond equivalents.
Calculations were performed at ionization strength of 0.04 M, calculated from water
chemistry data collected from the OSPW (unpublished data). The uncertainties in these
estimates of physicochemical properties are not well established, however uncertainty of
all model inputs is evaluated in the model bias calculations. The half-life of individual
NAs was estimated using data from Ajaero et al. (2018) and Chapter 4. Some
modifications were needed to better represent biotransformation, not just overall
contaminant half-life within wetland systems as both studies report. Chemical properties

are presented in Appendix D, Tables D.1 and D.2 for PAHs and NAs, respectively.

5.4.3. Model output

In each cell (c), the concentration of contaminant (i) in water (Ciw,c), rooting
media (Cirm,c), submerged vegetation (Cisv.c), and emergent vegetation (Ciev.c) is
estimated by the model. Contaminant mass flux terms (g/day) are calculated as M;ki.x
where M; is the mass of contaminant (g) in media j (W, RM, SV, EV) and kj.x is the rate
constant for contaminant transformation in media j or transport from media j to k.
Removal flux terms in the treatment wetland model include: burial, growth dilution of
vegetation, volatilization and transpiration (i.e. evapotranspiration), and transformation in

rooting media, submerged vegetation, and emergent vegetation.

Treatment removal efficiency is calculated for concentration-reduction (Ec,;) and

mass-removal (E.,) from the wetland water as:
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C:
Ec; = (1 - “W'6> Eq. 5-24

iw,1
and
out , C.
Ey; = <1 _ % Ciwe l'W'6> Eq. 5-25
Q; - Ci,w 1

where C; , ¢ is the concentration of contaminant i in water in the final deep pool (cell 6) of
the wetland, C;, , is the concentration of contaminant i in water in the wetland forebay

(cell 1), and Q2" is the flow rate of water leaving cell 6 (out) and Q1 is the flow rate of
water entering cell 1 (in) of the wetland. Ec; is sensitive to all model inputs (n = 52)
including chemical properties and wastewater quality (n = 15), environmental conditions
(n = 5), wetland design (n = 8), and other wetland parameters concerning chemical fate
(n = 24), all of which are programmable in the model. E.; accounts for changes in the
volume of water in the wetland from precipitation and evapotranspiration and therefore a

better representation of the chemical removal from wastewater in the wetland.

5.4.4. Model performance analysis

The overall performance of the model was evaluated by comparing model-
estimated concentrations (Cmodelw) to empirical concentrations (Cops.w) Of the test
chemicals. The initial concentration of the test chemical in the OSPW entering the
wetland was the external variable. Cmogelw represents the concentration of the
contaminant in water in the final deep pool of the wetland for the steady-state model,
and the concentration of contaminant in water in the forebay of the wetland for the time-
dependent model to mimic sample collection. The mean model bias (MB) was calculated

as:

1 (Cmodel,w,n)
n\c
obs.,.w,n

MB _ ezll\ll=1 N Eq 5'26

where N is the total number of concentration data points (N = 1,419; NpaH(steady-state) = 42;

NpaH(time-dependent) = 624; NNA(time-dependent) = 753)
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This method of model performance evaluation assumes that the ratio
Crode/Cops.w has a log-normal distribution. An MB less than one indicates the model
systematically under-estimates chemical concentrations by a factor equal to the MB
value. An MB greater than one indicates the model systematically over-estimates
chemical concentrations by a factor equal to the MB value. An MB equal to one indicates
that empirical observation and model calculations are, on average, in agreement, i.e.
minimal model bias. The 95% confidence intervals of MB reflect overall model
uncertainty and represent the combined sum of error in the model calculations, including
model parameterization errors, errors in model structure, and analytical errors and

variability in the empirical data used in the model performance analysis.

The steady-state assumption of the model was assessed by estimating the time
to reach 95% of steady-state (i.e. tss) for each chemical in the water, rooting medium,
submerged vegetation, and emergent vegetation in the wetland. tssis estimated as 3/kqep,

where ke is the total depuration rate constant for each environmental compartment.

5.4.5. Elementary effects analysis

The model uses 52 state variables for the contaminant fate calculations. The
sensitivity of each of these parameters was evaluated by the effect of each model
parameter on concentration-reduction efficiency (Ec). Elementary effects of model
parameters were determined using the method developed by Morris (1991). This method
is useful for determining whether the effect of the input parameter on removal efficiency
is (a) negligible, (b) linear and additive, or (c) non-linear or involved in interactions with
other parameters (Campolongo and Saltelli, 1997; Saltelli et al., 2005). The elementary

effects of parameter i (EE;) were estimated using:

— [Y(Xl, Xz, ...,Xi_l, Xl + A, ey XN) - Y(Xl, Xz, sy XN)]
A

Eq. 5-27

EE;

The parameter values (X)) are discretized along a 4-level grid (i.e. A = [0, 1/3, 2/3,
1]) such that X; =A [MAX - MIN] / MIN. Additional details on the calculations for EE;are
available in Appendix A with the supplementary information for Chapter 2. The mean
and standard deviation (x’and ) of the elementary effects for each parameter were

used to analyze the sensitivity of the input parameters and demonstrate their effects on
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Ec. u’irepresents the magnitude of parameter sensitivity to removal efficiency, and o;

represents the degree of interactions between other input parameters.

5.4.6. Model simulations to assess chemical behaviour

This model application is useful to explore which chemicals can be efficiently
removed from OSPW by wetland treatment, and which chemicals cannot. This was done
by simulating a range of chemicals with different physicochemical properties. The model
was parameterized to the Kearl Treatment Wetland and chemical removal from OSPW
was evaluated for a range of Kaw (air-water partition coefficient) and D (octanol-water
partition coefficient; Kow for neutral chemicals). The sensitivity of removal efficiency to
rates of biotransformation in the wetland are explored by simulating wetland treatment
where rates of biotransformation in rooting media are set to 0 day™ (i.e. no
transformation), 0.01 day™, 0.1 day™', and 0.3 day™. Rates of biotransformation in
vegetation were assumed to be 10 times less than the rate of biotransformation in
rooting media for all simulations. Slower rates of transformation were assigned to
vegetation due to the lack of understanding of the biotransformation kinetics within these
organisms. The contributions from transformation and evapotranspiration on overall
chemical removal are demonstrated, and select individual chemicals are used to

illustrate which processes contribute to chemical removal for different substances.

5.5. Results and Discussion

5.5.1. Model performance analysis

Uncalibrated model

The overall mean model bias (MB) and 95% confidence intervals for all model
estimated contaminant concentrations in OSPW in the wetland is 0.889 (0.852 — 0.927)
for the uncalibrated model. MB for the steady-state and time-dependent model
calculations is 1.069 (0.795 — 1.436) and 0.884 (0.847 -0.922) for the uncalibrated
model, respectively. Overall, model estimates from the uncalibrated model under-
estimate chemical concentrations in the wetland. Concentrations are particularly under-
estimated for time-dependent simulations of PAHs and NAs when compared to passive
sampling data (MB = 0.268 (0.178 — 0.404) for PAHs and 0.510 (0.472 — 0.550) for
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NAs). These passive sampling measurements reflect the time-weighted average
concentrations of contaminants over the period of deployment, which may not be
accurately represented in the treatment wetland model, resulting in poor model
performance. PAH concentrations measured by passive sampling also occurred later in
the operational season (i.e. August — September), which suggests that lower
temperatures during this timeframe may have hindered chemical removal more
extensively than the model accounted for with temperature-corrected rate constants.
Hence, lower estimated chemical concentrations in the effluent by the uncalibrated

model compared to empirical observations (i.e. MB < 1).

Calibration

Table 5-3 presents the values of 8 and Qs used for temperature-corrections
made to rate constants in the treatment wetland model for each model application. For
abiotic processes, 6 for temperature correction is 1.0 (i.e. no temperature-correction) for
all modelling events, except for the modelling of NAs in August 2018 and June 2019
where 6 was determined to be 0.4 and 0.5, respectively. These values for August 2018
and June 2019 suggest that temperatures above 5 deg-C cause slower rates for abiotic
mechanisms. Biotic processes within the wetland are temperature-corrected using the
Qs model. Values for Qs are shown to be proportional to temperature whereby the lowest
Qs parameter value (0.800) occurs in August 2018 (coldest average temperatures) and
the largest Qs parameter value (1.058) occurs in August 2017 (warmest average
temperatures). The sensitivity of Qs to seasonal temperatures has been demonstrated in
other studies (e.g. Yuste et al., 2004; 2005; Chen and Tian, 2005). Spatial variability of
Qs has also been observed due to natural heterogeneity within a single ecosystem (Zhou
et al., 2009), as well as biological factors such as ecosystem diversity (Shi et al., 2012).
Further research is required to determine the sensitivity to specific wetland parameters
such as plant type and productivity and the composition and activity of microbial
communities to be able to estimate Qs values for the Kearl Treatment Wetland at

different periods of operation.
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Table 5-3: 0 and Qs parameter values for temperature-correction models used
in each of the model simulations: Deployments (D) 1 — 3, and
aqueous concentrations collected for polycyclic aromatic
hydrocarbons (PAHs) and naphthenic acids (NAs).

Passive sampling Aqueous sampling |

.| August | September | August May June Aug.—-Sept., | May-June,
Study period:| 5547 2017 | 2018 | 2019 | 2019 2018 2019
PAHs 0 1.00 1.00 1.00 - - 1.00 1.00
Qs 1.058 0.920 0.850 - - 1.00 1.00
NAS 0 - - 0.40 1.00 0.50 1.00 1.00
Qs - - 0.800 0.997 0.850 0.980 0.960

Temp. dea-C 186+25 | 120+4.6 | 16.0+4.1|131£51|163+3.9| 60+41 | 12446

Avg.2SD %9 8.0 3.3

-- Data collection for chemical group not performed.
tAverage temperature for days 0 — 28 (PAHSs)
tAverage temperature for days 0 — 19 (NAs)

Calibrated model

The overall mean model bias (MB) and 95% confidence intervals for the
calibrated model is 1.030 (0.251 — 4.229). MB for the steady-state and time-dependent
model calculations is 0.981 (0.198 — 4.858) and 1.031 (0.253 — 4.211) following model
calibrations, respectively. MB (95% CI) of time-dependent model estimates of
concentrations using passive sampling data improved to 1.005 (0.227 — 4.445) for PAHs
and 0.950 (0.613 — 1.472) for NAs after calibration.

The model bias of estimated OSPW concentrations in the wetland indicates low
systematic bias for the KT wetland system. Figure 5-2 compares the model-estimated
concentrations of PAHs and NAs in OSPW from the calibrated model to the measured
concentrations of PAHs and NAs in OSPW. The figure shows low variability in MB for
naphthenic acids, particularly with the 2019 time-dependent model where 97.9% of
estimates are within a factor of three from the observed values. Larger deviations appear
with PAH model simulations, but still 74.2% of model estimates are within a factor of

three from the observed values, and 97.6% within a factor of 10.
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115



In general, the calibrated model slightly underestimates concentrations (MB <
1.0) for chemicals with low molecular weight and log Kow (or log D), and slightly
overestimates concentrations (MB > 1.0) for chemicals with higher molecular weight and
log Kow (or log D). Underestimation of low molecular weight NAs by the model suggests
that these contaminants may be forming due to bioconversion from higher molecular
weight NAs present in the OSPW (Quesnel et al., 2011; Islam et al., 2016; Xue et al.,
2016). The formation of these contaminants was not included in model testing and
simulation. Overestimation of the higher molecular weight contaminants may suggest
that transformation or sorption rates of these chemicals are faster in the Kearl Treatment

wetland than what is parameterized in the model.

The variability in MB is more pronounced for PAHs compared to NAs as
indicated by the wider 95% confidence intervals for PAHs in Figure 5-2. This variability
may be associated to the relatively low initial concentration of PAHs (average
concentration = 1.08 ng/L, SD 1.49 ng/L) compared to NAs (average concentration =
430 ug/L, SD 642 ug/L). There may be greater variability in concentration measurements
due to analytical challenges in quantifying low concentrations of PAHs in the wetland
water sample with high precision. Another possibility is that the model may not perform
well at low concentrations of contaminants in wastewater entering the wetland resulting

in poorly fitted model-estimates.

Steady state vs. non-steady state

The tosin water averaged 5.45 days (SD 0.16 days) for all test chemicals (PAHs
and NAs) indicating that steady-state for the water compartment is achieved rapidly with
small differences between chemicals. The tgs for PAHs ranged from 38 to 1,820 days for
the rooting media, 104 to 21,660 days for the submerged vegetation, and 209 to 18,250
days in the emergent vegetation. The tgs for NAs ranged from 14 to 44 days for the
rooting media, 54 to 3,890 days for the submerged vegetation, and 3,030 to 61,810 days
in the emergent vegetation. Longer tgs in rooting media and vegetation occurs for more
recalcitrant chemicals with higher log Kow or log D because they more strongly sorb to
the organic media leaving a smaller fraction freely available for biotransformation. tos is
extended further if chemicals experience slow depuration rates from the wetland media.
For example, the long tes (18,250 days) in emergent vegetation for benzo[e]pyrene is

due to its low Henry’s Law constant (0.03 Pa'm*/mol; log Kaw = -2.44) causing slow
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evapotranspiration kinetics in addition to slow biotransformation rates (tev,12 = 421 days).
The tos for PAHs and NAs show that the steady-state version of the model is appropriate
for the evaluation of treatment efficiency which mainly relies on concentrations of
chemicals in the water, but is not a useful tool to evaluate concentrations in rooting
media, submerged vegetation, and emergent vegetation for PAHs such as pyrene (tos =
260 (rooting medium), 5.6 (water), 820 (submerged veg.), 2,600 (emergent veg.)) or O2-
NAs such as C21H4002 (tes = 32 (rooting medium), 5.7 (water), 3,230 (submerged veg.),
3,460 (emergent veg.)). Concentration estimates in organic wetland media from the
steady state model are not accurate representations of chemical fate in normal wetland
operations because chemical mass will continue to accumulate in these media for long
periods, as suggested by their tgs. For simulations where concentration estimates in
rooting media and vegetation are desired, the time-dependent version of the model will

provide a better representation of chemical fate within the wetland.

5.5.2. Elementary effects analysis

The mean elementary effects (u’) and standard deviations (o) for parameter
sensitivity of treatment efficiency are available in Table D.7. The results of this analysis
of elementary effects show significant sensitivity of Ec to a number of different model
parameters. Among the most sensitive parameters are: hydraulic flow rate (u" = 30%, 0 =
34%), wetland surface area (4 = 25%, 0 = 21%), log D (log Kow for neutral chemicals);

U = 24%, o = 35%), vegetation density (U = 21%, 0 = 34%), water temperature (U =
19%, 0 = 29%), half-life of chemical in submerged vegetation (4" = 19%, 0 = 40%),
weight of submerged vegetation (u" = 17%, 0 = 39%), and vegetation organic carbon to

octanol equivalency factor (' = 16%, 0 = 36%).

The sensitivity of these parameters suggest that treatment wetland performance
is sensitive to environmental conditions (e.g. temperature), wetland design and operation
(e.g. flow rate, wetland surface area, vegetation density, weight of submerged
vegetation), and physicochemical properties (e.g. log Kow or log D, transformation half-
life in submerged vegetation, vegetation organic carbon to octanol equivalency factor).
Therefore, consideration of each of these factors is important in the application of

treatment wetland systems for industrial wastewater treatment.

117



The sensitivity of flow rate and surface area of the wetland demonstrates the
most essential criteria to influence chemical removal: time. These parameters directly
influence the retention time of wastewater in the wetland. Longer retention times
provides more opportunities for chemicals in wastewater to undergo processes of
chemical removal. Therefore, Ec increases as i) surface area increases and ii) flow rate
decreases, because retention time is longer. Model simulations demonstrate that by
increasing retention time of OSPW in the Kearl Treatment Wetland from 14 days to 70
days the removal efficiency of pyrene increases from 63 to 98%. The importance of
wetland design parameters such as hydraulic retention time has been explored in many
other studies of treatment wetlands (e.g. Chazarenc et al., 2003; Garcia et al., 2004).
Therefore, the operating flow rate and wetland design should be determined with site-

specific treatment objectives in mind (e.g. CCME, 1999).

Temperature is shown to be an influential parameter for treatment efficiency due
to its effects on various wetland biogeochemical processes (see Table 5-1, calculation of
rate constants). The model incorporates temperature effects on abiotic and biotic
processes within the wetland using temperature-correction models (¢ and ¢).
Temperature also effects rates of evapotranspiration from the wetland as shown with the
Penman-Monteith equation used to estimate evapotranspiration. Therefore, temperature
has several modes of interaction in the model which demonstrates how daily and
seasonal fluctuations in temperature can significantly affect wetland performance. The
parameterization of site-specific environmental conditions is needed to properly
incorporate the effects of temperature on treatment efficiency, and to assess the

feasibility of these systems under different environmental conditions.

The weight of submerged vegetation reflects the size of the vegetation
compartment in the wetland. Larger vegetation can accumulate greater mass of
contaminants, offering storage for extracted chemicals from wastewater. Half-life of the
chemical in submerged vegetation represents the rate at which this stored chemical
mass can be depurated. Together, these parameters indicate the importance of healthy
vegetation for chemical removal. For example, with more chemical mass and shorter
half-life in submerged vegetation, greater chemical removal flux from the submerged

vegetation will result, leading to greater treatment efficiency in the wetland.
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Chemical properties like log Kow or log D have also been shown to be important
parameters for contaminant-fate in treatment wetlands (e.g. Cancelli et al., 2019;
Chapters 3 and 4). The large standard deviation of the elementary effects of log Kow or
log D (o = 35%) indicates non-linear interactions with other wetland parameters. This
means that log Kow or log D also influences the sensitivity of other parameters to
treatment efficiency. For example, the removal flux of a chemical from biotransformation
in rooting media first requires the chemical to partition from the influent wetland water to
the rooting media, which is determined by log D. If log Kow or log D is too low, the
chemical will largely remain in the water and will be unavailable for biotransformation in
rooting media. If log Kow or log D is too high, the contaminant in the rooting media will
not be freely available for biotransformation. Hence, non-linear interactions between log
Kow or log D and biotransformation in the rooting media. The sensitivity of Ec and other
model parameters to log Kow or log D implies that certain chemicals will be more
susceptible to passive wetland treatment than other chemicals. The large standard
deviation of the elementary effects from log Kow or log D demonstrate the complex

interactions in treatment wetlands responsible for chemical removal.

Certain parameters are shown to have negligible effects on steady-state
treatment efficiency. For example, parameters that describe chemical fate in the
emergent vegetation such as half-life of transformation in emergent vegetation, growth
dilution of emergent vegetation, and plant-side and air-side mass transfer coefficients for
chemical transport from vegetation to air have " and o < 0.001%. The low sensitivity is
an artifact of the mass-balance approach employed in this study which involves only one
route of influx into the emergent vegetation (xylem flow from submerged vegetation).
Therefore, as one mechanism of removal (transpiration, biotransformation, or growth
dilution) increases or decreases, the others compensate to solve the mass-balance
resulting in little perceived sensitivity to removal efficiency. Regardless of the low
measures of sensitivity, these results do not suggest that emergent vegetation are not
important for chemical removal. A healthy and productive community of vegetation is
important to the symbiosis with microbes within the wetland that create the complex and

resilient biogeochemistry capable of wastewater treatment (Kadlec and Wallace, 2009).

To help assess of feasibility for these systems, model parameters were divided
into four categories: chemical properties and wastewater quality (n = 15; e.g. log Kow or

log D, H, t12, total suspended solids), environmental conditions (n = 5; e.g. precipitation,
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temperature, evapotranspiration), wetland design and operation (n = 8; e.g. surface
area, flow rate, vegetation density), and other wetland parameters concerning chemical
fate (n = 24; e.g. vegetation organic carbon to octanol equivalency factor, water content
in vegetation, growth rate of vegetation, rate of sediment accretion). The average
elementary effects (W) for these categories are 6.3%, 6.6%, 12.6%, and 4.2%,
respectively. This implies that wetland design and operation are, on average, the most
important parameters to treatment efficiency. Treatment efficiency for a free water
surface flow wetland can be improved through intentional design and operation. The
treatment wetland presented here may be used to assess trade-offs in various wetland
designs and operations and to evaluate the feasibility of current and future treatment
wetland systems. Chemical properties, wastewater quality, and environmental conditions
have similar average effects on wetland treatment efficiency. The treatment wetland
model also may be used to evaluate the feasibility for different types of wastewater

under a range of environmental conditions.

5.5.3. Model simulations to assess chemical behaviour

Figure 5-3 shows that chemicals with log Kow or log D between 3.0 and 5.5 are
most efficiently removed from OSPW in the Kearl Treatment wetland, with Kaw having
little effect. Removal efficiencies of these chemicals reach 80% when transformation
rates in rooting medium are 0.01 day™ and transformation rates in vegetation are 0.001
day™. As these transformation rates increase, removal efficiency increases for all
chemicals with log Kow or log D < 6. Chemicals with log Kow or log D > 6 appear
unaffected by changes in transformation rates. These highly hydrophobic substances
strongly sorb to organic media and are therefore not freely available for transformation or
intermedia transport within the wetland. Chemical removal of these hydrophobic
substances is limited to physical removal processes such as sorption which becomes
less effective under steady-state conditions. Thus, even when transformations rates are
fast, steady-state removal efficiency remains low. Consequently, wetland treatment is
not a long-term treatment option for these highly hydrophobic contaminants. Chemicals
that were found to be efficiently removed from OSPW under steady state conditions
include PAHs such as anthracene, phenanthrene, and pyrene, and NAs such as
C16H3002, C18H3202, C19H340x.
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Figure 5-3: Model estimated concentration-reduction efficiency (Ec) for
substances of varying D and Kaw where biotransformation rates in
rooting media (krmt), submerged vegetation (ksvt), and emergent
vegetation (kevi) are a) zero (i.e. no transformation), b) 0.01 day™,
0.001 day™, and 0.001 day™, c¢) 0.1 day™, 0.01 day™, and 0.01 day™, d)
0.3 day™, 0.03 day™', and 0.03 day™, respectively.

Despite transformation rates increasing 30-fold from Figure 5-3b to Figure 5-3d,

the maximum removal efficiency only increases from 80 to 85% for substances with a

log Kow or log D between 3.0 and 5.5 and log Kaw above 1.0. This is a product of the

Kearl Treatment Wetland design. With water depths of up to 1.7 m, the water

compartment contains a portion of the contaminant mass where no transformation is

presumed to occur, limiting the maximum removal efficiency that can be achieved.

Higher removal efficiencies can be simulated for wetlands with smaller volumes of water

if hydraulic retention time stays constant since a smaller portion of contaminant mass will

remain in the water. As transformation rates increase, the greatest increase in removal
efficiency occurs for substances with log Kow or log D less than 3.0. For example, the

removal efficiency of substances with log Kow or log D of 2.0 and log Kaw of -6.0 (e.g.

C14H2402) increases from 59 to 80% from Figure 5-3b to Figure 5-3d. Although increases

in transformation rates are found to disproportionally improve the removal of these more

water-soluble substances, removal efficiency continues to be greatest for substances

with log Kow or log D from 3.0 to 5.5.

The overall steady-state removal efficiency illustrated in Figure 5-3 represents
the cumulative removal from all biogeochemical processes within the wetland. Figure 5-3
provides a template to assess the removal of different chemicals from wastewater, and
to help assess the feasibility of treatment wetlands for different types of wastewaters.
Industry operators and decision-makers can determine whether a treatment wetland can

offer the level of treatment required to meet specific water quality guidelines. The model
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also demonstrates which removal mechanisms contribute to chemical removal from
wastewaters which can be used to improve wetland design and operation to optimize

these removal mechanisms.
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Figure 5-4: Model estimated chemical removal efficiency in the Kearl Treatment
Wetland by (a) transformation and (b) evapotranspiration for a range
of D and Kaw with biotransformation rates of 0.01 day™ in rooting
media and 0.001 day™ in vegetation.

Figure 5-4a demonstrates the role of log Kow (or log D) and log Kaw on chemical
removal from the wetland via transformation which occurs in the rooting media,
submerged vegetation, and emergent vegetation. Transformation is shown to be the
dominant mechanism of chemical removal in wetlands for contaminants in OSPW,
reiterating that a strong microbial community is necessary for the treatment of industrial
contaminants by wetlands. For chemicals with biotransformation rates of 0.01 day™ in
rooting media and 0.001 day™ in vegetation, total transformation in all media removes up
to 80% of chemical mass from the wetland for chemicals with a log Kow or log D
between 3.0 and 5.5, and log Kaw below -1.0. This makes up essentially all of the
chemical removal occurring in the wetland for these substances. For transformation to
occur the chemical must partition from water to organic media whilst remaining freely
available for biotransformation. When log Kow or log D is below 3.0, not enough of the
chemical will partition into organic media to be present for transformation, i.e. the
chemical is too water soluble. When log Kow or log D is above 5.5, the chemical will bind
strongly to the organic media leaving little contaminant mass freely available for

biotransformation (Kickham et al., 2012).
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Figure 5-4b demonstrates the role of log Kow (or log D) and log Kaw on chemical
removal from the wetland via evapotranspiration. Evapotranspiration is not a significant
mechanism for removal for a large range of chemicals and is insensitive to log Kow or
log D when Kaw is less than 10 (log Kaw = 1). When Kaw is greater than 10 and log Kow
or log D is less than 3.0, evapotranspiration contributes up to 40% of total chemical
removal from the wetland. However, among the OSPW contaminants included in this
study, the highest Kaw is approximately 0.02 for PAHs (2-methylnaphthalene), and
0.0002 for NAs (C16H3202) at a pH of 7. Therefore, evapotranspiration for OSPW
contaminants is not expected to significantly contribute to chemical removal in the Kearl

Treatment Wetland.

Chemical removal via volatilization exceeds transpiration for 92% of chemicals
represented in Figure 5-4, i.e. with log Kow or log D from 0.5 to 8.5 and log Kaw from -8.0
to 6.0. Chemical removal via transpiration is greater than volatilization only for chemicals
with log Kow or log D less than 4.0 and log Kaw between -1.0 and -4.0. These
substances are capable of transpiration because a substantial portion remains freely
available in the wetland for transport through vegetation. Many NAs meet these criteria
for log D and log Kaw, suggesting that transpiration outperforms volatilization for many
NAs, and further demonstrates the importance of vegetation in treatment wetland

systems.

Figure 5-5 illustrates the model-estimated removal via evapotranspiration and
transformation in rooting medium, submerged vegetation, and emergent vegetation for
two PAHSs (pyrene and retene) and two O2-NAs (C13H2002 and C1sH300z) in the Kearl
Treatment Wetland. The cumulative removal from these processes represent the overall
chemical removal from OSPW for these chemicals in the Kearl Treatment Wetland.
Contaminants all have different chemical fate within wetlands and are each subject to
different combinations of mechanisms for removal from wastewater. For pyrene, retene,
and C1s5H3002, biotransformation in the rooting media is shown to be the dominant
mechanism of removal in wetlands. Rooting media in the wetland includes biofilm where
microbial activity is high. Biofilm has been that has been found to play a significant role
in chemical fate and degradation for many industrial applications (Nicolella et al., 2000;
Kim et al., 2002; Shore et al., 2012; Weber, 2016; Hassani et al., 2014). To properly

develop and implement treatment wetlands for industries like oil and gas, continued
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research is needed to better understand the dynamics of chemical fate and
biodegradation of PAHs and NAs in biofilm.

Transformation in emergent vegetation is shown to occur for C13H200,. With a log
D of 1.089 at a pH of 7. C13H2002 experiences very little partitioning from water to rooting
medium, and instead accumulates in the emergent vegetation. This process of
accumulation is slow, with the tos for C13H2002 in emergent vegetation of 6,180 days.
However, once steady state is achieved the accumulated chemical mass in the
emergent vegetation results in the removal of 13% of chemical mass via transformation,

even when biotransformation rates are low (kevt = 0.0005 day™).

These model simulations help to demonstrate the complex fate of contaminants
in wetlands. Chemical removal occurs through a series of mechanisms that each
contribute to chemical removal from wastewater to remove a wide array of different
contaminants. With the help of this model, we can further investigate how we may better
design and operate these wetlands to promote important mechanisms of removal in

wetlands and adapt to site-specific wastewater challenges.

Pyrene Retene C45H500, C45H300,

= Evapotranspiration = Transformation Rooting Media
Transformation Submerged Veg. = Transformation Emergent Veg.
= Outflow

Figure 5-5: Model estimated chemical removal by removal mechanism for two
PAHs and two O2-NAs from the Kearl Treatment Wetland. Outflow
represents the fraction remaining in the outflowing wastewater. Ec
represents the total reduction in chemical concentration in the
wetland from all removal processes.
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5.6. Conclusions

A mechanistic model was developed to understand the fate of neutral and polar
organic contaminants in treatment wetlands. The model was tested and evaluated with
concentration measurements of polycyclic aromatic hydrocarbons (Chapter 3) and
naphthenic acids (Chapter 4) in OSPW introduced into the Kearl Treatment Wetland.
Model performance evaluation shows low systematic bias in model estimates for the
calibrated model which uses Arrhenius and Qs temperature-correction models for abiotic

(e.g. sorption) and biotic (e.g. microbial degradation) processes, respectively.

Model sensitivity to parameters of wetland design and operation suggests
treatment wetlands can be intentionally designed to optimize chemical removal
efficiency. Factors that influence hydraulic retention time in the wetland are particularly
sensitive for treatment efficiency. The model provides industry operators with a tool to
assess trade-offs in wetland design and operation. This will be useful to evaluate the
feasibility of treatment wetlands as an alternative treatment technology in various

industrial applications.

Total chemical transformation from the wetland was found to be greatest for
substances with a log Kow or log D between 3.0 and 5.5, but chemicals with a log Kow or
log D > 6.0 are not suitable for wetland treatment. Transformation is shown to play an
important role in contaminant removal in wetlands which primarily occurs in rooting
media biofilm. Chemical removal via evapotranspiration is highest for chemicals with a
log Kaw greater than 1.0 and log Kow or log D less than 3.0. However, the OSPW
contaminants modelled in this study do not exceed a log Kaw of -1.67 and therefore

evapotranspiration is not expected to significantly contribute to OSPW remediation.
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Chapter 6. The application of treatment wetlands
for OSPW remediation in Alberta’s oil sands industry

Alberta’s oil sands industry faces a complex wastewater challenge — to manage
and remediate oil sands process-affected water (OSPW). The current policy framework
supports the innovation, development, and implementation of cost-effective water
treatment technologies to manage the large volumes of OSPW produced during bitumen
extraction. However, there is widespread agreement among industry operators and
regulators that no single “silver-bullet” technology can solve this wastewater challenge.
OSPW chemistry is too complex and on such a large scale where substantial variability
in treatment needs exists between industry operators. Therefore, the industry is taking a
multifaceted approach to manage the wastewater challenges created from bitumen

extraction activities, to which treatment wetlands may play an important role.

The aim of this research is to determine if treatment wetlands are feasible,
effective, and safe for the removal of organic contaminants in OSPW. The following
sections are designed to interpret the findings presented in Chapters 2 — 5 to provide
direction for the industry in the application of treatment wetlands for OSPW remediation,

with these research foci in mind.

6.1. Are treatment wetlands a feasible option for OSPW
remediation?

Treatment wetlands have emerged as a feasible treatment technology for many
different wastewater challenges including agricultural runoff (e.g. Page et al. 2010), mine
wastewater (e.g. Batty and Younger, 2004), municipal and domestic wastewater (e.g.
Toscano et al., 2009), leachate (e.g. Sim et al., 2013), and petroleum refinery process
water (e.g. Knight et al., 1999). The research findings presented here suggest that
treatment wetlands can also be a feasible treatment option for OSPW remediation in the
Alberta oil sands region. However, their feasibility depends on several factors involving:
the profile of contaminants in OSPW and their physicochemical properties, wetland
design and characteristics, and environmental conditions. Using the treatment wetland
models developed in Chapters 2 and 5, the sensitivity of wetland treatment efficiency to

these factors are explored. The following sections describe the “fit” of OSPW
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contaminants for wetland treatment, optimal treatment wetland designs, and appropriate
environmental conditions for their application based on model simulations. Together

these demonstrate the feasibility of treatment wetland systems for OSPW remediation.

Wetland treatment of OSPW

Treatment wetland model simulations were performed to illustrate which
contaminants are suitable for wetland treatment based on their: i) log Kow for neutral
substances or log D for ionizing substances (octanol-water partition coefficient) and ii)
log Kaw (air-water partition coefficient). The findings suggest that removal efficiency in
treatment wetlands are greatest for chemicals with a log Kow or log D between 3.0 and
5.5 and log Kaw greater than 1.0 (i.e. Kaw > 10). Chemicals with a log Kow or log D
between 3.0 and 5.5 provide a balance between hydrophobic (high log Kow) and
hydrophilic (low log Kow) tendencies. This balance permits chemical partitioning from the
wetland water to adjacent organic wetland media but prevents the chemical from binding
too strongly which would inhibit biotransformation or further intermedia transport of the
chemical. This range of log Kow or log D includes 30% of the PAHs and 42% of the O2-
NAs that were detected in this research (Chapters 3 and 4) suggesting many OSPW
chemicals may be suitable for wetland treatment. Some examples of these chemicals in
OSPW include PAHSs like phenanthrene and methylnaphthalene, and NAs like C15H3002
and C2H3402. Chemicals with a log Kow (or log D) greater than 6.0 are not suitable for
wetland treatment due to their high capacity for sorption to organic media, and small
fraction freely available for chemical transformation and transportation within the
wetland. Chemicals with a Kaw greater than 10 are shown to be susceptible to
evapotranspiration from wetlands. However, the organic contaminants in OSPW
detected in this research do not exceed a Kaw of 0.02 (1-methylnaphthalene) and
therefore evapotranspiration is not expected to significantly contribute to OSPW

treatment.

Model simulations indicate that biotransformation is the primary mechanism of
removal of OSPW contaminants in treatment wetlands. Even biotransformation rates as
low as 0.01 day™ in rooting media and 0.001 day™' in vegetation can result in a removal
efficiency of 80% in treatment wetlands. However, external sources suggest faster
biotransformation rates in wetland media for 61% of the PAHs and 88% of the O2-NAs

detected in OSPW in this research (Han et al., 2009; U.S. EPA, 2013 (EPISuite v4.11);
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Ajaero et al., 2018). Faster biotransformation rates imply removal efficiencies in the
wetland can exceed 80%, suggesting many contaminants in OSPW are susceptible to

wetland treatment.

When biotransformation rates are slow, physical removal mechanisms such as
sorption to suspended and settled sediment can also contribute to contaminant removal
from wastewater in wetlands. Monitoring chemical fate in the Kearl Treatment Wetland
shows that turbidity is positively correlated with the total concentration of contaminants in
OSPW. As OSPW flows through the wetland turbidity decreases as particulates settle
out. The fraction of contaminants sorbed to those particulates are removed from OSPW
causing chemical concentrations in OSPW to decrease. For recalcitrant contaminants,
this can be an effective mechanism of removal. However, sorption primarily occurs for
hydrophobic contaminants (high log Kow or log D), and the net flux of chemical removal
through sorption and sedimentation decreases as the system approaches steady-state.
For PAHs and NAs, the time needed to reach 95% of steady-state in the water
compartment of the Kearl Treatment Wetland is 5.6 (SD 0.11) and 5.4 (SD 0.09) days,
respectively, suggesting that the long-term contribution of sorption is not a viable nor
consistent mechanism of removal in treatment wetlands. Hydrophobic and recalcitrant
substances therefore are not ideal for wetland treatment, although removal may still be

rapid until steady-state conditions are achieved.

Chemicals with hydrophilic tendencies remain mostly in the aqueous phase.
Therefore, concentrations of these contaminants in the wastewater go relatively
unchanged through the wetland, resulting in relatively low removal efficiencies. Many
organic acids such as naphthenic acids exhibit this trait. However, the partitioning
behaviour of these chemicals can be modified since the log D of these substances is
inversely proportional to pH. Meaning that the removal efficiency of naphthenic acids
with low log D (i.e. log D < 3.0) may increase if pH is lowered to support greater
partitioning of the chemical from water to wetland media. In some cases, this could
increase log D to within the optimal range for chemical removal in treatment wetlands
(i.e. log D: 3.0 to 5.5). The treatment wetland model can be used to explore the effects of
pH on removal efficiency by inputting log D that correspond with different pH levels. This
may be useful since OSPW from bitumen extraction tends to be more basic due to the
caustic agents often added to the extraction process to improve bitumen recovery (Allen,

2008). If the pH of OSPW remains high and naphthenic acids are highly soluble in water,
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wetland treatment may not be feasible for the removal of these chemicals. In some
cases, chemical additives might be useful to lower pH, but may not be desirable or
feasible in industrial settings. Options to improve the removal of these chemicals may

then rely on wetland design and operation.

Factors in wetland design and operation

Flow rate through the wetland, surface area of the wetland, vegetation density,
and size of the vegetation were consistently among the most sensitive design and
operational parameters affecting pollutant removal efficiency. This suggests that future
treatment wetlands can be designed and operated in ways that enhance removal
efficiency of organic contaminants by optimizing these parameters for specific

applications of treatment wetlands.

The flow rate of water and surface area of the wetland are the primary
operational and design parameters to influence chemical removal in wetlands (Knight et
al., 1999; Chazarenc et al., 2003; Garcia et al., 2004; Hijosa-Valsero et al., 2010;
Pavlineri et al, 2017). The influence from these parameters demonstrates the principle
element required for wetland treatment: time. Longer retention times (i.e. slower flow
rates or greater surface areas) of water in the wetland allow for greater exposure to
wetland removal mechanisms. Model simulations show that by reducing the flow rate of
OSPW through the Kearl Treatment Wetland from 5 L/s to 1 L/s the removal efficiency of
pyrene increases from 63 to 98%. However, the application of treatment wetlands in an
industrial setting requires a balance between treatment efficiency, surface area (land-
use), and flow rate (volume of wastewater treated per unit time). The treatment wetland
models presented in this research are intended to help industry operators evaluate these
trade-offs in design and operation while keeping site-specific treatment objectives in
mind (e.g. CCME, 1999).

The sensitivity of removal efficiency to vegetation density and size suggests that
a healthy and productive vegetative community in the wetland is vital to treatment. A
community of dense and fast-growing vegetation provides a large wetland compartment
for chemical accumulation and plant-mediated degradation. Productive wetland
vegetation also supports an active microbial community. Macrophytes such as

Phragmites, Typha, Juncus, Spartina and Scirpus have shown to be ideal for treatment
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wetlands because they create rhizospheres that support an active and dynamic zone for
the microbial degradation (Brix, 1993; Han et al., 2008; Jung et al., 2008; Kadlec and
Wallace, 2009; Bhatia and Goyal, 2014; Ajaero et al., 2018). The intimate symbiosis
between vegetation and microbes in wetlands is a fundamental interaction in treatment

wetlands that should be supported by the design and operation of the wetland.

Other design features may offer ways to enhance chemical removal. For
example, aeration can replenish dissolved oxygen in the wetland water and improve the
capacity for oxidation of OSPW chemicals — the primary mechanism of biodegradation
for naphthenic acids (Quagraine et al., 2005; Han et al., 2008). At the Kearl Treatment
Wetland, interior berms were constructed between wetland cells to passively re-aerating
the water as it flows through the wetland. Mechanical aerators can also be integrated
into wetland designs to increase dissolved oxygen levels if a mechanical solution is
required. These intentional designs can promote wetland biotransformation and increase

treatment efficiency.

Effects of environmental conditions

Water temperature has been shown to affect wetland biogeochemical processes.
In certain instances, abiotic processes such as sorption are shown to be inversely
proportional to temperature whereas biotic processes such as biotransformation are
found to be proportional to temperature. Therefore, operation throughout different
seasons may support different mechanisms of removal. Readily biotransformed
substances will be more efficiently removal in warmer conditions, whereas hydrophobic
and recalcitrant substances will exhibit greater removal in colder conditions. Since
biotransformation is considered the primary mechanism for removal of OSPW
contaminants, the feasibility of treatment wetlands is often presumed to be limited to
summer operation. Further research on the operation of treatment wetlands under a
range of environmental temperatures is needed to assess their feasibility for OSPW

remediation in the Alberta oil sands region.

Precipitation and evapotranspiration have also been shown to influence
treatment efficiencies. Precipitation will dilute contaminants in the wetland whereas
evapotranspiration can concentrate contaminants in the wetland. Dilution from

precipitation will reduce chemical concentrations in OSPW which may satisfy specific
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water quality guidelines even if little of the contaminant mass has been removed.
Conversely, evapotranspiration may remove contaminant mass from the wetland, but
little change to concentration may be observed if water loss balances mass removal.
This would help to satisfy treatment objectives designed to limit contaminant loading (i.e.
mass of chemical per day) on the environment but may not be an effective system for
meeting effluent concentration guidelines. Therefore, the water balance at the wetland is
an important consideration when assessing wetland treatment performance. Generally, a
balanced water budget with high rates of precipitation to reduce chemical
concentrations, and high evapotranspiration to offer a mechanism of chemical removal

from the wetland is ideal.

6.2. Are treatment wetlands effective and safe on a
commercial scale?

Several studies have demonstrated the treatment of OSPW contaminants in
wetland environments (e.g. Machate et al., 1997; Terzakis et al. 2008; Toor et al., 2013;
Hendrikse et al., 2018; McQueen et al., 2017; Ajaero et al., 2018). The research
presented here is the first to investigate a large-scale (1 ha) constructed treatment
wetland situated within the Alberta oil sands region. The Kearl Treatment Wetland is a
surface flow treatment wetland on the Kearl Oil Sands mining site. Mechanisms of
microbial degradation, plant-enzyme mediated reactions, sorption, settling, and
evapotranspiration were shown to reduce total PAH and NA concentrations in OSPW
from 54 to 83%, and from 7.5 to 69%, respectively (Chapters 3 and 4).

Similar treatment efficiencies have been observed for PAHs and NAs in other
treatment wetland studies. For example, Terzakis et al. (2008) report a concentration-
reduction of 56% in the combined sum of 16 PAHSs after 24-hours in a pilot-scale surface
flow wetland (Greece), and Machate et al. (1997) demonstrate a 99% reduction in the
concentration of phenanthrene in artificial wastewater after 14 days in a pilot-scale
vertical flow constructed wetland (Germany). Toor et al. (2013) measured a 74%
reduction in the total NA concentration in a simulated wetland microcosm with a
hydraulic retention time of 400 days (University of Saskatchewan). Recently, Hendrikse
et al. (2018) measured a 19% reduction in total NA concentration after 16 days retention
in a pilot-scale constructed wetland treating Suncor and Syncrude OSPW (Clemson

University), and Ajaero et al. (2018) found removal efficiencies of NAs ranging from 57 to
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88% after 27 days in constructed wetland microcosms (Saskatchewan, Canada). Similar
removal efficiencies between these pilot-scale wetlands and the Kearl Treatment
Wetland suggest treatment wetlands can be scaled to commercial-use while maintaining

their treatment efficiencies for OSPW contaminants.

When compared to natural attenuation in tailings ponds, the half-life of NAs in
wetlands are substantially reduced. In tailings ponds, ti2. of NAs has been measured on
the order of 12.9 to 13.6 years (Han et al., 2009). Under laboratory conditions with
aerobic biodegradation, t1» estimates were found to decrease to 44 — 240 days for
industry OSPW containing a mixture of NAs (Han et al., 2008; Mahdavi et al., 2015). In
the Kearl Treatment wetland, the ti> of NAs ranged from 11 — 186 days in 2018 and 9 —
76 days in 2019 suggesting that treatment wetland enhance chemical removal compared
to tailings ponds and laboratory experiments and offer an effective treatment option for
OSPW.

The safe operation of treatment wetlands ensures both endemic and visiting
wetland biota are not adversely affected by the OSPW in the wetland. To assess risks to
biota, the treatment wetland model can be used to compare estimated concentrations of
contaminants in wetland media to thresholds for toxic effects. Understanding these
thresholds for toxic effects on endemic wetland biota (e.g. microbes, vegetation) can
help identify limits for OSPW contamination and identify wastewaters that are too toxic
for wetlands, i.e. cause adverse effects on wetland performance. The treatment wetland
model can also be used to assess ecological risk to visiting wetland biota, or biota in an
environment receiving wetland discharge (e.g. frogs, fish, birds). This use of the model
will help support industry operators in the safe operation of treatments wetland and safe
release of treated OSPW. Further research is needed to establish these toxicological

thresholds for OSPW contaminants for this model application.

The reduction in toxicity related to PAHs in OSPW entering the Kearl Treatment
Wetland can be determined from a chemical activity approach with passive sampling to
provide better representation of multiple contaminants (Chapter 3). Acute toxicity was
not expected at the concentrations of PAHs measured in OSPW entering the wetland.
Hence, a toxicity reduction as result of wetland treatment was not determined in this
work. If influents with higher concentrations of PAHs are used, treatment may cause a

toxicity reduction that can be monitored using a passive sampling approach and
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quantified with chemical activity. Bulk OSPW toxicity was estimated for acid-extractable
organics using a biomimetic extraction technique (Chapter 4). Acute lethality related to
NAs is not expected from OSPW exposure, however the estimated D. Rerio % deformity
(96-hr) reduced from 50% for untreated OSPW to 16% for OSPW after 14 days in the
wetland. Reductions in wastewater toxicity by wetland treatment have also been
demonstrated in Toor et al. (2013) where the (96-hr) LC50 for rainbow trout in untreated
OSPW was 67.2% of pure OSPW, and after 40 days in a simulated wetland no more
lethality was observed (i.e. LC50 > 100% OSPW).

The toxicity of NAs has been shown to correlate with carbon number (Frank et
al., 2010; Hughes et al., 2017). Higher molecular weight NAs elicit a greater toxic
response compared to lower molecular weight NAs because of their low aqueous
solubility and affinity for biota lipids, the presumed site of toxic action for NAs. The
removal efficiency of NAs in the Kearl Treatment Wetland was found to be greatest for
these more toxic, higher molecular weight NA congeners. This is a promising discovery
that suggests OSPW effluent may become safer to discharge following wetland
treatment. This is valuable to industry operators and environmental regulators to
demonstrate the feasibility of treatment wetlands and to assess the risk of discharging

treated wastewater into the environment.

6.3. What are the next steps towards implementation of this
technology into the oil sands industry?

Moving towards implementation of treatment wetlands in the oil sands industry
requires further investigation into certain aspects of treatment wetland design and
operation. This is needed to better understand the merits and limitations of treatment

wetland technology for treating pure fluid tailings water in the Alberta oil sands region.

To reach this level of treatment, the effects of higher PAH and NA concentrations
and the presence of non-target pollutants on wetland productivity must be investigated.
The quantity and concentration of these pollutants may have a toxic effect on vegetation
and microbes that may hinder chemical removal from OSPW. Understanding whether
treatment wetlands can be an effective treatment option for higher concentrations of
contaminants will determine the full potential of treatment wetlands within the oil sands

industry.
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The fate of other OSPW pollutants and their effect on wetland biogeochemistry
should also be investigated to assess their impacts on treatment efficiency. This extends
to dissolved solids such as salts, and naphthenic acid fraction compounds. Dissolved
solids such as salts are common in OSPW at variable concentrations and have been
found to affect the productivity of plants and microorganisms at higher concentrations
(Liang et al., 2017). Naphthenic acid fraction compounds include oxidized NAs (e.g. Os-
and Os-NAs), hydroxylated species, nitrogen-containing and sulfur-containing species,
aromatic and unsaturated compounds (Headley et al., 2013). The composition of
naphthenic acid fraction compounds illustrates the complexity of OSPW chemistry.
Further investigation into their fate in wetlands will help to better understand OSPW

toxicity and toxicity-reduction through treatment wetlands.

The temperature effects on wetland biogeochemistry demonstrated in this work
means that the performance of treatment wetlands in the northern Canadian climate is of
interest. The Kearl Treatment Wetland has not operated from October through to April,
and therefore the operation in low temperatures must be investigated to properly
evaluate limitations of wetland treatment for the industry. Results may suggest that
treatment be limited to summer to ensure conditions can support biotransformation, and

winter be used for wastewater collection only.

It may be possible to improve wetland treatment efficiency of OSPW
contaminants by integrating design features that promote mechanisms of removal for
recalcitrant contaminants. For example, McQueen et al. (2017) has shown promising
results for a photocatalytic reactor integrated with a free water surface wetland to
increase removal of NAs by 47 — 93 %. Other wetland systems have integrated
mechanisms for aeration and ozonation (Wang et al., 2013), bioaugmentation with
bacteria, biostimulation with nutrients and cofactors for microbial degradation, and the
addition of materials such as clays to promote flocculation of contaminants with bacteria
(Quagraine et al., 2005). These methods may help to improve degradation rates of
OSPW contaminants that are difficult to remove through passive wetland treatment. This
may be particularly important in the treatment of pure effluent tailings water if chemical
removal mechanisms are insufficient at reducing concentrations in highly contaminated
wastewater. Research in this area is ongoing but will require continued efforts to
determine the commercial viability of these methods for meeting treatment objectives in
OSPW remediation.
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Continued research into the different treatment technologies for OSPW
remediation requires some evolution of the current policy framework to prescribe effluent
quality guidelines for pollutant concentrations in treated effluents. Without these
guidelines, industry operators lack clear treatment objectives making it difficult to fully
assess the feasibility of different treatment solutions. Although deriving these effluent
quality guidelines has been a major challenge due to the complex chemistry of OSPW,
these guidelines are needed to represent targets for the industry that reflect safe
concentrations for effluent discharge. To do this, better methods are needed to translate
bulk OSPW concentration to toxicity and risk. One current method uses biomimetic
extraction of OSPW contaminants. This method was developed by the ExxonMobil
Biomedical Sciences Laboratory (New Jersey, USA; Redman et al., 2018) and also
performed in this research (Chapter 4). Through biomimetic extraction, a single bulk
OSPW equivalent concentration can be derived that corresponds with toxic effects
reported in Redman et al. (2018). Deriving bulk OSPW toxicity eliminates the
uncertainties from evaluating each individual contaminant in OSPW. This approach may
be useful in developing a single effluent quality guideline for bulk OSPW that permits the

safe release of treated OSPW.

As we continue to pursue the application and implementation of treatment
wetlands for industrial wastewater, our understanding of these complex ecological
systems is likely to improve. An adaptive management approach to investigating
treatment wetlands will continue to provide a strong framework for sustained learning of
these complex systems and their applications. Model development has shown to play an
important role in adaptive management. In this work, adaptive management was applied
through model application and testing which created new, informed management actions
that work towards optimization of wetland conditions to improve treatment efficiency.
This involved a series of field studies to collect data on wetland performance which was
used to inform the model. This was completed through a series of sampling events using
passive sampling techniques, site surveys of wetland vegetation and hydraulic flow, and
weather station reports of environmental conditions. The treatment wetland models for
chemical fate and toxicity demonstrate the role of chemical properties, the sensitivity to
environmental conditions, and the impacts from changes to wetland design and

operation on treatment efficiency. In this way, the model was used to improve our
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understanding of the functionality of treatment wetlands and to create new management

actions.

In our efforts to further understand the role of treatment wetlands for OSPW
remediation, continued monitoring and assessment is needed to support continued
learning of these complex systems. In future work, adaptive management will play an
important role when learning of the potential effects on wetland performance under
various scenarios, including different environmental conditions, and different wastewater
sources and constituents of concern. The continuation of this work will undoubtedly
require further iterations of the adaptive management cycle. Continued efforts in the
science, policy, and management of treatment wetlands may help guide the oil sands
industry towards more sustainable operations. The role of adaptive management is, and

will continue to be, an important factor in sustainable development.
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Appendix A: Chapter 2 Supplementary Information

Methods
Lorong Halus Treatment Wetland:

The substrate depth is 0.8 m and water depth (Dy) is maintained at 0.65 m in the
reed beds leaving a 15 cm freeboard zone. The gravel substrate (30 -50 mm) with 35%
porosity (n) acts as the rooting medium for three species of emergent vegetation: cattails
(Typha angustifolia), vetiver grass (Chrysopogon zizanioides), and papyrus (Cyperus
papayrus) (Sim et al., 2013). Contaminant concentrations the influent, effluent,
vegetation roots, and vegetation leaves from RB3 (SArss = 10,000 m?) were obtained
from Wang and Kelly (2017) for model evaluation and calibration. The volume of water
(Vi) within this reed bed is: Vi = SAgss -Dw 1 = 2.23-10° m°,

Xylem Flow:

Xylem flow rate describes the movement of water through the xylem tubules from
rhizomes to the emergent parts of the plant. This process transports water and freely
dissolved contaminants through the vegetation to undergo transpiration into air. Using
ET, the xylem flow rates and transpiration through the vegetation were calculated. The
transpiration-to-evaporation ratio (7/E) reported by Sanchez-Carillo et al. (2001) for a
semi-arid, freshwater wetland in Central Spain was 0.8 for cattails, and 1.5 for reeds.
The average T/E of 1.15 was used to estimate a total transpiration rate (Qr) for
vegetation at the LHTW of 1.3-10* m®yr (3.5 mm/day) based on the estimated ET.

Xylem flow rate (Qux) is estimated using:

o
Np - SAgps

where Np is the stem-density of vegetation (plants/m?), and Qr is the transpiration rate

QWX

(m3/day) for the reed bed. Xylem flow rate (Qux, m*/day per plant) for the wetland
vegetation at the LHTW was estimated to be 0.87 L/day per plant which is similar to the
values of 1.0 L/day used in Trapp and Matthies (1995) for xylem flow. The lower xylem
flow rate estimated for plants at the LHTW is appropriate since these plants are of a
smaller overall biomass (0.5 — 1.0 kg) compared to those described in Trapp and
Matthies (1995).
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Surface area of rhizomes:

The surface area of the rhizomes was calculated from an estimate of the volume
of rhizomes multiplied by the rhizome surface area-to-volume ratio (SA/V). The area-to-
volume ratio (SA/V) of the rhizomes was estimated using the formulas for SA and V for a
cylinder since length and radius were available for similar vegetation. For Typha latifolia
(broad-leaf cattails), the average radius and length of the rhizomes are approximately
8.9:10° m and 6.9-10™" m, respectively (Rook, 2004). Therefore, SA/V is approximately

228 m?/m3. The surface area of the rhizome (SAr») was calculated as:

SARh ==

Wk, * No. Plants - SARBl . (SA/V )
Rh

pveg.
The estimated rhizome surface area available for biofilm growth and activity is 1.13-10*

m?2.

Surface area of rooting medium:

Surface area of the rooting medium is determined from the capacity of the TW to
contain the gravel pieces across its entire length (/), width (w), and height (h) of the
LHTW reed bed, respectively. These dimensions are calculated from the length:width
aspect ratio (a = 4), which are used to estimate the total surface area of the gravel

substrate using:

2 G G G

st = [t (§) || (). (ol (%)

where SAgrgis the surface area of the reed bed (10,000 m?), and Dy is the depth of the

water (m) and the depth at which biofilm is active.

Surface area-to-volume ratio of emergent vegetation:
The SA/V for the leaves of the vegetation was estimated using the data reported
by Roderick et al. (2000) for measurements of SA/V for Eucalyptus spp. The SA/V ratio

was estimated to be approximately 400 m?/m?.

146



Physicochemical properties:
Henry’s law constant (H; Pa-m*/mol) was derived from the partition coefficients

using:

Kow
KOA

where R is the universal gas constant (8.314 m3-Pa/K-mol) and T is temperature (K).

Hz[ ]-RT

The organic carbon-water partition coefficient (Koc) was estimated using the derived

relationship with log Kow, from Gerstl (1990) where:
lOgKOC = 0679l0gK0W + 0663

Transformation rates:

The Biowin predictions use a series of different modelling approaches to evaluate
the probability of a chemical to be readily biodegradable in the environment. The results
of this model are qualitative, and do not provide estimates for half-life times. However,
the results describe the potential for biodegradation of the contaminant based on QSAR
models programmed into EPISuite (U.S. EPA, 2013)

Evapotranspiration rates:

ET was calculated using the Penman-Monteith equation which derives ET using
meteorological data. This data was obtained from weather stations in the Changi region
of Singapore (the LHTW), and at Fort MacMurray in Alberta, Canada (the CCTW). Table
B.6 provides the full parameterization of the meteorological data required for this
calculation.

€s — €4
")

1 A(Rn_F)+pan(

S @+y(1+2)
a

Sensitivity Analysis:

The sensitivity of 50 parameters (N = 50) was evaluated by their individual effects
on mass removal efficiency (E.), using a method developed by Morris (1991). This
method is useful to determine whether the effects of the input parameters are (a)
negligible, (b) linear and additive, or (c) non-linear or involved in interactions with other

parameters (Campolongo and Saltelli, 1997; Saltelli et al., 2005; Campolongo et al.,
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2007). To evaluate the elementary effects of N = 50 model parameters, 10 trajectories (r)
were created that each contain a 50 x 51 matrix. The matrix is a series of 51 (N + 1)
different arrays that contain input values (Xj) for each of the model’s input parameters.
Moving by column through a trajectory provides a new set of input values into the model.
Each new set of values changes randomly for only one parameter value at a time. The
completion of a single trajectory means that each input parameter has been changed

only once.

The parameter values are discrete, and calculated using a 4-level grid (i.e. A = [0,
1/3, 2/3, 1]) such that the discrete values of X; = A [MAX — MIN] + MIN. This ensures that
parameter estimates are uniformly distributed discrete values, and since each trajectory
is randomly generated, the elementary effects for the same parameter in two different
trajectories are independent of one another (Saltelli et al., 2008). Using this approach,
the elementary effects of parameter i (EE;) were estimated using removal efficiency (E.)

as the model output (), such that:

[Y(Xl, Xz, "'lXi—l' Xl + A, ey XN) - Y(Xl, Xz, ey XN)]
A

EEL' =

The sensitivity measures, p; and o; represent the mean and standard deviation of
the EE; for each parameter (i), among the 10 trajectories (r). Since both positive and
negative EE; is possible, Campolongo et al. (2007) suggest calculating the mean of

absolute values of the elementary effects, y;'. Therefore, u; and o; are estimated by:

T

Wi = <) |EE/|

j=1

T

1 ; 2

o; = E(EEL-] — )
=1

r—1
j

The elementary effects sensitivity measures (u;” and o) are used to analyze the
sensitivity of the input parameters and demonstrate their effects on removal efficiency
(EL). ui represents the magnitude of parameter sensitivity to removal efficiency, and o;

represents the degree of interactions between input parameters.
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The sensitivity measures, p; and o; represent the mean and standard deviation of
the EE; for each parameter (i). Since both positive and negative EE; is possible,
Campolongo et al. (2007) suggest calculating the mean of absolute values of the

elementary effects, y;. Therefore, y and o; are estimated by:

Model Parameterization

Table A.1: Nine contaminants from the LHTW used for the HSSF model
calibration. C\\ is the measured contaminant concentration entering
the HSSF wetland cell. SE = Standard Error of the mean of Cin. Kow =
Octanol-to-water partition coefficient; Koc = Organic carbon-to-water
partition coefficient; S = Solubility in water at 25 deg-C; H = Henry’s
Law constant.

Chemical Mol. Form. CAS. # CntSE  log Kow log Koc

pg/L unitless Pa m3mol
Endosulfan Sulfate C9H6CI604S1  001031-07-8 41.96 3.66 3.55 0.48 3.29-102
+16.45
Musk Ketone C14H18N205 000081-14-1  1,838.03 4.30 3.66 1.90  2.60-102
+663.90
1,2,3,4- C6H2CI14 000634-66-2 16.94 4.60 3.47 5.92 77.01
Tetrachlorobenzene +9.14
Pentachlorobenzene C6HCI5 608-93-5 43.31 5.17 3.93 0.55 52.60
+23.41
Methyl Triclosan C13H9CI302  4640-01-1 2219 5.22 4.07 0.40 7.29
+3.62
Hexachlorobenzene C6Cl6 000118-74-1 10.91 5.73 573 0.006 172.25
+2.74
Tonalide C18H2601 1506-02-1 1,106.30 5.80 4.27 0.24 14.08
+ 94.66
Galaxolide C18H2601 1222-05-5 3,468.62 5.90 4.10 1.75 6.73
+339.43
PCB 52 C12H6CI4 35693-99-3 8.15 6.09 467  0.046 20.27
+3.05

149



Table A.2: Average measured water, leaf, and root concentrations from the
LHTW. SE = Standard error of the mean concentration. To average
the concentrations, non-detectable concentrations were assumed to
be one-half of the method detection limit (MDL) reported in Wang

and Kelly (2017).
Chemical Cin SE Cour SE Cleaf SE

Croot

SE

ng/m3  ng/m3  ng/m3  ng/m3  ngkgww ngkgww ng/kgww ng/kg ww

Endosulfan Sulfate 41.96 16.45 9.62 4.08 28.36 7.74 7.71 0.86
Musk Ketone 1838.03 663.90 1719.04 767.34 36.52 16.16 140.03 3.51
1,2,3,4- 16.94 9.14 24.54 9.49 27.70 14.30 115.46 1.61
Tetrachlorobenzene
Pentachlorobenzene 43314  23.41 34.72 443 120.18 45.06 12.22 0.95
Methyl Triclosan 22194  3.62 2.38 1.05 4.45 1.84 0.95 1.20
Hexachlorobenzene 10914 274 33.41 416 4420 12.35 6.83 1.67
Tonalide 1106.30 94.664 1349.65 11555 283.32 58.79 140.99 443
Galaxolide 3468.62 33943 2737.95 374.07 1609.36 391.81 417.96 38.52
PCB 52 8.15 3.054 26.31 10.67 5.09 0.95 2.28 1.61
Table A.3: Environmental conditions and operation at the LHTW.

Total annual average precipitation (mml/year) 2,330

Total annual estimated evapotranspiration (mmlyear) 2,385

Water transport through xylem (L/day) 0.874

Average temperature (deg-C) 28.4

Estimated outflow (m®/day) 98.5

Hydraulic Retention Time (days) 22.7
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Table A.4: Model parameterization and input values for the LHTW.
Parameter Symbol Value
Rooting medium top surface area (m*2) SAs 10,000
Depth of rooting medium (m) Ds 0.8
Rooting medium porosity (Vvoids/Vtotal) n 0.35
Average grain size of rooting medium (mm) G 40
Aspect ratio of wetland cell (L:W) aspect 4
Average water depth within the rooting medium (m) Dw 0.65
Water inflow (L/day) F 100,000
Total annual average precipitation (mm/year) Qp 2,330
Total annual average (theoretical) potential PET(Qe) 2,385
evapotranspiration (mm/year)

Transpiration-to-evaporation ratio TIE 1.15
Weight (wet) of rhizomes of one plant (kg/plant) WeightRhizomes 0.7
Surface area-volume ratio for rhizome vegetation AreaVolRh 250
(mA2/m*3)

Weight (wet) of emergent part of one plant (kg/plant) WeightEmerged 0.3
Surface area-volume ratio for emergent vegetation AreaVolEV 400
(mA2/m*3)

Water content of vegetation (g/g) Wp 0.8
Organic carbon content of vegetation (unitless) OCv 0.01
Density of vegetation (kg/L) dv 1
Correction exponent for vegetation OC to octanol VOCOW 0.77
Number of plants per m*2 (1/m*2) NumberofPlants 4
Organic carbon content of suspended solids (unitless) OCpw 0.01
Concentration of particles in water (kg/L) Cpw 0.012
Concentration of DOC in water (kg/L) Cdoc 0.00001
Density of suspended solids (kg/L) dpw 1.3
Solids settling velocity (m/day) vsolidsinwater 0
Sediment burial rate (m/day) vaccretion 0
Water-side evaporation mass transfer coefficient vTew 0.1
(m/day)

Air-side evaporation mass transfer coefficient (m/day) vTea 0.1
Plant-side transpiration mass transfer coefficient vTplantside 3
(m/day)

Air-side transpiration mass transfer coefficient (m/day) vTairside 3
Water-side rhizome-water mass transfer coefficient vTwater 0.1
(m/day)

Plant-side rhizome-water mass transfer coefficient vTrh 0.1
(m/day)

Water transport through xylem (L/day) Qwx 0.874 (calculated)
Growth rate of emergent vegetation (/day) kgev 0
Atmospheric pressure (atm) S 1
pH of water pH 7
Water temperature (avg. - degC) Tw 30
Temperature correction factor (unitless) omega 1
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Table A.5: Model variables, symbols, and equations. Rate constants for HSSF
processes that are illustrated in Fig. 2-1.
Variable Symbol Calculation
Octanol-water partition Kow =10"ogKow
coefficient (unitless)
Organic carbon-water partition Koc =SOCOW*Kow
coefficient (L/Kg)
Air-water partition coefficient Kaw =H/(8.314*(273+Tw))
(LIL)
Suspended solids-water partition Kpw =0Cpw*SOCOW*Kow
coefficient (L/kg dw)
Dissolved Organic Matter-Water ~ Kdom =adoc*Kow
Partition Coefficient
Vegetation-air partition Kvegair =Kvegw/Kaw
coefficient(L/kg)
Plant-water partition coefficient ~ Kvegw =((Wp)+(OCv*(Kow"VOCOW)))*(dv/1)
Vegetation organic carbon-water  Kocveg =Kvegw/OCv
partition coefficient
Transpiration stream TSCF1 =0.784*EXP((-((logKow-1.78)"2)/2.44))
concentration factor #1
Transpiration stream TSCF2 =0.7*"EXP((-((logKow-3.07)"2)/2.78))
concentration factor #2
Volume of rooting medium, total  Vrm =(Sas*Dw)
with voids (m*3)
Volume of water in rooting Vw =(Sas*Dw*n)-Vrv
medium (m*3)
Volume of emergent vegetation ~ Vev =WeightEmerged*NumberofPlants*Sas/(dv*1000)
(m*3)
Volume of rhizomes (m*3) Vrv =WeightRhizomes*NumberofPlants*Sas/(dv*1000)
Surface area of rooting medium  Sarm =0.9%(4*P1()*((G/1000/2)"2))*((SQRT(Sas*aspect)/
gravel (m2) (G/1000))*(SQRT(Sas/aspect)/(G/1000))*(Dw/(G/1
000)))
Rhizome surface area (m*2) Srh =Vrv*AreaVolRh
Surface area of emergent Sev =Vev*AreaVolEV
| vegetation (m*2)
Total external loading (g/day) L =(F)*Cin
Water out-flow (L/day) Fout =IF((F+((Qp/1000/365.25)*Sas*1000)-
(NumberofPlants*Sas*Qwx)-
((Qe/1000/365.25)*Sas*1000))<0,0,
(F+((Qp/1000/365.25)*Sas*1000)-
((Qe/1000/365.25)*Sas*1000)))
Hydraulic retention time (days)  HRT =Vw/(Fout/1000)
Solids settling rate (kg/day) VSS =vsolidsinwater
Sediment burial rate (kg/day) vb =vaccretion
Solids resuspension rate vrs =vss-vb
| (kg/day)
Volatilization mass transfer ve =1/((1Tew)+1/(Kaw*vTea))

coefficient (m/day)
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Variable Symbol Calculation
Transpiration mass transfer vT =1/((1vTplantside)+1/(vTairside/Kvegair))
coefficient (m/day)
Water-to-rhizome vegetation vWaterVeg  =1/((1/vTwater)+1/(Kvegw*vTrh))
diffusion mass transfer
coefficient (m/d)
Fraction of freely dissolved fDW =1/(1+(Cpw*Kpw)+(Cdoc*Kdom))
contaminant in water (unitless)
Fraction of particle bound fPW =(Kpw*Cpw)/(1+(Kpw*Cpw)+(Kdom*Cdoc))
contaminant in water (unitless)
Fraction of DOC bound fDOCW =(Kdom*Cdoc)/(1+(Kpw*Cpw)+(Kdom*Cdoc))
contaminant in water (unitless)
Contaminant fraction in water of  fWVeg =1/(1+(OCv*Kocveg))
| vegetation
Contaminant fraction in organic ~ fOCVeg =1-WVeg
carbon of vegetation
Concentration of particulate Xpoc =Cpw*OCpw
| organic carbon (kg/L)
Outflow (/day) ko =Fout/(1000*Vw)
Volatilization (/day) kv =((Sas*n)*fDW*ve/Vw)
WATER-to-rhizome vegetation kwrh =(Srh*fDW*vWaterVeg)/(Vw)*(B+"(logKow))
diffusion (/day)
Rhizome vegetation-to-WATER krhw =(kwrh*fWVeg*Vw/((Kvegw)*Vrv))
diffusion (/day)
Rhizome vegetation to emergent  krhev =((fDW*Qwx*(TSCF))/Vw* (32" (logKow))
| vegetation transport (/day)
Emergent vegetation to air kevair =(SevfWVeg*vT/(Vev*Kvegair))
transport (/day)
Growth dilution, emergent kgev =kgev
| vegetation (/day)
Transformation in water (/day) kwr =(0.693/hlw)
Transformation in rhizome ksr =(0.693/hlrhizome)
| vegetation (/day)
Transformation in emergent kevr =(0.693/hlemerged)
| vegetation (/day)
Solving the Mass Balance
Rhizome medium depuration RMD =krhw+krhev-+ksr
(Iday)
Water medium depuration (/day) WMD =ko+kv+kwrh+kwr
Emergent plant depuration (/day) EPD =kevair+kgev+kevr
Total mass of contaminant in Mw =(L*RMD)/(RMD*WMD - krhw*kwrh)
water (g)
Total mass of contaminant in Mev =(L*krhev*kwrh)/(EPD*(RMD*WMD - krhw*kwrh))
emergent vegetation (g)
Total mass of contaminant in Mrva =(L*kwrh)/(RMD*WMD - krhw*kwrh)

rhizomes (g)

contaminant in water (g/L)

Concentration of freely dissolved Cwd

=IF (ko=0,"no outflow",Cw*fDW)
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Variable

Concentration of contaminant in
water effluent (g/L)

Symbol
Cw

Calculation
=IF (ko=0, "no outflow",Mw/(Vw*1000))

Concentration of contaminant in
rhizomes vegetated rooting
medium (g/kg)

Crh

=Mrva/(Vrv*1000*dv)

Concentration of contaminant in
rhizomes of rooting medium
normalized to organic carbon

| (g/kg OC)

Crhoc

=Crh/OCv

Concentration of contaminant in
emergent vegetation (g/kg)

Cev

=Mev/(1000*Vev*dv)

154




Table A.6: Parameterization of the Penman-Monteith equation. Values were
derived from meteorological data.

Description Parameter Units

density of water Pw kg/m3 998.2
latent heat if vaporization of A MJlkg 245
water

gradient of the saturated vapour 4 kPa/C, at Tag 0.225
pressure vs temperature curve

net radiation Rn MJ/mzd 15.87
soil heat flux F =0.04*Rn 0.635
density of moist air Pa kg/m® 1.16
specific heat of moist air (1.013) ¢, MJ/(kg.deg-C) 0.001
saturation vapour pressure es kPa at Tayg 4.03
ambient vapour pressure €a kPa 3.19
aerodynamic resistance to ‘ da/m 0.000468
vapour and heat diffusion e '
psychrometric constants Y kPaldeg-C 0.0675
bulk surface resistance s d/m 0.000379

Table A.7:  Half-life (t,2) and time to steady-state (ts5) for each test chemical in
each environmental compartment.

ti (days) tos (days)

Emergent Emergent
Chemical Water Rhizome  Vegetation | Water Rhizome Vegetation
Endosulfan Sulfate 9.35 17.4 10,000 40.5 75.1 43,300
Musk Ketone 11.1 115 2,500 47.9 499 10,800
1,2,3,4- 9.80 147 2,300 424 637 9,960
Tetrachlorobenzene
Pentachlorobenzen 12.3 666 9,920 53.3 2,880 42,900
e
Methyl Triclosan 12.6 228 2,500 54.3 987 10,800
Hexachlorobenzene 121 832 9,950 52.4 3,600 43,100
Tonalide 13.6 244 2,500 58.7 1,060 10,800
Galaxolide 13.4 244 2,500 40.5 75.2 43,300
PCB 52 14.9 971 10,000 47.9 499 10,800
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Table A.8: Complete list of input parameters (N = 42) and sensitivity measures

(u* and o).
Parameter p* o |
log Kow (unitless) 0.304 0.8592
Water-side rhizome-water mass transfer coeff. (m/day) 0.236 0.2932
Transformation half life time in water (day) 0.187 0.2408
Water temperature (avg. - degC) 0.144 0.1602
Number of plants per m*2 (1/m*2) 0.128 0.1437
Temperature correction factor (unitless) 0.116 0.1178
Rooting medium porosity (Vvoids/Vtotal) 0.086 0.0823
Surface area-volume ratio for rhizome veg. (m*2/m*3) 0.077 0.1106
Weight (wet) of rhizomes of one plant (kg/plant) 0.072 0.0586
Water inflow (L/day) 0.068 0.0119
Concentration of DOC in water (kg/L) 0.061 0.0681
Correction exponent for vegetation OC to octanol 0.059 0.0769
Concentration of particles in water (kg/L) 0.057 0.0942
DOC-octanol proportionality constant (unitless) 0.056 0.0177
Average water depth within the rooting medium (m) 0.050 0.0403
Henry's Law Constant (Pa.m3/mol) 0.049 0.0616
Transformation half-life time in emergent vegetation (day) 0.044 0.0226
| Organic carbon content of suspended solids (unitless) 0.043 0.0152
Air-side evaporation mass transfer coefficient (m/day) 0.041 0.0365
Rooting medium top surface area (m*2) 0.039 0.0071
Solids organic carbon to octanol equivalency factor 0.028 0.0173
Total annual average precipitation (mm/year) 0.026 0.0048
Annual average potential evapotranspiration (mm/year) 0.019 0.0049
Density of vegetation (kg/L) 0.007 0.0005
Water-side evaporation mass transfer coefficient (m/day) 0.006 0.0005
Organic carbon content of vegetation (unitless) 0.006 0.0006
Water content of vegetation (g/g) <0.001 <0.0001
Plant-side rhizome-water mass transfer coefficient (m/day) < 0.001 <0.0001
Transpiration-to-evaporation ratio <0.001 <0.0001
Concentration in water inflow (g/L) <0.001 <0.0001
Transformation half-life time in emergent vegetation (day) <0.001 <0.0001
Depth of rooting medium (m) <0.001 < 0.0001
Average grain size of rooting medium (mm) <0.001 <0.0001
Aspect ratio of wetland cell (L:W) <0.001 <0.0001
Weight (wet) of emergent part of one plant (kg/plant) <0.001 <0.0001
Surface area-volume ratio for emergent veg. (m*2/m*3) <0.001 <0.0001
Density of suspended solids (kg/L) <0.001 <0.0001
Solids settling velocity (m/day) <0.001 <0.0001
Sediment burial rate (m/day) <0.001 <0.0001
Plant-side transpiration mass transfer coefficient (m/day) <0.001 <0.0001
Air-side transpiration mass transfer coefficient (m/day) <0.001 <0.0001
Growth rate of emergent vegetation (/day) <0.001 <0.0001
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Fig. A.1: Efficiency of mass-removal (EL) and concentration-reduction (Ec) for
pyrene in the Lorong Halus Treatment Wetland as a function of the
water balance.
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Appendix B: Chapter 3 Supplementary Information

Table B.1:  Dissolved PAH concentrations in the Forebay and Final Deep Pool
for deployment one (July 21 — August 29, 2017)

Chemical Forebay
(pglL)
t  1-Methylchrysene 3351-28-8 684 39.7 855 191 875 88.6
t  1-Methylphenanthrene 832-69-9 276 151 129 7.6 53.1 57.3
t 1,7-Dimethylphenanthrene ~ 483-87-4 649 46.0 121 6.8 814 83.1
t 1,8-Dimethylphenanthrene ~ 7372-87-4 237 270 388 101 83.6 85.1
t  2-Methylphenanthrene 2531-84-2 258 103 157 8.8 38.9 44.4
t  2,6-Dimethylphenanthrene ~ 17980-16-4 167 710 643 103 614 64.8
t  5,9-Dimethylchrysene 139493-40-6 92.9 343 245 115 737 76.0
7-Methylbenzo[a]pyrene 63041-77-0 112 324 332 121 703 72.9
(0-6.6) (40.6-100)
Benzo[b]fluoranthene 205-99-2 89.3 224 352 288 60.6 64.1
t  Benzo[e]pyrene 192-97-2 101 215 205 541 796 814
t Chrysene 218-01-9 1,276 352 161 515 874 88.5
t  Fluoranthene 206-44-0 919 335 725 74 92.1 92.8
Phenanthrene 1985-01-08 778 746 499 8.0 35.8 415
t Pyrene 129-00-0 5,409 118 465 45 914 92.2
t Retene 483-65-8 442 142 100 153 773 79.4
tp < 0.0001
tp<0.01
"'p<0.05
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Table B.2:  Dissolved PAH concentrations in the Forebay and Final Deep Pool
for deployment two (August 29 — September 29, 2017)

Chemical Forebay EL (%)
(pglL)
t 1-Methylchrysene 3351-28-8 6.45 7.3 4.14 52 357 37.9
1-Methylnaphthalene 90-12-0 162 49 130 14 195 221
t 1-Methylphenanthrene 832-69-9 265 1.4 166 09 374 39.4
t 1,7-Dimethylphenanthrene 483-87-4 219 30 131 19 40.3 42.3
t 1,8-Dimethylphenanthrene 7372-87-4 80.3 8.0 38.4 8.0 522 53.8
2-Methylnaphthalene 91-57-6 128 8.2 158 63 -236 -19.5
2-Methylphenanthrene 2531-84-2 249 20 176 23 294 31.8
t 2,3,5-Trimethylnaphthalene 2245-38-7 178 5.0 134 38 246 271
2,3,6-Trimethylnaphthalene 829-26-5 231 61 202 25 125 15.4
t 24- 31317-18-7 943 4.7 52.9 50 440 45.8
Dimethyldibenzothiophene
2,6-Dimethylnaphthalene 581-42-0 246 56 334 75 -35.6 -3141
(205-288) (-62--16)
2,6-Dimethylphenanthrene 17980-16-4 116 6.3 101 19 13.0 15.9
5,9-Dimethylchrysene 139493-40-6  7.07 49 5.4 41 231 25.7
t Benzo[e]pyrene 192-97-2 12.3 59 6.5 33 470 48.8
t Chrysene 218-01-9 373 39 110 12 70.5 7.4
t  Fluoranthene 206-44-0 543 11 65.6 13 879 88.3
Fluorene 86-73-7 108 24 119 1.9  -102 6.6
t Phenanthrene 1985-01-08 877 47 488 17 44.3 46.2
t Pyrene 129-00-0 3,524 66 845 12 76.0 76.8
t Retene 483-65-8 48.4 19 276 1 42.8 447
1p <0.0001
tp<0.01
"'p<0.05
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Table B.3:

Dissolved PAH concentrations in the Forebay and Final Deep Pool
for deployment three (August 25 — September 22, 2018)

COMPOUND CAS Forebay SE FDP (pg/L) SE Ec (%) EL (%)
t  1-Methylchrysene 3351-28-8 L) 40.9 16.3 188  66.5 66.8
t  1-Methylphenanthrene 832-69-9 750 5.6 494 172 3441 34.6
1,2,6-Trimethylphenanthrene  30436-55-6 192 238 83 102  56.8 57.1
1,7-Dimethylphenanthrene 483-87-4 646 12.9 338 4.5 47.6 48.0
1,8-Dimethylphenanthrene 7372-87-4 377 31.7 191 1.0 493 49.7
2-Methylphenanthrene 2531-84-2 444 14.0 362 134 185 19.1
t  2,3,5-Trimethylnaphthalene 2245-38-7 359 34.7 248 179 311 316
t  2,3,6-Trimethylnaphthalene 829-26-5 753 19.6 509 8.60 324 33.0
2,4-Dimethyldibenzothiophene  31317-18-7 126 81.6 123 206 280 35
2,6-Dimethylnaphthalene 581-42-0 341 239 223 8.60 345 35.0
2,6-Dimethylphenanthrene 17980-16-4 269 10.8 157 510 417 422
t  3-Methylphenanthrene 832-71-3 636 231 477 109 249 255
t 5,9-Dimethylchrysene 139493-40-6 135 203 39.1 426 71.0 71.2
t Acenaphthene 83-32-9 2,875 81.6 349 905 879 88.0
(175-523) (82-94)
t  Anthracene 120-12-7 801 294 303 10.7  62.2 62.4
Biphenyl 92-52-4 126 61.7 133 195 -5.0 -4.2
t  Chrysene 218-01-9 601 84.5 233 321 612 61.4
t  Fluoranthene 206-44-0 445 124 123 6.00 724 72.6
t Fluorene 86-73-7 1,342 26.6 145 326 892 89.3
t  Phenanthrene 1985-01-08 3,832 85.4 1,320 303 655 65.8
t  Pyrene 129-00-0 2,245 127 580 870 742 74.4
t  Retene 483-65-8 2,027 1,410 416 2314 795 79.6
1p <0.0001
tp<0.01
"p<0.05
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Table B.4: Inflow rate (Qin), precipitation rate (Qr), evapotranspiration (Qer), and
outflow rate (Qo.t) of water at the Kearl Treatment Wetland during
each deployment period.

. Qin QP QET Qout
Deployment period
L/day L/day L/day L/day
2017A Jul 21 - Aug. 29, 2017 432,000 29,475 53,692 407,783
20178 Aug. 29 — Sept. 29, 2017 432,000 20,475 24,892 427,583
2018 Aug. 25 — Sept. 22, 2018 432,000 26,475 14,410 444,065
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Table B.5: Chemical activity of individual PAHs in polyethylene passive samplers in the forebay and final deep pool
(FDP) during each deployment.

DEPLOYMENT ONE DEPLOYMENT TWO DEPLOYMENT THREE
COMPOUND CAS_NO a(forebay) a(FDP) a(forebay) a(FDP) a(forebay) a(FDP)
1,2,6-Trimethylphenanthrene 30436-55-6 - - - - 9.4E-06 4.0E-06
1,7-Dimethylphenanthrene 483-87-4 9.1E-06 1.7E-06 3.1E-06 1.8E-06 9.1E-06 4.7E-06
1,8-Dimethylphenanthrene 7372-87-4 3.3E-06 5.4E-07 1.1E-06 5.4E-07 5.3E-06 2.7E-06
1-Methylchrysene 3351-28-8 5.1E-06 6.4E-07 4.8E-07 3.1E-07 3.7E-06 1.2E-06
1-Methylphenanthrene 832-69-9 1.6E-06 7.6E-07 4.0E-09 3.2E-09 - -
1-Methylphenanthrene 832-69-9 - - 1.6E-06 9.7E-07 4 4E-06 2.9E-06
2,3,5-Trimethylnaphthalene 2245-38-7 -- -- 3.7E-08 2.8E-08 7.5E-08 5.2E-08
2,3,6-Trimethylnaphthalene 829-26-5 - - 4.1E-08 3.6E-08 4.4E-07 3.0E-07
2,4-Dimethyldibenzothiophene 31317-18-7 - - 1.3E-07 7.2E-08 7.4E-08 7.2E-08
2,6-Dimethylnaphthalene 581-42-0 - - 1.7E-08 2.2E-08 1.7E-07 1.1E-07
2,6-Dimethylphenanthrene 17980-16-4 2.3E-06 9.0E-07 1.6E-06 1.4E-06 3.8E-06 2.2E-06
2-Methylphenanthrene 2531-84-2 9.8E-07 6.0E-07 3.1E-09 3.8E-09 1.7E-06 1.4E-06
2-Methylphenanthrene 2531-84-2 - - 9.5E-07 6.7E-07 - -
3-Methylphenanthrene 832-71-3 - - - - 2.3E-06 1.7E-06
5,9-Dimethylchrysene 139493-40-6 2.5E-05 6.4E-06 1.9E-06 1.4E-06 3.6E-05 1.0E-05
7-Methylbenzo[a]pyrene 63041-77-0 3.6E-06 1.1E-06 - - - -
Acenaphthene 83-32-9 - - 1.1E-06 1.4E-07
Anthracene 120-12-7 - - 1.8E-05 7.0E-06
Benzo[b]fluoranthene 205-99-2 4.3E-06 1.7E-06 - - - -
Benzo[e]pyrene 192-97-2 1.8E-05 3.6E-06 2.2E-06 1.2E-06 - -
Biphenyl 92-52-4 - - - - 1.8E-08 1.7E-08
Chrysene 218-01-9 4.8E-05 6.1E-06 1.4E-05 4.2E-06 2.3E-05 8.9E-06
Fluoranthene 206-44-0 7.1E-06 5.6E-07 4.2E-06 5.1E-07 3.4E-06 9.5E-07
Fluorene 86-73-7 - - 8.0E-08 8.9E-08 7.9E-07 8.6E-08
Phenanthrene 85-01-8 1.1E-06 7.4E-07 1.3E-06 7.2E-07 5.7E-06 2.0E-06
Pyrene 129-00-0 4.0E-05 3.4E-06 2.6E-05 6.3E-06 1.7E-05 4.3E-06
Retene 483-65-8 5.2E-05 1.2E-05 5.7E-06 3.3E-06 2.4E-04 4.9E-05

-- Chemical not detected. No activity calculated.
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Figure B.1: Comparison of concentrations of select PAHs in Oil Sands Process-
Affected Water entering the Kearl Treatment Wetland during deployments
one, two, and three to Environment and climate Change Canada (2015)
environmental measurements and Alberta Environment (2008) Water
Quality Targets.
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Appendix C: Chapter 4 Supplementary Information

E. is estimated with equivalent concentrations (Ceq.) that account for the effects
from precipitation and evapotranspiration, i.e. water gain or loss. This is representative
of mass-removal since concentration estimates have been normalized to the initial (day
0) water volume within the wetland, and the wetland operates as a closed-system with
100% recycling of OSPW, i.e. inflow is the same as outflow. Total precipitation (P) was
54.0 mm, 4.3 mm, and 11.1 mm and evapotranspiration (ET) was estimated to be 47.5
mm, 164 mm, and 126 mm from day 0 to 19 during the three deployment periods,

respectively.

Table C.1: Table C.2:

Half-life values estimated for each Half-life values for each double-
carbon group for naphthenic acids bond equivalent (DBE) for
measured in 2018 and 2019. SE = naphthenic acids measured in
Standard Error of the Mean 2018 and 2019. SE = Standard

Error of the Mean

2018 2019 2018 2019

Carbon ti;(days) SE ti2(days) SE DBE ti2(days) SE ti2(days) SE
12 341 133 258 2.5 7 454 45 255 2.0
13 335 70 285 4.4 6 73.3 217 204 3.3
14 341 20 263 4.1 5 52.3 69 228 3.7
15 504 16.0 254 3.0 4 49.1 8.6 30.1 7.1
16 651 106 23.3 35 3 46.4 9.0 23.0 26
17 488 10.0 185 3.5 2 48.8 146 159 1.9
18 599 33 203 3.0 1 54.8 85 19.2 1.3
19 68.3 13.7 156 2.0

20 116.1 69.9 29.7 15.5

21 406 64 149 5.0
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Figure C.1: Estimated 4d-deformity response on D. rerio based on BE-SPME
measurements of wetland water from Redman et al. (2018).

The toxic effects model for the 4d-deformity of D. rerio based on BE-SPME

measurements is derived from a Weibull cumulative distribution function:

Toxiceffect =1— e_(x/l)

where x is the BE-SPME measurement (mM), A is the fitted scale parameter to the
distribution, and w is the fitted shape parameter to the distribution. 1 and w were

determined using the Solver function in Microsoft Excel®.
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Table C.3:

2019B deployments.

Dissolved NA concentrations at the Forebay (FB) and Final Deep Pool (FDP) for 2018, 2019A, and

2018 2019A 2019B
Final Deep Final Deep
| ng/sample| Forebay  SE Pool SE  Ec (%) [Forebay SE Pool SE  Ec(%)|Forebay SE Final Deep Pool SE Ec (%)
C12H1802 | 4.70E+04 9.09E+03 5.36E+04 5.92E+03 -14.0%|2.58E+04 1.97E+03 1.43E+04 2.09E+03 44.6%|1.01E+04 1.16E+03 1.25E+04 7.54E+02 -23.7%
C12H2002 | 1.58E+05 2.91E+04 1.83E+05 1.99E+04 -15.6%|1.06E+05 8.30E+03 5.73E+04 1.01E+04 46.0%|4.55E+04 4.94E+03 5.51E+04 3.50E+03 -21.0%
C12H2202 | 4.65E+04 7.78E+03 5.14E+04 5.17E+03 -10.7%|3.29E+04 4.08E+03 1.56E+04 2.89E+03 52.5%|1.31E+04 1.13E+03 1.40E+04 6.89E+02 -6.9%
C12H2402 | 2.67E+03 4.42E+02 267E+03 1.73E+02  0.1%|1.99E+03 1.92E+02 6.53E+02 1.02E+02 67.1%|6.26E+02 3.69E+01 5.54E+02 4.05E+01 11.4%
C13H2002 | 2.43E+05 4.49E+04 2.89E+05 2.87E+04 -18.8%|(1.71E+05 1.37E+04 9.73E+04 1.62E+04 43.0%[9.07E+04 9.50E+03 1.09E+05 6.09E+03 -20.4%
C13H2202 | 3.83E+05 6.35E+04 4.31E+05 4.27E+04 -12.7%|3.24E+05 2.94E+04 1.66E+05 2.96E+04 48.9%|1.67E+05 1.44E+04 1.84E+05 9.45E+03 -10.4%
C13H2402 | 7.60E+04 1.15E+04 7.72E+04 8.83E+03  -1.6%|6.09E+04 5.79E+03 2.65E+04 4.90E+03 56.6%|2.58E+04 2.72E+03 2.69E+04 1.63E+03 -4.1%
C13H2602 | 3.25E+03 2.94E+02 3.54E+03 3.06E+02 -8.9%|2.69E+03 2.48E+02 9.50E+02 2.02E+02 64.7%|9.17E+02 9.68E+01 8.75E+02 5.46E+01 4.5%
C14H2002 | 6.85E+04 1.17E+04 7.91E+04 7.40E+03 -15.5%|(5.50E+04 4.79E+03 2.95E+04 4.91E+03 46.3%|3.03E+04 3.32E+03 3.44E+04 1.19E+03 -13.4%
C14H2202 | 5.15E+05 8.95E+04 5.69E+05 6.10E+04 -10.6%|7.60E+05 1.07E+05 4.92E+05 1.02E+05 35.3%|2.79E+05 1.85E+04 2.94E+05 1.64E+04 -5.1%
C14H2402 | 5.88E+05 9.47E+04 6.17E+05 6.47E+04 -4.8%|8.07E+05 1.12E+05 4.83E+05 1.04E+05 40.2%|2.68E+05 2.40E+04 2.84E+05 1.54E+04 -6.2%
C14H2602 | 8.63E+04 1.33E+04 7.94E+04 7.54E+03  8.0%|7.27E+04 7.13E+03 2.85E+04 5.78E+03 60.9%|2.83E+04 3.14E+03 2.86E+04 1.59E+03 -0.9%
C14H2802 | 3.66E+03 5.85E+02 3.14E+03 3.21E+02 14.2%|2.89E+03 2.83E+02 9.37E+02 1.85E+02 67.6%|9.50E+02 7.79E+01 8.34E+02 5.43E+01 12.2%
C15H1802 | 8.71E+04 1.54E+04 9.22E+04 1.07E+04 -5.8%|8.33E+04 7.41E+03 3.87E+04 7.78E+03 53.5%|3.41E+04 3.97E+03 4 54E+04 1.97E+03 -33.3%
C15H2002 | 6.15E+04 1.07E+04 6.43E+04 6.56E+03 -4.6%|5.61E+04 5.28E+03 2.53E+04 4.81E+03 54.9%|2.55E+04 2.04E+03 2.92E+04 1.21E+03 -14.4%
C15H2202 | 1.16E+05 1.90E+04 1.25E+05 1.36E+04  -8.4%|1.20E+05 1.15E+04 6.09E+04 1.07E+04 49.3%|6.94E+04 4.74E+03 7.60E+04 3.65E+03 -9.5%
C15H2402 | 5.82E+05 9.11E+04 6.07E+05 5.55E+04  -4.2%|(9.14E+05 1.22E+05 5.55E+05 1.16E+05 39.3%|3.20E+05 2.96E+04 3.38E+05 1.77E+04 -5.7%
C15H2602 | 4.48E+05 7.17E+04 4.09E+05 4.23E+04  8.6%|6.03E+05 8.74E+04 3.19E+05 6.99E+04 47.1%|1.95E+05 2.19E+04 2.01E+05 117E+04 -3.3%
C15H2802 | 1.53E+04 4.51E+02 1.28E+04 1.18E+03 16.1%|2.87E+04 4.23E+03 7.19E+03 1.08E+03 74.9%|4.87E+03 3.63E+02 4.76E+03 261E+02  2.3%
C15H3002 |4.71E+02 4.29E+01 3.82E+02 2.53E+01  19.0%|9.13E+02 1.07E+02 2.00E+02 3.48E+01 78.1%|1.51E+02 1.07E+01 1.42E+02 3.18E+00 5.9%
C16H2002 | 1.73E+05 2.63E+04 1.77E+05 1.83E+04 -2.5%|1.86E+05 1.93E+04 8.47E+04 1.70E+04 54.5%|8.71E+04 8.48E+03 1.04E+05 4.48E+03 -19.1%
C16H2202 | 7.78E+04 1.09E+04 7.78E+04 8.32E+03  0.0%|8.38E+04 8.58E+03 3.71E+04 7.24E+03 55.8%|4.14E+04 2.27E+03 4 40E+04 2.34E+03 -6.3%
C16H2402 | 1.19E+05 1.81E+04 1.14E+05 9.47E+03  3.8%|1.34E+05 1.39E+04 6.39E+04 1.21E+04 52.4%|7.62E+04 7.11E+03 8.21E+04 4.08E+03 -7.7%
C16H2602 | 3.31E+05 5.07E+04 2.88E+05 2.92E+04 12.9%|5.07E+05 7.52E+04 2.65E+05 5.72E+04 47.8%|1.76E+05 1.67E+04 1.80E+05 9.61E+03 -2.1%
C16H2802 | 5.27E+04 2.46E+03 4.41E+04 4.54E+03 16.4%|(1.12E+05 1.44E+04 2.97E+04 4.66E+03 73.5%|2.13E+04 1.69E+03 2.14E+04 1.28E+03 -0.3%
C16H3002 | 4.90E+03 2.79E+02 3.52E+03 3.85E+02 28.2%(9.92E+03 1.28E+03 2.23E+03 3.92E+02 77.5%|1.58E+03 1.19E+02 1.47E+03 8.89E+01 7.2%
C17H2202 | 1.93E+05 2.78E+04 1.85E+05 1.88E+04  4.3%|2.39E+05 2.37E+04 1.07E+05 2.22E+04 55.1%|1.11E+05 8.95E+03 1.24E+05 7.22E+03 -11.7%
C17H2402 | 8.42E+04 1.21E+04 7.86E+04 7.42E+03  6.7%(9.26E+04 9.22E+03 4.01E+04 8.33E+03 56.7%|4.34E+04 3.35E+03 4 49E+04 2.10E+03 -3.4%
C17H2602 | 6.51E+04 9.59E+03 5.45E+04 5.90E+03 16.2%|7.78E+04 7.67E+03 3.35E+04 6.81E+03 56.9%|3.82E+04 2.90E+03 3.7T4E+04 2.25E+03  2.2%
C17H2802 | 2.59E+04 1.06E+03 2.02E+04 2.33E+03 21.8%|6.35E+04 7.71E+03 1.76E+04 2.72E+03 72.3%|1.24E+04 1.01E+03 1.27E+04 8.11E+02 -2.7%
C17H3002 |9.28E+03 8.92E+02 5.97E+03 6.80E+02 35.6%|2.05E+04 2.17E+03 4.53E+03 8.03E+02 77.9%|3.37E+03 2.77E+02 3.08E+03 1.88E+02 8.8%
C17H3202 | 7.81E+02 1.07E+02 4.37E+02 4.06E+01 44.0%|(1.81E+03 1.65E+02 3.39E+02 7.01E+01 81.3%|2.74E+02 1.72E+01 2.24E+02 8.88E+00 18.4%
C18H2402 | 1.69E+05 2.54E+04 1.52E+05 1.30E+04 10.2%|2.01E+05 2.10E+04 8.68E+04 1.78E+04 56.8%|9.16E+04 8.56E+03 9.98E+04 5.23E+03 -8.9%
C18H2602 | 6.39E+04 9.43E+03 5.40E+04 5.55E+03 15.5%|(7.23E+04 7.16E+03 2.96E+04 6.48E+03 59.1%|3.11E+04 2.23E+03 3.04E+04 1.77E+03  21%
C18H2802 | 6.92E+03 4.06E+02 5.34E+03 5.75E+02 22.9%(1.74E+04 2.10E+03 5.05E+03 7.88E+02 71.0%|3.53E+03 2.37E+02 3.50E+03 2.06E+02 0.9%
C18H3002 | 3.94E+03 4.04E+02 2.60E+03 2.70E+02 34.0%|1.05E+04 7.80E+02 2.53E+03 4.19E+02 75.8%|1.94E+03 1.63E+02 1.76E+03 9.94E+01  9.1%
C18H3202 | 9.72E+02 1.52E+02 5.70E+02 6.28E+01 41.4%|2.69E+03 1.44E+02 5.00E+02 8.57E+01 81.4%|4.12E+02 3.90E+01 3.33E+02 1.23E+01 19.3%
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2018 2019A 2019B
Final Deep Final Deep
| ng/sample| Forebay  SE Pool SE  Ec (%) [Forebay SE Pool SE  Ec(%)|Forebay SE Final Deep Pool SE Ec (%)
C19H2602 | 9.54E+04 1.46E+04 7.64E+04 8.55E+03 19.9%|1.12E+05 1.12E+04 4.66E+04 1.01E+04 58.2%|4.44E+04 3.10E+03 4 5TE+04 2.45E+03 -2.8%
C19H2802 | 8.28E+03 3.29E+02 7.06E+03 8.17E+02 14.7%(1.98E+04 2.27E+03 5.59E+03 9.31E+02 71.8%|3.62E+03 2.07E+02 3.60E+03 1.78E+02 0.6%
C19H3002 | 1.57E+03 1.43E+02 1.11E+03 1.17E+02 29.0%|3.95E+03 3.16E+02 1.04E+03 2.00E+02 73.6%|7.45E+02 4.80E+01 6.77E+02 2.89E+01  9.2%
C19H3202 | 5.80E+02 7.65E+01 3.24E+02 3.78E+01 44.0%|(1.61E+03 8.84E+01 3.65E+02 6.47E+01 77.3%|3.84E+02 2.69E+01 2.71E+02 7.97E+00 29.3%
7.36E+01 3.08E+01 58.2%
C19H3402 [(54.2-92.9) 9.25E+00 (0-61.5) 5.65E+00 (34-100){3.37E+02 3.16E+01 7.12E+01 1.72E+01 78.9%|1.07E+02 1.07E+01 6.35E+01 7.20E+00 40.4%
C20H2802 | 3.18E+04 4.51E+03 245E+04 4.33E+03 23.0%|3.70E+04 3.49E+03 1.56E+04 3.51E+03 57.9%|1.57E+04 9.82E+02 1.54E+04 1.03E+03  2.3%
C20H3002 |2.37E+03 2.89E+02 1.62E+03 2.21E+02 31.5%|5.40E+03 4.07E+02 1.29E+03 2.60E+02 76.1%|9.02E+02 5.12E+01 7.83E+02 557E+01 13.3%
1.56E+02 14.6%
C20H3202 | (134-177) 4.73E+01 1.33E+02 3.13E+01  (1-25)|4.93E+02 4.10E+01 1.07E+02 3.88E+01 78.2%|1.44E+02 1.04E+01 9.78E+01 4.30E+00 32.1%
5.99E+01 3.83E+01 36.0%
C20H3402 (34-85) 2.16E+01  (19-58) 9.52E+00 (32-45)|1.73E+02 1.25E+01 6.65E+01 3.19E+00 61.6%|7.14E+01 3.63E+00 4 ATE+01 2.77E+00 37.4%
C21H3002 | 2.33E+03 2.47E+02 1.57E+03 1.92E+02 32.5%|(4.72E+03 2.83E+02 1.26E+03 2.19E+02 73.3%|8.34E+02 5.04E+01 7.54E+02 346E+01  9.7%
C21H3202 | 2.39E+02 2.51E+01 1.33E+02 1.55E+01 44.3%|(4.78E+02 1.16E+01 1.06E+02 2.46E+01 77.9%|1.05E+02 7.36E+00 7.41E+01 3.20E+00 29.2%
3.22E+01 7.50E+00 76.7% 1.11E+01 53.6%
C21H3402 - - - - ~| (15-49) 7ATE+00 (2.8-12.1) 9.26E-01 (75-82)|2.38E+01 1.69E+00 (9-13) 2.49E+00 (45-62)
9.80E+00 59.9%
C21H3602 | 2.45E+01 2.43E+00 (7.7-12) 2.57E+00 (51-69)|3.00E+01 2.16E+00 1.19E+01 1.38E+00 60.4%|2.46E+01 1.37E+00 1.38E+01 1.01E+00 43.7%
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Appendix D: Chapter 5 Supplementary Information

Table D.1: Log Kow, molecular weight, aqueous solubility, Henry’s law
constant, half-life in water, and log Koc of select PAHs used for
model inputs

log Kow MW Saq. H ti2 log Koc
COMPOUND ur?tiless g/mol mg/L (25 deg-C) Pa.m3/mol days Elkg
1-Methylchrysene 6.07 242.32 0.013 0.192 132 5.27
1-Methylnaphthalene 3.87 142.20 25 52.1 8.89 3.36
1-Methylphenanthrene 5.08 192.26 0.17 5.00 239 4.41
1,2,6-Trimethylphenanthrene 5.99 220.32 0.021 5.07 61.2 5.20
1,7-Dimethylphenanthrene 5.44 202.29 0.071 2.98 38.3 4.72
1,8-Dimethylphenanthrene 5.44 202.29 0.071 2.98 38.3 4.72
2-Methylnaphthalene 3.86 142.20 24.6 52.5 8.89 3.35
2-Methylphenanthrene 5.15 192.26 0.26 2.78 239 4.22
2,3,5-Trimethylnaphthalene 4.81 170.26 4.8 46.2 22.7 417
2,3,6-Trimethylnaphthalene 473 170.26 5.6 46.2 22.7 411
2,4-Dimethyldibenzothiophene 5.39 212.31 0.074 1.35 46.8 4.48
2,6-Dimethylnaphthalene 4.37 156.23 15 431 14.2 3.74
2,6-Dimethylphenanthrene 5.44 206.29 0.071 2.98 38.3 4.71
2/3-Methyldibenzothiophenes 4.71 198.28 0.33 3.12 442 4.09
3-Methylfluoranthene/Benzo[a]fluorene 5.48 216.28 0.058 0.912 73.5 4.76
3-Methylphenanthrene 5.15 192.26 0.28 3.29 239 422
5,9-Dimethylchrysene 6.62 256.35 0.0038 0.206 235 5.75
5/6-Methylchrysene 6.07 242.32 0.065 0.192 132 5.27
7-Methylbenzo[a]pyrene 6.66 266.35 0.0008 0.0507 162 5.78
9/4-Methylphenanthrene 4.89 192.26 0.25 2.78 239 424
Acenaphthene 3.92 154.21 3.9 18.6 18.8 3.40
Anthracene 4.45 178.24 0.043 5.63 123 3.86
Benzo[b]fluoranthene 5.78 252.32 0.021 0.0666 285 5.02
Benzo[e]pyrene 6.44 252.32 0.0056 0.0304 422 559
Biphenyl 4.01 154.21 6.9 31.2 31,0 348
Chrysene 5.81 228.30 0.026 0.53 344 5.04
Fluoranthene 5.16 202.26 0.26 0.898 191 4.80
Fluorene 418 166.22 1.3 9.75 151 3.70
Phenanthrene 4.46 178.24 0.68 4.29 15.0 3.87
Pyrene 4.88 202.26 0.22 1.21 60.0 4.90
Retene 6.35 234.34 0.0085 6.37 56.0 5.51
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Table D.2:  Z, number of double bond equivalents (DBE), molecular weight,
Henry’s law constant, log D, and half-life in water for O2-NAs used
for model input.

Mw H log D t1/2

Chemical DBE (g/mol) (Pa/mol.m3) (pH=7) water (d)
C12H1802 -6 194 1.77E-03 0.706 117
C12H2002 -4 196 6.70E-03 1.12 103
C12H2202 -2 198 2.92E-02 1.79 50.4
C12H2402 0 200 2.60E-01 2.70 23.6
C13H2002 -6 208 3.04E-03 1.09 143
C13H2202 4 210 8.79E-03 1.62 64.2
C13H2402 -2 212 3.69E-02 2.31 37.4
C13H2602 0 214 3.10E-01 3.21 29.0
C14H2002 -8 220 3.13E-04 0.86 825
C14H2202 -6 222 8.69E-04 1.47 102
C14H2402 -4 224 7.11E-03 1.99 .7
C14H2602 -2 226 4.06E-02 2.82 28.8
C14H2802 0 228 3.70E-01 3.72 20.7
C15H1802 -12 230 5.49E-05 2.94 68.9
C15H2002 -10 232 5.49E-05 0.76 471
C15H2202 -8 234 5.29E-04 1.57 57.5
C15H2402 -6 236 1.17E-03 1.87 72.4
C15H2602 -4 238 8.81E-03 2.50 41.9
C15H2802 -2 240 4.98E-02 3.33 18.4
C15H3002 0 242 4 40E-01 4.22 16.3

C16H2002 -12
C16H2202 -10

244 6.76E-05 1.15 494
246 6.76E-05 1.15 38.6

C16H2402 -8 248 9.00E-04 3.34 41.1
C16H2602 -6 250 9.39E-04 2.24 37.9
C16H2802 -4 252 9.24E-03 3.04 19.3
C16H3002 -2 254 6.01E-02 3.82 15.4
C16H3202 0 256 5.10E-01 472 13.0
C17H2202 -12 258 1.40E-05 1.12 39.6
C17H2402 -10 260 5.47E-05 1.53 33.3
C17H2602 -8 262 7.29E-04 2.32 28.0
C17H2802 -6 264 1.17E-03 2.72 19.4
C17H3002 -4 266 1.13E-02 3.55 14.3
C17H3202 -2 268 7.00E-02 432 11.8
C17H3402 0 270 5.80E-01 5.22 13.0

C18H2402 -12
C18H2602 -10

272 1.17E-05 1.54 33.7
274 1.51E-04 242 26.9

C18H2802 -8 276 2.03E-04 2.75 19.3
C18H3002 -6 278 1.22E-03 3.63 15.1
C18H3202 -4 280 1.21E-02 4.06 12.0
C18H3402 -2 282 8.78E-02 4.82 12.0
C18H3602 0 284 6.60E-01 5.71 12.0

C19H2602 -12
C19H2802 -10

286 8.82E-06 1.92 271.3
288 2.61E-04 3.20 204

C19H3002 -8 290 2.79E-04 3.15 16.4
C19H3202 -6 292 1.44E-03 3.76 12.1
C19H3402 -4 294 1.44E-02 4.56 9.9
C19H3602 -2 296 1.00E-01 5.32 10.0
C19H3802 0 298 7.50E-01 6.19 10.0

300 110E05 240 253

C20H2802 -12 .
302 3.07E-05 2.94 14.9

C20H3002  -10

ON—_,NWOPRAROTON_,NOPRAROIOON_NOPRAROIOON_,NOPRAPTIOOON_NOPRRTOON_NOPRRTOO_2NORR 2N
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Mw H log D t1/2

Chemical DBE (g/mol) (Pa/mol.m3) (pH=7) water (d)
C20H3202 -8 5 304 2.18E-04 3.51 14.1
C20H3402 -6 4 306 1.55E-03 4.26 15.6
C20H3602 -4 3 308 1.70E-02 5.04 8.0
C20H3802 -2 2 310 1.10E-01 5.80 9.0
C21H3002 -12 7 314 9.77E-06 2.78 16.0
C21H3202 -10 6 316 411E-05 3.34 11.9
C21H3402 -8 5 318 2.58E-04 3.99 8.7
C21H3602 6 4 320 1.81E-03 4.76 12.1
C21H3802 -4 3 322 1.94E-02 5.54 7.0
C21H4002 -2 2 324 1.30E-01 6.30 8.0
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Table D.3: Model parameterization for the Kearl Treatment Wetland

Shallow
Area 1

Shallow
Area 2

Shallow Final Deep
Area 3 Pool

System Characteristics and Design

Surface area of wetland cell (m"2) SAw 496.8 4412 545 695 1001 455
Vegetation cover (%) Vegcover 10% 39% 10% 22% 51% 10%
Surface area of catchment area (m"2) SAcatchment 960 8528 1053 1343 1935 880
Average water depth (m) Dw 1.7 04 1.7 04 04 1.7

pH of water pH 7 7 7 7 7 7
Water temperature (avg. - degC) Tw 10.97 10.97 10.97 10.97 10.97 10.97
Water inflow (L/day) F 432000 430003 412275  410086. 407293 403271
Concentration of particles in water (kg/L) Cpw 423E-06 4.23E-06 4.23E-06 4.23E-06 4.23E-06 4.23E-06
Concentration of DOC in water (kg/L) Cdoc 0.00002  0.00002  0.00002  0.00002  0.00002  0.00002
Concentration of solids in rooting medium (kg/L) Css 0.18 0.18 0.18 0.18 0.18 0.18
Rooting medium surface area (m*2) Sas 496.8 4412.08 545 695 1001 455
Depth of rooting medium (m) Ds 0.5 0.5 0.5 0.5 0.5 0.5
Number of emergent plants per mA2 (1/m*2) NumberofPlants 1 53 1 26 76 1
Water content of vegetation (g/g) Wp 0.8 0.8 0.8 0.8 0.8 0.8
Weight of rhizomes of one plant (kg/plant) WeightRhizomes 1 1 1 1 1 1
Weight of submerged part of one plant (kg/plant) WeightSubmerged 1 1 1 1 1 1
Weight of emerged part of one plant (kg/plant) WeightEmerged 3 3 3 3 3 3
Surface area-volume ratio for submerged vegetation (m"2/m"3) AreaVolSV 400 400 400 400 400 400
Surface area-volume ratio for emergent vegetation (m*2/m*3) AreaVolEV 800 800 800 800 800 800
Density of suspended solids (kg/L) dpw 15 15 15 15 15 15
Density of rooting medium solids (kg/L) dss 1.85 1.85 1.85 1.85 1.85 1.85
Density of vegetation (kg/L) av 0.85 0.85 0.85 0.85 0.85 0.85
Density of organic carbon (kg/L) doc 1 1 1 1 1 1
Organic carbon content of suspended solids (unitless) OCpw 0.05 0.05 0.05 0.05 0.05 0.05
Organic carbon content of rooting medium solids (unitless) OCss 0.382 0.382 0.382 0.382 0.382 0.382
Organic carbon content of vegetation (fraction; unitless) OCv 0.005 0.005 0.005 0.005 0.005 0.005
Gamma gamma 1 1 1 1 1 1
Oxidation-Reduction Potential ORP 1 1 1 1 1 1
Water transport in xylem per plant (L/day) Qwx 0.0928 0.0928 0.0928 0.0928 0.0928 0.0928
Average annual precipitation (mm) Qp 0.0 0.0 0.0 0.0 0.0 0.0
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Shallow Deep  Shallow Shallow Final Deep

System Characteristics and Design Area 1 Pool 1 Area2  Areal Pool
Total annual average potential evapotranspiration (mm) Qe 1467.6 1467.6 1467.6 1467.6 1467.6 1467.6
Solids settling velocity (m/day) vsolidsinwater 0.005 0.005 0.005 0.005 0.005 0.005
Sediment burial rate (m/day) vaccretion 0 0 0 0 0 0
Water-side evaporation mass transfer coefficient (m/day) vTew 0.05 0.05 0.05 0.05 0.05 0.05
Air-side evaporation mass transfer coefficient (m/day) vTea 0.05 0.05 0.05 0.05 0.05 0.05
Water-to-sediment diffusion mass transfer coefficient (m/day) vd 0.1 0.1 0.1 0.1 0.1 0.1
Plant-side transpiration mass transfer coefficient (m/day) vTplantside 0.05 0.05 0.05 0.05 0.05 0.05
Air-side transpiration mass transfer coefficient (m/day) vTairside 0.05 0.05 0.05 0.05 0.05 0.05
Water-side submerged vegetation-water mass transfer coefficient vTwater 0.0001 0.0001 0.0001 0.0001 0.0001 0.0001
(m/day)

Plant-side submerged vegetation-water mass transfer coefficient vTsv 0.0001 0.0001 0.0001 0.0001 0.0001 0.0001
(m/day)

Temperature correction factor (unitless) omega 0.96 0.96 0.96 0.96 0.96 0.96
Growth submerged vegetation (1/day) kgsv 0 0 0 0 0 0
Growth emergent vegetation (1/day) kgev 0 0 0 0 0 0
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Table D.4:

Variable

Octanol-water partition coefficient (unitless)

Organic carbon-water partition coefficient (L/Kg)
Air-Water Distribution Coefficient (L/L)

Suspended Solids Water Distribution Coefficient (L/kg dw)
Rooting medium Solids-water partition coefficient (L/kg dw)
Dissolved Organic Matter Water Partition Coefficient
Vegetation to air partition coefficient(L/kg)
Vegetation-water partition coefficient (L/kg)

Plant organic carbon-water partition coefficient
Transpiration stream concentration factor #1

Total external loading (g/day)

Water out-flow (L/day)

Solids settling rate (kg/day)

Sediment burial rate (kg/day)

Solids resuspension rate (kg/day)

Settling of suspended solids flux (kg/day)

Burial flux of sediment solids (kg/day)

Volatilization mass transfer coefficient (m/day)

Fraction of freely dissolved contaminant in water (unitless)
Fraction of particle bound contaminant in water (unitless)

Fraction of DOC bound contaminant in water (unitless)

Fraction of (freely dissolved) contaminant in water of vegetated rooting
medium (unitless)

Fraction in solids of vegetated rooting medium

Fraction in vegetation of vegetated rooting medium

Sediment solids mass balance and resuspension flux (kg/day)
Water transport in plant xylem (L/day/plant)

Symbol
Kow
Koc
Kaw
Kpw

Kps
Kdom
Kvegair
Kvegwater
Kocveg
TSCF1

L

Fout
VSS

vb

vrs
SetFlux
BurFlux
ve

fDW
fPW

fDOCW
fDS

fSS
fvS

ResFlux
Qwx
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Model variables, symbols, and equations. Rate constants for FWS processes that are illustrated in Fig. 5-1.

Calculation

=10"ogKow

=SOCOW*Kow

=H/(8.314%(273+Tw))

=0Cpw*SOCOW*Kow

=0Css*SOCOW*Kow

=adoc*Kow

=Kvegwater/Kaw

=(Wp+(OCv*Kow"VOCOW))*(dv/1)

=VOCOW*Kow
=IF((0.784*EXP(-((logKow-1.78)"2)/2.44))>(0.7*EXP(-((logKow-
3.07)"2)/2.78)),(0.784*EXP(-((logKow-1.78)2)/2.44)),(0.7*EXP(-((logKow-
3.07)"2)/2.78)))

=F*Cin
=(F+((Qp/1000/365.25)*Sas*1000)-((Qe/1000/365.25)*Sas*1000)))
=Cpw*vsolidsinwater*SAw*1000

=Css*vaccretion*Sas*1000

=vss-vb

=vss*SAw

=vb*Sas

=IF(Kaw="na",0,1/((1/vTew)+1/(Kaw*vTea)))
=1/(1+(Cpw*Kpw)+(Cdoc*adoc*Kow))
=IF(Kdom="na",(Kps*Cpw)/(1+(Kps*Cpw)),(Kps*Cpw)/(1+(Kps*Cpw)+(Kdom
*Cdoc)))
=IF(Kdom="na",0,(Kdom*Cdoc)/(1+(Kps*Cpw)+(Kdom*Cdoc)))
=(Vsw/Vs)/((Vsw/Vs)+(Kps*dss*Vsss/Vs)+(KvegwaterVrv/Vs))

=(Kps*dss)*(Vsss/Vs)/((Vsw/Vs)+(Kps*dss*Vsss/Vs)+(KvegwaterVrv/Vs))
=(Kvegwater*dv)*(Vrv/Vs)/((Vsw/Vs)+(Kps*dss*Vsss/Vs)+(KvegwaterVrv/Vs
)

=SetFlux-BurFlux
=(Qe/1000/365)*SUM(C5:M5)/((NumberofPlants*SAw)+(E20*E5)+(G20*G5)
+(120%15)+(K20*K5)+(M20*M5))*1000




Variable
Volume of water at t=0 (m*3)

Symbol
Vw

Calculation
=(SAw*Dw)

Volume of vegetated rooting medium (m*3) Vs =(Sas*Ds)+Vrv
Volume of rooting medium (m*3) Vrm =(Sas*Ds)
Volume of solids in vegetated rooting medium (m*3) Vsss =(Css/dss)*Vrm
Volume of water in vegetated rooting medium (m*3) Vsw =Vrm-Vsss
Volume of emergent vegetation (m*3) Vev =WeightEmerged*NumberofPlants*Sas/1000*dv
Volume of submerged vegetation (m*3) Vsv =WeightSubmerged*NumberofPlants*Sas/1000*dv
Volume of rhizomes (m*3) Vrv =WeightRhizomes*NumberofPlants*Sas/1000*dv
Submerged vegetation surface area (m*2) Ssv =NumberofPlants*WeightSubmerged*SAw*AreaVolSV/(dv*1000)
Emergent vegetation surface area (m"2) Sev =NumberofPlants*WeightEmerged*SAw*AreaVolEV/(dv*1000)
Bioavailable solute fraction (unitless) sigma =fDW
Concentration of particulate organic carbon (kg/L) Xpoc =Cpw*OCpw
Contaminant fraction in water of vegetation fWVeg =(1-OCv)/((1-OCv)+Kocveg*OCv)
Contaminant fraction in organic carbon of vegetation fOCVeg =1-fWVeg
Transpiration mass transfer coefficient (m/day) vT =IF(Kvegair="na","na",1/((1/vTplantside)+1/(vTairside/Kvegair)))
Water to submerged vegetation diffusion mass transfer coefficient (m/d) vWaterVeg =1/((1vTwater)+1/(Kow*vTsv))

Rate constants
Outflow (/day) ko =Fout/(1000*Vw)
Volatilization (/day) kv =(SAw*(1-(Vegcover))*DW*ve/Vw)*(omega®(Tw-C124))
Overall water-to-sediment transport (/day) kws =_kws1+_kws2
Overall sediment-to-water transport (/day) ksw = ksw1+_ksw2
Solids settling (/day) _kws1 =(vss*DW*Kpw/(dss*1000*Vw))*(omega’(Tw-C124))
Water-to-sediment diffusion (/day) _kws2 =(Sas*vd*DW/Vw)*(omega’(Tw-C124))
Solids resuspension (/day) _ksw1 =(vrs*fSS/(Vs*1000*dss))*(omega’(Tw-C124))
Sediment-to-water diffusion (/day) _ksw2 =(Sas*vd*fDS/Vs)*(omega®(Tw-C124))
Burial (/day) kB =(vb*Sas*fSS/(dss*1000*Vs))*(1.02M(Tw-C124))
Rhizome vegetation to submerged vegetation krvsv =(fDS*Qwx*TSCF1/Vrv)*(omega’(Tw-C124))
Water-to-submerged vegetation diffusion (/day) kwsv =(Ssv*fDW*vWaterVeg/Vw)*(omega®(Tw-C124))
Submerged vegetation to water diffusion (/day) ksvw =(kwsv/(Kvegwater))*(omega®(Tw-C124))
Submerged vegetation to emergent vegetation transport (/day) ksvev =(fWVeg*Qwx/WeightSubmerged/dv)*(omega®(Tw-C124))
Emergent vegetation to air transport (/day) kevair =(Sev*fWVeg*vT/(Vev*Kvegair))*(omega’(Tw-C124))
Transformation in water (/day) kwr =(0.693/(hiw)*(C143"((Tw-C124)/C124))*gamma’(ORP-C123))
Transformation in vegetated rooting medium (/day) ksr =(0.693/(his)*(C143"((Tw-C124)/C124))*gamma’*(ORP-C123))
Transformation in submerged vegetation (/day) ksvr =((0.693/hisubmerged)*(C143%((Tw-C124)/C124)))*(gamma’(ORP-C123))
Transformation in emergent vegetation (/day) kevr =(0.693/hlemerged)*(C143"((Tw-C124)/C124))*(gamma’(ORP-C123))
Rooting medium depuration (1/day) RMD =ksw-+krvsv+ksr+kB
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Variable Symbol Calculation

Water medium depuration (1/day) WMD =kws+kwsv+kv+ko+kwr

Submerged vegetation depuration (1/day) SVD =ksvw+ksvev+ksvr+kgsv

Emergent plant depuration (1/day) EVD =kevair+kevr+kgev

Steady State Solution

Total mass of contaminant in water (g) Mw =-(L*RMD*SVD)/(RMD*ksvw*kwsv - RMD*SVD*WMD + SVD*ksw*kws +
krvsv*ksvw*kws)

Total mass of contaminant in vegetated rooting medium (g) Ms =-(L*SVD*kws)/(RMD*ksvw*kwsv - RMD*SVD*WMD + SVD*ksw*kws +
krvsv*ksvw*kws)

Total mass of contaminant in submerged vegetation (g) Msv =-(L*(RMD*kwsv + krvsv*kws))/(RMD*ksvw*kwsv - RMD*SVD*WMD +
SVD*ksw*kws + krvsv*ksvw*kws)

Total mass of contaminant in emergent vegetation (g) Mev =-(L*ksvev*(RMD*kwsv + krvsv*kws))/(EVD*(RMD*ksvw*kwsv -
RMD*SVD*WMD + SVD*ksw*kws + krvsv*ksvw*kws))

Total mass of contaminant in rhizomes (g) Mrva =Ms*fVS

Concentrations

Freely dissolved concentration of contaminant in water (g/L) Cwdo =Cw*DW

Concentration of contaminant in water (g/L) Cw =Mw/(Vw*1000)

Concentration of contaminant in vegetated rooting medium (g/kg dry) Cs =(Ms/Vs)/1000

Concentration of contaminant in solids of vegetated rooting medium (g/kg dry) ~ Cssolids =Ms*fSS/(1000*Vsss*dss)

Concentration of contaminant in water of vegetated rooting medium (g/L) Cswater =Ms*fDS/(1000*Vsw)

Concentration of contaminant in vegetation of vegetated rooting medium (g/kg  Csveg =Ms*fVS/(1000*Vrv*dv)

dry)

Concentration of contaminant in solids of rooting medium normalized to Csoc =Cssolids/OCss

organic carbon (g/kg OC)

Concentration of contaminant in vegetation of rooting medium normalized to Csvegoc =Csveg/OCv

organic carbon (g/kg OC)

Concentration of contaminant in submerged vegetation (g/kg) Csv =Msv/(1000*Vsv*dv)

Concentration of contaminant in emergent vegetation (g/kg) Cev =Mev/(1000*Vev*dv)

Fluxes

Inflow (g/day) =L

Outflow (g/day) =ko*Mw

Volatilization (g/day) =kv*Mw

Overall water-to-rooting medium transport (g/day) =kws*Mw

Overall rooting medium-to-water transport (g/day) =ksw*Ms

Burial (g/day) =kB*Ms

Rhizome vegetation to submerged vegetation =krvsv*Ms

Water-to-submerged vegetation diffusion (g/day) =kwsv*Mw
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Variable Symbol Calculation

Submerged vegetation to water diffusion (g/day) =ksvw*Msv
Submerged vegetation to emergent vegetation transport (g/day) =ksvev*Msv
Emergent vegetation to air transport (g/day) =kevair*Mev
Transformation in water (g/day) =kwr*Mw
Transformation in vegetated rooting medium (g/day) =ksr*Ms
Transformation in submerged vegetation (g/day) =ksvr*Msv
Transformation in emergent vegetation (g/day) =kevr*Mev
Growth dilution submerged vegetation (g/day) =kgsv*Msv
Growth dilution emergent vegetation (g/day) =kgev*Mev
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Table D.5: Parameterization of Penman-Monteith equation used to estimate
evapotranspiration (ET) from the Kearl Treatment Wetland.
Temperature, relative humidity, and wind speed was obtained from
meteorological records of the Kearl Lake weather station.

Description Symbol  Units Formula or value
- i A(Rn - G) + pacp(eS — ea)

Penman Mor?telﬁh, ET miday pre L. T
evapotranspiration Pwh @+y(1+3)

. 17.27T
Gradient of the saturated 4098 |:0.61086xp (T . 237‘3)]
vapour pressure vs A kPa/C A= T
temperature curve T = average air temperature (deg-C)

Sn=>01 - «a) |:ax + bxjﬁ\/j| |:1A::‘OGAL»d,(wA»sin¢sin6 + cos¢ cosésinw_\-)]
Net radiation Ra MJ/m2d
Ly=—0 (M) (034 — 0.14,/e5) (1.351%“ - 035)

. . . p
Density of moist air Pa kg/m3 Pa = 3450 7——=7
Saturation vapour kPa at 1727T
pressure & Tavg e(T) = 0.6108 exp [T n 237.3]

RHmax . RHmm
Ambient vapour pressure e, kPa = es(Tmax) ~00 : &(Tmin) 50
Aerodynamic resistance to ln[z’" — d]ln[L — d}
. . la d/im _ Z0m 20h
vapour and heat diffusion i 2
Bulk surface resistance rs d/im 5= LAIvae
the inverse relative o
distance between the earth d unitless dr =1+ 0033cos (ﬁj )
and the sun
sunset-hour angle Ws radians ws = cos![~tan¢ tan 8] -
solar declination 0 radians 8 =0.4093 sin (%f - 1405)
Density of water Pw kg/m3 998.2
Latent heat of vaporization A MJlkg 245
of water
Specific heat of moist air
(1.013) Cp MJ/(kg-C)  0.001
Psychrometric constant kPa/C 0.0675
: degrees  57.4

Latitude 9 radians 10016
Crop height h m 15
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Description Symbol  Units Formula or value

n is the number of bright-

sunshine hours per day

(h), N is the total number n/iN unitless  0.69

of daylight hours in the

day (h)

Height of wind - m 2

measurements

Height of air temperature (T)

and relative humidity (RH) Zh m 2

measurements

AIbedg or canopy a unittess 0.2

reflection coefficient

Ze.ro-plane displacement d m = 2h/3 =1

height

Roughness length

governing momentum Zom m =0.123*h =0.185

transfer

Roughness height

governing heat and vapour  zon m = a*zom = 0.0369

transfer

Leaf-area-index (sunlit) LAlactive unitless  3.054

Bulk_ston!atal resistance of . s/m 100

well-illuminated leaf

Fraction of extraterrestrial

radiation reaching earthon & unitless  0.25

overcast days (n =0)

Fraction of extraterrestrial

radiation reaching earthon b unitess  0.50

clear days

Solar constant Gse MJ/m2d 0.082

Stefan-Boltzmann - MJ/mz2K* 4.903x10°

constant d

Clear-sky solar radiation Rso MJIim2d  0.75

Tot.al incoming solar R, MUm2d 0595

radiation

Soil heat flux G MJimd G =04R,

Pressure p kPa 101.325

Von Karman constant k unitless  0.41

Temperature T K Variable (data obtained from historical climate
records)

Relative humidity RH % Variable (data obtained from historical climate
records)

Wind speed measured at Variable (data obtained from historical climate

X U; m/d
height z,, records)
. Variable (data obtained from historical climate
Julian day J day

records)

178




Table D.5:  Model estimated time to reach 95% of steady-state (tes; days) for
PAHSs in rooting medium (RM), water (W), submerged vegetation
(SV), and emergent vegetation (EV).

Chemical RM W S8V EV

1,2,6-Trimethylphenanthrene 265 5.8 2246 2647
1,7-Dimethylphenanthrene 165 5.6 1191 1656
1,8-Dimethylphenanthrene 165 5.6 1191 1656
1-Methylchrysene 570 5.8 4322 5712
1-Methylnaphthalene 379 55 1055 2125
1-Methylphenanthrene 103 5.6 667.6 1034
2,3,5-Trimethylnaphthalene 979 56 5020 799.9
2,3,6-Trimethylnaphthalene 978 56 4584 7717
2,4-Dimethyldibenzothiophene 202 5.6 1319 2026
2,6-Dimethylnaphthalene 61.0 55 239.7 463.0
2,6-Dimethylphenanthrene 165 5.6 1191 1656
2/3-Methyldibenzothiophenes 189 5.6 574.8 1909
2-Methylnaphthalene 378 55 104.1 209.3
2-Methylphenanthrene 103 5.6 7042 1036
3-Methylfluoranthene/Benzo[a]fluorene 317 5.7 1887 3180
3-Methylphenanthrene 103 5.6 704.2 1035
5,9-Dimethylchrysene 1016 5.9 8746 10170
5/6-Methylchrysene 570 5.8 4322 5712
7-Methylbenzo[a]pyrene 700 59 6355 7006
9/4-Methylphenanthrene 103 5.6 561 1034
Acenaphthene 788 55 133.2 6748
Anthracene 503 55 4284 5111
Benzo[b]fluoranthene 1225 5.7 5259 12325
Benzole]pyrene 1821 5.8 12662 18251
Biphenyl 129 55 165.6 749.6
Chrysene 1477 5.7 5916 14881
Fluoranthene 822 56 1769 8283
Fluorene 65 55 1885 6379
Phenanthrene 64.3 55 2744 646.1
Phenanthrene 64.3 55 2744 646.1
Pyrene 259 5.6 8202 2597
Retene 242 5.8 2262 2424
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Table D.6:  Model estimated time to reach 95% of steady-state (tos; days) for NAs
in rooting medium (RM), water (W), submerged vegetation (SV), and
emergent vegetation (EV).

Chemical RM W SV EV
C12H1802 14.5 5.3 54.38 50842
C12H2002 14.2 5.3 55.0 44866
C12H2202 15.0 5.3 56.3 21825
C12H2402 19.2 5.3 68.0 10169
C13H2002 14.4 5.3 55.0 61810
C13H2202 14.7 5.3 55.8 27811
C13H2402 176 5.3 60.1 16202
C13H2602 246 5.3 98.6 12506
C14H2002 14.2 5.3 5438 35728
C14H2202 14.6 5.3 555 44192
C14H2402 16.3 5.3 57.3 31019
C14H2602 20.7 5.3 725 12451
C14H2802 29.4 53 1935 8921
C15H1802 241 5.3 78.2 29836
C15H2002 139 5.3 54.7 20404
C15H2202 14.4 5.3 55.6 24880
C15H2402 15.7 5.3 56.7 31361
C15H2602 19.6 5.3 63.2 18146
C15H2802 23.3 53 1123 7967
C15H3002 34.6 53 4745 7041
C16H2002 13.8 5.3 55.0 21406
C16H2202 13.5 5.3 549 16688
C16H2402 28.0 53 1145 17807
C16H2602 171 5.3 59.2 16404
C16H2802 20.8 5.3 84.0 8371
C16H3002 27.7 5.3 2279 6646
C16H3202 37.3 54 1168.4 5625
C17H2202 13.5 5.3 549 17153
C17H2402 13.8 5.3 554 14436
C17H2602 171 5.3 60.2 12113
C17H2802 18.6 5.3 68.7 8378
C17H3002 23.7 5.3 1485 6172
C17H3202 30.4 5.3 560.7 5121
C17H3402 429 54 2483.7 5626
C18H2402 13.8 5.3 555 14608
C18H2602 17.8 5.3 61.6 11625
C18H2802 18.7 5.3 694 8366
C18H3002 251 5.3 166.4 6523
C18H3202 27.5 5.3 3423 5187
C18H3402 36.4 54 1363.5 5194
C18H3602 441 56 3719.2 5194
C19H2602 14.7 5.3 56.7 11803
C19H2802 226 5.3 97.5 8814
C19H3002 20.8 5.3 92.0 7111
C19H3202 24.2 53 202.7 5231
C19H3402 29.4 54 840.2 4281
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Chemical

C19H3602
C19H3802
C20H2802
C20H3002
C20H3202
C20H3402
C20H3602
C20H3802
C21H3002
C21H3202
C21H3402
C21H3602
C21H3802
C21H4002

RM W SV

35.5
39.6
17.5
18.7
23.1
34.5
28.2
34.7
18.1
20.2
224
35.9
27.0
32.4

5.5
5.7
5.3
5.3
5.3
5.3
54
5.6
5.3
5.3
5.3
54
5.5
5.7

2426.6
3890.5
61.3
77.8
139.7
512.5
1607.0
3134.8
70.5
112.7
295.1
1230.3
2264.3
3232.3

EV
4329
4328
10955
6453
6088
6736
3463
3896
6945
5168
3778
5219
3030
3463
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Table D.7:  Mean (u*) and standard deviation (o) of the elementary effects of

model parameters on treatment efficiency.

Parameter

Water inflow (L/day)

Surface area of wetland cell (m"2)

log Kow or log D (unitless)

Number of emergent plants per m"2 (1/m*2)

Water temperature (avg. - degC)

Transformation half-life time in submerged vegetation (day)
Weight of submerged part of one plant (kg/plant)
Vegetation organic carbon to octanol equivalency factor
Solids settling velocity (m/day)

Temperature correction factor, 8 (unitless)

Concentration of particles in water (kg/L)

Water-side submerged vegetation-water mass transfer coeff. (m/day)
Density of vegetation (kg/L)

Concentration of DOC in water (kg/L)

Surface area of catchment area (m”2)

Average water depth (m)

Average annual precipitation (mm)

Rooting medium surface area (m*2)

Surface area-volume ratio for submerged vegetation (m*2/m*3)
Growth submerged vegetation (1/day)

Water-to-sediment diffusion mass transfer coefficient (m/day)
Qs

Solids organic carbon to octanol equivalency factor
Density of rooting medium solids (kg/L)

Transformation half life in sediment (day)

Total annual average potential evapotranspiration (mm)
Organic carbon content of vegetation (unitless)

Water content of vegetation (g/g)

Concentration of solids in rooting medium (kg/L)
DOC-octanol proportionality constant (unitless)

Plant-side submerged vegetation-water mass transfer coeff. (m/day)
Weight of rhizomes of one plant (kg/plant)

Organic carbon content of suspended solids (unitless)
Depth of rooting medium (m)

Organic carbon content of rooting medium solids (unitless)
Henry's Law Constant (Pa.m3/mol)

Air-side evaporation mass transfer coefficient (m/day)
Vegetation cover (%)

Water-side evaporation mass transfer coefficient (m/day)
Sediment burial rate (m/day)

Transformation half life time in water (day)

Initial concentration of chemical in water (g/L)

o
29.77%
24.64%
24.26%
21.33%
18.76%
18.51%
17.39%
16.09%
16.06%
12.45%
12.23%
12.12%
11.70%
10.29%
9.53%
9.47%
6.52%
5.56%
5.41%
5.39%
4.75%
3.96%
3.711%
3.63%
3.44%
3.38%
3.33%
3.14%
2.53%
2.23%
2.23%
1.92%
1.31%
0.24%
0.18%
0.02%
0.02%
0.01%
0.00%
0.00%
0.00%
0.00%

o
34.03%
21.12%
34.73%
34.33%
29.27%
40.24%
39.10%
35.89%
39.15%
21.05%
29.13%
32.06%
18.83%
23.78%
11.90%
17.93%
11.52%
14.33%
12.82%
12.11%
9.80%
10.27%
8.14%
7.91%
6.80%
9.15%
6.16%
8.15%
7.97%
4.62%
6.24%
5.10%
2.99%
0.46%
0.57%
0.04%
0.04%
0.02%
0.00%
0.00%
0.00%
0.00%
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Parameter

Air-side transpiration mass transfer coefficient (m/day)

Density of organic carbon (kg/L)
Density of pure contaminant (kg/L)
Density of suspended solids (kg/L)
Growth emergent vegetation (1/day)
Molecular weight (g/mol)

pH of water

Plant-side transpiration mass transfer coefficient (m/day)
Surface area-volume ratio for emergent vegetation (m"2/m*3)

T-X]

Transformation half-life time in emergent vegetation (day)

Water solubility of contaminant (g/L)
Weight of emerged part of one plant (kg/plant)

§ o

0.00% 0.00%
0.00% 0.00%
0.00% 0.00%
0.00% 0.00%
0.00% 0.00%
0.00% 0.00%
0.00% 0.00%
0.00% 0.00%
0.00% 0.00%
0.00% 0.00%
0.00% 0.00%
0.00% 0.00%
0.00% 0.00%

Table D.8:

Mean model bias and 95% confidence intervals for uncalibrated and

calibrated treatment wetland model concentration estimates for

contaminants in water.

Data grouping

MB (95% Cl)

MB (95% Cl)

Total (all concentration estimates, PAHs + NAs)

Uncalibrated
0.889 (0.184 — 4.298)

Calibrated
1.030 (0.233 — 4.559

Total steady-state (PAHs, Deployments 1 and 2)

0.981 (0.198 — 4.858

Total time-dependent (PAHs and NAs)

1.069 (0.166 - 6.867)
0.884 (0.185-4.231)

1.031 (0.234 — 4.551

PES time-dependent (PAHSs only)

0.268 (0.037 — 1.958

1.044 (0.281 - 3.876

POCIS time-dependent (NAs only)

0.510(0.201 - 1.289

Caq Time-dependent (PAHs only)

1.075 (0.155 - 7.467

Caq Time-dependent (NAs only)

1.006 (0.435 - 2.325

All PAH concentration estimates

1.018 (0.137 - 7.544

1.071 (0.161 - 7.110

All NA concentration estimates

( )
( )
( )
0.879 (0.354 - 2.181)
( )
( )

0.788 (0.276 — 2.250

)
( )
( )
( )
0.954 (0.616 - 1.478)
1.079 (0.156 - 7.463)
( )
( )
( )

0.995 (0.440 — 2.249
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Fig. D.1: Measured and model estimated total concentrations of PAHs (left)

and NAs (right) in OSPW over time in the Kearl Treatment Wetland.

Figure D.1 illustrates the model-estimated and measured total concentration of
PAHSs (n = 46) and NAs (n = 53) over time in the wetland. The change in chemical
concentrations appears to follow first-order kinetics. The removal of PAHs from OSPW in
2019 shows a lag-effect for chemical degradation resulting from an early start to the
2019 field work (May) compared to 2018 (August). The later start to the 2019 field study
allowed for maturation of the microbial community which swiftly began degrading OSPW
contaminants. In 2019, this microbial community was not fully established and therefore
degradation was delayed, resulting in little change in total PAH concentration from days
0 to 4. The total concentration of NAs, we do not see this same lag-effect in 2019 data,
but we do observe a slower initial reduction in total NA concentrations compared to
2018. If we compare the linear slope of concentration over time from days 0 to 5, slower
chemical removal is observed in 2019 (-1.15 mg/L/day) than 2018 (-2.08 mg/L/day).
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